Effects of phosphate onthe mobility of arsenic

In contaminated areas

Mgr. Petra Stubbe

A dissertation submitted for the degree of Doctor of Philosophy

Supervised bydoc. Mgr. Petr Drahota, Ph.D.

Institute of Geochemistry, Mineralogy and Mineral Resources, Faculty of

Science, Charles University

Prague, 2024






Declaration

| declare that | am the author of this doctoral dissertation and that all the
literary sources used were properly cited. Neither this thesis, nor its

substantial part has been submitted to obtain another or the same academic

degree.
Prohlaguji, ¢ge jsem z8vDrelnou pr8ci zpra
vgechny pougit® informaln2 zdroje a |liter

| §st nebyla pSedlogena k z2sk&n2 jin®ho n

Prague,7. 3. 2024 eepeeééeecce

Petra Stubbe






Acknowledgments

First and foremost, | would like to express my sincerest gratitude to my
supervisor, Petr Drahota, for his patience, understanding, and unending
optimism. For that, he always freed up time for consultations and never
hesitated to suggestcorrections or additional work needed that, in return , led
to a significantly higher quality of created manuscripts. | greatly respect him

and know | was fortunate to have someone like him as my mentor.

Secondly, | thank Christian Mikutta for providing highly valuable feedback

and suggestions. Further, | would like to thank numerous colleagues for

laboratory and instrumental support and their advice on issueswith sample

preparation and measurement: VDra Von8skov§g, Lenka J
Fayadova, Ladislav Strnad, Jan Rohovec, G§ r KM t o u ¢ kGdaus§
HR¢scher, Adam Curenlabatulkéva, Kiap etlSo gpeak NDme | k o\
Martin Racek, Marta Tomkova, Simona Horychova. | am also grateful to my

colleagues and friends for creating apleasant work environment that made

the years of my PhD fun and enjoyable. Special thanks to Joseph for his

friendship and Alda for her companionship, interesting discussions, and all

the laughs we have had in the last few years.

I am incredibly grateful to have the support of my family , especially my sister
Lucie. To Peer, for his unwavering love and support throughout my doctoral

study, | cannot thank you enough.

This study was financially supported by the Grant Agency of Charles

University (GAUK no. 790120), the Center for Geosphere Dynamics



(UNCE/SCI/006), andt he Czech Science Foundation (C
The research fellowship at the Leibniz University Hannover was funded by

the German Federal Environmental Foundation (DBU).



Summary

Arsenic and phosphorus are chemical analogues, and it is proposed that they
have similar chemical behaviors in environmental systems. To gain a better
understanding of the geochemical processes that control the mobility
and stability of arsenic and its phases exposed to low phosphate levels,
avariety of environmental matrices was studied using different experimental
approaches. Among the samples studied were contaminated agricultural soils,
mine waste materials, streambed sediments and river waters from
acontaminated fluvial system, and synthetic arsenate phases. A number of
common methods and techniques used for geochemical and mineralogical
investigations were chosen, such as XRD, Raman spectroscopy, ATHTIR,

ICP-OES or EPMA.

The results obtained during my doctoral studies are presented in the form
of three manuscripts. The first study explores the long-term impact
of continuous input of relatively low phosphate discharged from a small -
capacity wastewater treatment plant on arsenic mobility within a small fluvial

system located ina natural arsenic anomaly. Here, we document a significant
decrease in total arsenic concentrations and sequestration of phosphorus
in sediments downstream of a treatment plant. This part of the research
highlights the past and ongoing mobilization of arsenic from

Fe (oxyhydr)oxides due to competition with phosphate and demonstrates
aproblematic consequence of effluent discharges into fluvial systems that

are contaminated by arsenic.



Further, the distribution, speciation, and mobility of arsenic and antimony are
examined within historical mining wastes and agricultural soils in two ore
districts. Here, the lowest phosphate concentration capable of increasing
arsenic mobilization from a gricultural soils by 33 to 50 % is 0.1 mM. This
finding suggests that common fertilization practices could inadvertently
enhance arsenic mobility in agricultural soils and lead to its release into fluvial

and groundwater systems.

The final aspect of the research focuses on the stability of ferric arsenate
mineral(oid)s, such as amorphous ferric arsenate and nano-crystalline
yukonite, in the presence of dissolved phosphate. The findings indicate that
the phosphate concentrations commonly used in chemical extractions and
remediation procedures trigger substantial arsenic release from the arsenate
phases due to incongruent dissolution or phosphate substitution. This
challenges the application of phosphate inthe remediation of waste maerials
and through common fertilization practices to contaminated soils rich in
arsenate mineral(oid)s. Furthermore, we propose omitting phosphate
extraction steps when applying sequential extraction procedures to materials

rich in arsenate mineral(oid)s.



Abstrakt

Arsen a fosfor jsou po chemické strance velmi podobné prvky, a proto

sepSedpok!| §d§8, ¢ge vykazuj?2 podobn® chemick
givotn2ho fétoo éci Sse dzabyvamVchovanim arzenu geho
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DruhT manuskript se vRnuje dishadavdmuci a v
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Preface

The presented dissertation is composed of five chapters accompanied
by an appendix providing supporting information to Chapter 4. Supporting
information to the following chapters (2 and 3) is available online
at the respective publishers. Chapter1l presents a brief overview of current
knowledge on the occurrence of arsenic (As) and phosphorus (P)
in the environment, the interactions of phosphate and As in the soil and fluvial
environments, and potential environmental concerns emerging from these
interactions. At the end of this chapter are stated (i) research questions
and hypotheses emerging from the knowledge gaps and (ii) a brief overview
of methods used for testing these hypotheses.Subsequent chapters (2, 3,
and 4) contain a summary of the main findings as well as individual
manuscripts focused on each research problem. Chapter 2 discusses the long
term interaction of phosphate -rich effluent with a fluvial system naturally
enrich in As. This manuscript was published in the journal Environmental
Pollution (Venhauerova et al., 2022). Chapter 3 examines the phosphate-
induced mobility of As and antimony (Sb) in agricultural soils.
This manuscript was published in the journal Applied Geochemistry (Drahota
et al., 2023). Chapter 4 discusses the effect of aqueous phosphate
on the stability of arsenate phases. This manuscript has been submitted
to the Journal of Hazardous Materials and is currently under review. Chapter
5 presents themain conclusions and outlines potential areas of focus

for future research.
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Chapter 1

Introduction

Arsenic (As) is a globally recognizedenvironmental pollutant, notorious for its
harmful impacts on human health. Apart from acute poisoning, long-lasting
exposure to even low doses of Asthrough drinking water and food can lead
to chronic toxicity , contributing to severe health problems such as skin
or bladder cancer, as well ascardiovascular disease(e.g., National Research
Council, 1999). In relation to these dangers,the World Health Organization
(WHO) has established alimit of h y g/l for As in drinking water (WHO,
1993). Arsenic consistently ranks at the forefront of the Substance Priority
List, surpassing substancessuch aslead or mercury (ATSDR, 2022). This list,
periodically released by the Agency for Toxic Substances and Disease Registry
(ATSDR), identifies substances with the potential to pose the most substantial
risks to human health. In recent history, As was responsible for what the WHO
hastermedét he | argest mass poi s o (Smithgtalg f
2000). Millions of people, particularly in regions like Bangladesh, India (West
Bengal), Vietnam or Cambodia, have beenexposed to digestion of As through
presumably harmless well waters (Nickson et al., 1998; Chowdhury et al.,
1999; Rahman et al., 2001; Smedley and Kinniburgh, 2002; Berg et al., 2007;
Postma et al., 2007). Recent studies indicate that the global scale
of As exposure remains alarming, with predictions estimating that between
94 and 230 million people are still potentially exposed to elevated

Aslevelsin groundwater (Podgorski and Berg, 2020; Shaji et al., 2021).

14
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Asiais the most affected, with more than 180 million people facing potential

risks (Shaji et al., 2021).

Throughout history, As has taken a wide range of roles and applications,
ranging from its use in beauty products, dyes, wood preservatives, and
herbicides to electronics and medicine (ATSDR, 2007; Cullen, 2008; National
Minerals Information Center, 2024) . Even in the contemporary medical
context, arsenic trioxide, the most toxic form of As, plays a crucial role
in the effective treatment of acute promyelocytic leukemia (Norsworthy et al.,
2020). Despite the prevalent perception that inorganic As poses the highest
toxicity risk, organic forms of As, such as Ascontaining hydrocarbons present
in seafood, have demonstrated the potential for late-stage developmental
toxicity within concentration ranges comparable to those of inorganic arsenite

[As(ll) ] species(Meyer et al., 2014).

Arsenic exhibits varying concentrations acrossE a r t h 6.9 ebbutt (1333)
reported an average crustal abundance of 2 mg/kg. Compared toigneous
rocks, averageAs levels increase in metamorphic ~5 mg/kg and sedimentary
rocks 5i 10 mg/kg (Smedley and Kinniburgh, 2002 and references therein).
Arsenic accumulation is crucially influenced by geological factors and occurs
particularly in areas associated with (i) geothermal activity, (i) sedimentary
basins connected to extensive mountain complexes, and (iii) oxidation
of sulfide mineralization in the bedrock . Whether historically explored for
mining purposes or not, such backgrounds can lead to elevated arsenic
concentration in different environments . As a result, in shales, iron (Fe)

formations and Fe-rich sediments, and soils near sulfide deposits can

15



As concentration reach hundreds to tens of thousands of mg/kg (e.g., Boyle
and Jonasson, 1973; Garelick et al., 2008; Smedley and Kinniburgh, 2002;

Ure and Berrow, 1982).

Beyond geogenic origins, anthropogenic activities, including historical

and contemporary practices such as mining, smelting, and the use of arsenical
pesticides, herbicides, and wood preservatives,have contributed significantly

to the increase in As concentrations in soils. Before the post-World War 1

introduction of dichlorodiphenyltrichloroethane ( DDT) for pest control, lead
and calcium arsenates werewidely used, with an annual production exceeding
70,000 tons (Shepard, 1953). In contrast to DDT, arsenicals were often used
at high strength or undiluted (Shepard, 1953), resulting in substantial
accumulations of As and, in some caseslead (Pb) in soils. For example, soils
in former apple orchards in USA displayed upto 400 mg/kg of As and
up to 1800 mg/kg of Pb (Boyle and Jonasson, 1973; Veneman et al., 1983;
Davenport and Peryea, 1991). Another noteworthy instance is the cattle tick
control in New South Wales, Australia. This arsenical treatment has left more
than 1600 contaminated sites, with As concentrations in surrounding topsoils
reaching 14001 3500 mg/kg (McLaren et al., 1998; Niazi et al., 2011),
significantly exceeding As levels in uncontaminated soils (0.1 55 mg/kg;

Boyle and Jonasson, 1973) However, it is estimated that mining,

beneficiation, and smelting activities contribute to roughly 70% of total

anthropogenic contributions of As to soils (Matschullat, 2000) .

One of the highest risks for human health poses the release and subsequent

mobilization of As from the solid phase into freshwaters, particularly

16



groundwaters, i.e., contamination of sources of drinking water. Several
mechanisms are potentially responsible for this mobilization : (i) combination
of reductive dissolution of As-rich Fe (oxyhydr)oxides caused by microbial
reduction of ferric iron [Fe(lll)] to ferrous iron [Fe(ll)] and microbial

reduction of arsenate [As(V)] to As(lll) under anoxic conditions (Nickson et
al., 2000; Islam et al., 2004), (ii) the weathering of sulfide minerals under oxic
conditions (Chowdhury et al., 1999) or (iii) the presence of other ions
competing for As sorption sites (Goldberg, 1986; Manning and Goldberg,
1996b; Appelo et al., 2002). Among the most efficient anions competing for
sorption sites with As is phosphate, highly exceedng the competitive effect of
other anions such assulfate, chloride, silica or carbonate (Su and Puls, 2001;

Appelo et al., 2002; Stollenwerk, 2003; Goh and Lim, 2005).

Phosphate andarsenateshare many characteristics and similar behavior, such
as the tendency to a pentavalent oxidation state under oxic conditions,
preferred tetrahedral coordination with oxygen, similar speciation in agueous
solutions or dissociation constants (Hingston et al., 1971; Anderson and
Malotky, 1979; Goldberg, 1986; Manning and Goldberg, 1996b; Bolanz et al.,
2016). The similarity between phosphate [P(V)] and As(V) has been well
known for a long time. It had already been studied by a Russian chemist and
famous composer, Alexander Porfiryevich Borodin, who addressed this
phenomenon in his dissertation (18' ¥ ) : 6 On t he analogy betw

and phosphoric acid in chemical and toxic

Despite the fact that the interactions between P(V) and As(V) have been

studied for a long time, several aspects and consequences of these processes

17



in the environment remain unknown. This dissertation aims to fill these gaps
and contribute to a better understanding of As mobility in environments

affected by phosphate.

1.1 Arsenic in soils and fluvial systems

Arsenic is most commonly found in the three valent states, as As(V) and
As(lll) for most Eh conditions (Figure 1), and as arsenide [As(-1l) ] only
in very reducing environments (e.g., Stollenwerk, 2003). Arsenic
concentrations in freshwater systems are typically low and between 0.1 and
0.8 1 g/L, while they can occasionally reach 21 g/L in uncontaminated areas
(Smedley and Kinniburgh, 2002). Similarly, As levels in groundwaters
generally remain low and are mostly below 107 g/L (Smedley and Kinniburgh,
2013); however, the range reported from unpolluted groundwaters
is significantly broader (0.017 8001 g/L ; Boyle and Jonasson, 1973) Arsenic
levelsin uncontaminated soils and river sediments are usually quite low with
an average of 7.2 mg/kg in soils and 5 mg/kg in sediments (Boyle and
Jonasson, 1973; Martin and Whitfield, 1983) . Arsenic is in these
environments usually bound to its common soil and sediment sorbents, such
as Fe, Al, Mn (oxyhydr)oxides and clay minerals (Manning and Goldberg,
1996b, 1997). Generally, solid-phase speciation of As in soils and sediments
can be categorized into several forms: non-specifically sorbed (i.e., outer-
sphere complexes), specifically sorbed (i.e.,inner-sphere complexes,
chemisorption), coprecipitated with metal (oxyhydr)oxides or creating its own

mineraloids and minerals (Majzlan et al., 2014). The inner-sphere sorbed As

18



is usually coordinated into monodentate or bidentate complexes with Fe or Al
(oxyhydr)oxides (Figure 1.1). In soils, freshly added As tends to be readily
exchangeable since the predominant retention mechanism is mineral-surface
complexation, while environmentally aged As had been mostly transformed

into phases with higher crystallinity (Rahman et al., 2017).

OH
~+-0---M—O—As—OH
OH
Monodentate mononuclear
o <o>AS gOH ---o---l\n—o:AS gOH
o Yo ~-0--M—0" O
Bidentate mononuclear Bidentate binuclear

Figure 1.1. Schematic configuration of inner -sphere surface complexesof As(V)
(M = Fe, Al; adjusted according to Wang and Mulligan, 2008) . As(V) is possible
to exchange with P(V).

In highly contaminated areas or where the concentration of As is high enough
that the sorption sites of its common sorbents are occupied, As formsa variety
of minerals, leading to the third highest mineralogical diversity compared

toits crustal abundance (Christy, 2015). Currently, more than 700
As minerals are known (IMA, 2023), of which almost 70 % account for
arsenates and asenites (Figure 1.2). Typical is a formation of secondary
minerals out of which some are characterized by poor crystallinity and
generally tend to transform to more crystalline phases with higher stability

and lower solubility over time (Drahota and Filippi, 2009) . Arseniosiderite

[CazFes(OH) 6(AsOa4)4-3H20], yukonite [CazFe3(AsO4)3(OH)4-4H20] that
19



tends to transform to arseniosiderite over time, and minerals of the
pharmacosiderite supergroup (AxBs(OH)4(AsO4)3-yH20) (A=K, Na, Ba; x =
0.1-1; B =Fe, Al; y = 4-7) are among the mostabundant secondary As phases
in naturally contaminated soils formed under circumneutral conditions
(Morin et al., 2002; Filippi et al., 2007; Canceés et al., 2008; Bossy et al., 2010;
Drahota et al., 2018). Under acidic conditions, among the most frequent As
phasesis amorphous ferric arsenate (AFA; FeAsOs-nH20), a poorly crystalline
phase which over time transforms to scorodite (FeAsOs-2H20), a second
common phase of soils contaminated by mine wastes (Ashley and

Lottermoser, 1999; Camm et al., 2004; Impellitteri, 2005) .

phosphates

phosphides
sulfides with A53+O
o] s
arsenides arsenites
arsenates
sulfides with Sb3+ .
O antimonates
[o]

L0 °
antimonides oxominerals with Sb3+

[
L

increasing oxidation state

Figure 1.2. Relative proportions of minerals of As, P, and Sb(Majzlan et al.,

2014).
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1.2 Phosphorus in soils and fluvial systems

Phosphorus ranks as the 10t most prevalent e | e me n t in the

(Nriagu, 1984). It creates a wide range of phosphate minerals(Figure 1.2),
especially with Fe(ll) and Fe(lll), aluminum (Al), and calcium (Ca), and

phosphates are common accessory minerals present irdifferent types of rock
formations (Nriagu, 1984). However, the dominant reservoir of crustal
phosphorus is feldspar, which accounts for 507 90 % of the estimated crustal
abundance (Manning, 2008). In soils and streambed sediments
at circumneutral and higher pH, P(V) precipitates most commonly with Ca
in awide range of Ca phosphateswith varying solubilities , such asamorphous
calcium phosphate, octacalcium phosphate [CasH(POs)3-2.5H.0] or
hydroxyapatite [Cas(POs)30OH] (Abbona et al., 1986; Hesterberg, 2010).
Under high phosphate loadings and low pH, the formation of Al and Fe
phosphates such as variscite AIPO.-2H20) and strengite (FePQi-2H:0) can be
the dominant sequestration mechanism of P(V) (Gustafsson et al., 2012)
Similarly to As, P(V) has a high affinity for sorption on Al or Fe

(oxyhydr)oxides, where it creates both bidentate and monodentate inner-
sphere surface complexes Figure 1.1; Arai and Sparks, 2001; Tejedor-Tejedor
and Anderson, 1990). At low surface loadings, the predominant sorption
mechanism is the formation of bidentate binuclear surface complexes, while
with increasing loadings of P(V), the sorption mechanism tends to shift
toward bidentate mononuclear and eventually to monodentate surface

complexes (Abdala et al., 2015). Clay minerals are another important group
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of sorbents that sequester a large fraction of P(V) in soils and sediments

(Gérard, 2016).

Phosphorus is a vital biogenic element essential forthe growth of plants and
biota and the production of building blocks of our DNA . However, when
present in excessive amounts, P(V) can lead to eutrophication causing
disturbances in ecosystems, particularly in freshwater bodies (e.g., Khan and
Ansari, 2005). Under the pH conditions relevant to most soils and freshwater
systems, phosphate dissociates and ispresent as orthophosphate ions: H:POs

and HPO4Z (Figure 1.3; Lindsay, 1979).
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Figure 1.3. The effect of pH on the speciation of phosphatein solution (Lindsay,

1979).

The enhanced mobility of P in the environment, nearly three times higher than
its natural cycle at the beginning of this century, is primarily attributed
to extensive fertilization with inorganic P (V) (Smil, 2000; Figure 1.2).

Persistent and prolonged use of inorganic P(V) fertilizers results
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in the accumulation of P in soils (507 3000 mg/kg; Sims and Pierzynski,
2005). It is generally assumed that only about 10/ 25 % are effectively taken
up by plants (Johnston et al.,, 2014; Roberts and Johnston, 2015).
Consequently, P(V) levels in soil solutions are generally between < 0.01 mg/L
in highly infertile soils and 1 mg/L in well -fertilized soils, while they can rise
to 778 mg/L in recently treated soils (Sims and Pierzynski, 2005).
The remaining P (V) is either sorbed to mineral sorbents or precipitated with

Al, Fe, and Ca shortly after application (Gyaneshwar et al., 2002; Gustafsson

et al., 2012).
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Figure 1.4. Phosphorus cycle in the soil (Pierzynski et al., 2005).

The most significant contributors to P (V) input into fluvial systems are
(i) effluent discharges from treatment facilities or untreated wastewaters

connected to urban and industrial areas (point sources) and (ii) runoff from
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agriculturally used lands such as pastures and crop fields (diffuse source)
(Smil, 2000; Filippelli, 2008) . Total P levelsdownstream of treatment facilities
can reach up to 13 mg/L (Neal et al., 2005), while runoff from field s can
contain up to 7 mg/L of P species(Withers and Jarvie, 2008) . This results
in substantial enrichment of fluvial systems in P(V), where large lowland
rivers display median total P concentrations exceedng 1 mg/L and rarely drop
below 0.3 mg/L (Mainstone and Parr, 2002), which additionally leads
to P uptake by streambed sediments (Taylor and Kunishi, 1971; Ekka et al.,
2006).

1.3 Interaction of As(V) and P(V) in soils and

fluvial systems

Arsenic, a metalloid positioned directly beneath P on the periodic table with
larger atomic radius, identical number of valence electrons, and an
electronegativity value that is almost the same. The similarity between the
elements is reflected in the various species that they form, notably As(V) and
P(V). Phosphate and As(V) share many similar characteristics:
thermochemical radii that differ by only 4 % and dissociated species under
similar pH and Eh conditions ( Figure 1.5; Lu and Zhu, 2011; Pasek, 2008;
Westheimer, 1987). Given these similarities, As(V) and P(V) often interact
in many ways in natural environments, as most life forms cannot easily
differentiate between them. Arsenate can limit P(V) supply and disrupt

metabolic pathways by replacing P(V) ontransport proteins and during
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phosphorylation reactions, which are crucial for the formation of ATP, the so-

calleddntrac e | | ul ar (Finnegam amchChen$2012).

Eh (V)
Eh (V)

Figure 1.5. Eh-pH diagram for As-O-H and P-O-H systems with marked area in
grey for solid phase. Conditions: 25 °C, 1 bar, and [As] = 106 M (Lu and Zhu,
2011) or [P] = 10-5 M (Pasek, 2008).

Although both P(V) and As(V) can be bound to many constituents, the main
mechanism controlling dissolved phosphate and arsenate levels in soil and
fluvial systems is sorption (adsorption/desorption) on the most reactive and
common soil and sediment sorbents such as metal (oxyhydr)oxidesand clay
minerals (Wang and Mulligan, 2008; Gérard, 2016). Organic matter
is another important substrate that can lead to the retention or mobilization
of As or P. Stabilization of metal (oxyhydr)oxides, metal colloids and other
mineral sorbents by organic matter decreases their sorption capacity toward
Asand P, resulting in potentially higher mobilit y of As and P; whereas in some
cases organic matter, especially when rich in iron, was shown to easily
complex with As and decrease its mobility (Campbell and Nordstrom, 2014;
Wang et al., 2007 and references therein). Numerous studies indicate that

P(V) compared to As(V) has a higher affinity for clay minerals and Al
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(oxyhydr)oxides, whereas As(V) in contrast sorbs easier

on Fe (oxyhydr)oxides (Hingston et al., 1971; Manning and Goldberg, 1996a,
b; Jain and Loeppert, 2000; Gao and Mucci, 2001; Wang and Mulligan, 2008;

Gérard, 2016). Therefore, when A(V) and P(V) interact with mixture of Fe

and Al (oxyhydr)oxides, P(V) mobilizes As(V) easier from the sorption sites
on Al (oxyhydr)oxides (Tiberg et al., 2020) . Both anions adsorb more strongly
to metal (oxyhydr)oxides with decreasing pH ( Figure 1.6); however, sorption
remains strong across a wide pH range (Jain and Loeppert, 2000) . The
considerable decrease inthe sorption of P(V) and As(V) at higher pH values is
attributed to the increased negative surface potential of the sorbents and
higher levels of OH- that can compete with both oxyanions for sorption sites

(Loeppert et al., 2002).
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Figure 1.6. Effect of dissolved phosphate on As(V) adsorption by ferrihydrite
under variable pH conditions and As(V)/ P(V) ratios (adjusted from Jain and

Loeppert, 2000).
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The extent in which phosphate affects the mobility of As(V) heavily depends
on the speciation of As and the levels ofP(V) present. For example, more than
45 % of Aswas mobilized in 180 minutes from a contaminated soil when
exposed to P(V) levels as low as 5 mM (475 mg/L) (Goh and Lim, 2005).
However, even considerably lower phosphate concentrations, approximately
0.03 mM (equivalent to ~2.7 mg/L), have the capacity to mobilize As levels
(> 157 g/ L) extehdasdfety limits already within 18 hours of interaction
with naturally contaminated soil ( Mi hal j evi | .eSimilaryy| . oy
the release of As by phosphate from contaminated streambed sediments was
also documented (Rubinos et al., 2010). This study revealed that
approximately 6 % (~15 mg/kg) of total As was released by the introduction
of 10 mM phosphate (960 mg/L) and showed that 1 mM phosphate had
already an effect on As release after one weekPhosphate appears to have
a more profound effect on the mobilization of As(V) from highly contaminated
material s, where As-sorption sites are already highly saturated, compared
to those in uncontaminated soils, where As-sorption sites have only recently
been occupied(Rahman et al., 2019). This is particularly relevant considering
that approximately 5% of agricultural soils in Europe exceed the action levels

for As as defined by various regulatory organizations (Tarvainen et al., 2013).

The structures of phosphate mineral(oid) s are well known for accommodating
arsenate and vice versa.Partial or complete substitution of phosphate for
arsenate was documented in several calcium phosphates, such as amorphous
Ca phosphate, hydroxyapatite, and brushite (CaHPQi-2H20) (Mahapatra et

al., 1989; Lee et al., 2009; Yan et al., 2023) and iron phosphates, such as
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vivianite [Fes3(POa4)2-8H20] and phosphosiderite (FePOs-2H,0) (Bolanz et al.,
2016; Perez et al., 2023) The uniform incorporation of As(V) in the phosphate
phases provides a potential stable sink for As in many environments. On the
other site, this phenomenon historically led to soil contamination by As due to
the use of phosphate fertilizers with high As levels (up to 1575 mg/kg of As;
Hartley et al., 2013). However, the substitution of arsenate for phosphate in
arsenate minerals was not studiedin detail . Drahota et al. (2014) showed that
12 % and 18 % of total As were extracted from AFA using 0.01 M and 0.05 M
phosphate solution after 24 hours, respectively. A brief review of literature
indicates that amorphous or nano-crystalline phases seem toincorporate
higher levels of P,Os compared to their counterparts with higher crystallinity.
For example, AFA from three historical mine waste dumps in the Czech
Republic contains on average 1.5wt. % P.Os (up to 5.85 wt. %), while
crystalline scorodite always contains below 1.0 wt. % P,Os with average
0.2 wt. % P,Os (Filippi et al., 2015; Drahota et al., 2016; Jelenova et al., 2018,
2021). Yukonite acts gmilarly . This nano-crystalline and Ca-deficient form
of arseniosiderite contains on average 0.85wt. % P,Os, while P levels inwell-
crystalline arseniosiderite are significantly lower (0.11 wt. % P.Os) (Filippi et
al., 2007; Drahota et al, 2018). Given that these and other
arsenatemineral(oid)s are repeatedly documented in contaminated
agricultural areas(Majzlan et al., 2014 and references therein), interaction of
these phases with phosphate carpotentially increase bioavailability of As and

can have other environmental implications for surrounding ecosystems.
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Definition of hypotheses & research aims

Although the interaction between phosphate and arsenate has been
extensively investigated, the long-term competition of the anions has been
studied only scarcely, and the longterm effects of low phosphate levels
on As mobility remain unclear. Investigating interactions over the span
of years or decades is a timeintensive process that surpasses theconstraints
of a typical scientific study, including a doctoral study. To address this, natural
environments with long -term exposure to elevated phosphate levels, either
by fertilization or effluent discharge, were selected. Another unresolved
problem is the stability of amorphous to poorly crystalline arsenate phases
in the presence of elevated aqueous phosphate. On the basis of the literature
review, | hypothesized that the reactive arsenate minerals and mineraloids
are vulnerable to alterations by aqueous phosphate and phosphateinduced
Asrelease from these phases represents a previously overlooked
environmental problem. Consequently, the aims of the specific thesis were

as follows:

I. To evaluatethe long-term impact of phosphate from treated effluent

on As mobility and speciation within a small fluvial system;

II. To evaluate the mobility of As and Sb in agricultural soils after the

application of varying levels of phosphate;

lll. To assess the stability of amorphous ferric arsenate and yukonite

at different levels of agueous phosphate.
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These individual objectives have been solved inthe following three chapters
(21 4), where they are presented as manuscripts that have been already

published (aims | and Il) or submitted for publication (aim Il1).
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Methodolog vy

This section presents a brief overview of the methods used for sample
characterizations and designs of the experiments used to answethe research
guestions stated in the previous section. More details can befound in the

Materials and methods sections (2.2, 3.2, and 4.2) of Chapters 2, 3, and 4.

The dudied samples included streambed sediments and stream water
(Chapter 2), mining wastes and agricultural soils (Chapters 3 and 4), and
synthetically prepared arsenate phases (Chapter 4). The collected samples
originate from four localities in the Czech Republic(Figure 1.7), associated
with historical exploitation of ore deposits or natural weathering

of mineralized bedrock.

As (mg/kg)
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A
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Giftkies s

Pri¢ovy-Krasna Hora-MileSov
"o

Smolotely

Figure 1.7. Map of the Czech Republic with marked localities studied in this

thesis. Arsenic concentrations in soils originate from data of Panagos et al. (2012)
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1. Agricultural soil and streambed sediments from Smolotely (Figure
1.8; studied in Chapters 2 and 4) i a former gold ore district
Smolotely-L 2 ¢ nekpormed for gold (Au) at the beginning of the 20t
century (Moravek et al., 1992). The sampling locations are not
affected by mining activities and are associated with a relatively large

natural geochemical anomaly of As (~3 km?2) containing > 200 mg/kg

of As (Seidl, 1991, Drahota et al., 2018),

Figure 1.8. Sampling locations in Smolotely: (a) an effluent dischargefrom a small
capacity wastewater treatment plant into the Vi ni Istredm and(b) an

agricultural soil with high yukonite content.
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2. agricultural soils and mine wastes from P S 2 |, Kréspa Hora, and
Mi | e (Griguve 1.9; studied in Chapter 3) i Au-Sb ore district with
brief exploitation spans in the 19" and 20" century with the most

recent mining period between 1986 and 1992( NNDmec and Zachar

2018),

Figure 1.9. One of thesampling sitesint h e P @AdKmdsngHora-Mi | egov or e

districtstagr i cul t ur al soil from PS2]|ovy.

3. mining waste dump in the historical Giftkies As mine near Jachymov
(Figure 1.10; studied in Chapter 4) T the exploitation of As
mineralization took place between 1618 and 1771 and the ore was
processed to obtain As trioxide as the main product. The As levels
in the mine waste dump can reach up to 9 wt.% and are mainly bound

to secondary Fe(lll) arsenates (Filippi et al., 2015) .
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Figure 1.10. Giftkies mining waste dump with detail of the sampling profile.

All field solid samples were collected compositelyor obtained from profiles ,
dried in a ventilated oven at 40 °C, sieved to pass through &2 mm mesh, and
an aliquot was milled to analytical fineness using a planetary ball mill (Retsch
PM 400, Germany). In the case of collected stream water samples, the
temperature, Eh, pH, and electrical conductivity were measuredin situ using
freshly calibrated electrodes. The water samples were filtered through
a0.2T m nyfilternand stabilized for cation and arsenic speciation
measurements usi ng sandOy MNa-EDTA, réespetiivatyN O
Natural samples were digested by microwave (Multiwave 500, Anton Paar,
Germany) and mineral acids (HNO3, HF, HCIOJ); synthetic arsenate phases
were digested in concentrated HCI. For quality control/assurance (QC/QA)
standard reference materials were used: NIST 2710a (Montana | Soil) and

2711a (Montana Il Soil).
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Geochemical and mineralogical data were obtained by various instruments :

A major cations by inductively coupled plasma-optical emission
spectroscopy (ICP-OES; Agilent 5100, USA),

A trace elements by inductively coupled plasma-mass spectrometry
(ICP-MS; iCAP-Q Thermo Fisher Bremen, Germany),

A major anions by high-performance liquid chromatography (HPLC;
Dionex ICS-2000, USA),

A arsenic speciation by combination of HPLC (Agilent 1200 Series,
Germany) and triple quadrupole inductively coupled plasma -mass
spectrometry (ICP-QQQ-MS, Agilent 8900x, USA),

A bicarbonate by microtitration (Schott TitroLine Easy automatic
titrator, Germany),

A total inorganic carbon (TIC), total carbon (TC), and total sulfur (TS)
by catalytic oxidation using ELTRA CS 350 and CS 500 TIC
(Germany),

A qualitative and semiquantitative mineral analysis by powder X-ray
di ffraction (XRD; PANalytical X6Pert |

A chemical and phase characterization by Raman microspectrometry
(Bruker Senterra, Germany, Olympus BX-Serie and ANDOR DU420-
OE CCD) or (Renishaw plc, UK and Leica Microsystems, Germany),
and by Fourier-transform infrared spectrometry (FTIR; Thermo
Fisher Scientific Nicolet iS50 FTIR spectrometer, USA),

A morphology and chemical composition on the microscale by scanning

electron microscopy (SEM; TESCAN Vega, Czech Republic) equipped
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with energy-dispersive X-ray spectrometry (EDS; X-Max 50, Oxford
Instruments, UK),

A spot chemical analysis and composition maps bya field emission gun
electron probe microanalyzer (FEG-EPMA; JEOL JXA-8530 F, Japan)
equipped with five wave dispersive detectors (WDS) and an energy

dispersive detector (EDS).

Arsenic speciation was studied in streambed sediments, soils, and mine
wastes using single or sequential extractions in sulfate, phosphate, and oxalate
solutions (Wenzel et al.,, 2001; Drahota et al., 2014). The P(V) retention

capacity of selected samples was studied usingthe method described

by Blakemore et al. (1981). The labile form of P, called 'plant available P', was
extracted with NaHCO3 using an adjusted Olsen method (Olsen et al., 1954;
Sims, 2000). To evaluate theleachability of As from mine waste, an EU batch
leaching test EN12457-2/4 with a liquid to solid ratio of 10 L/kg and

an extraction time of 24 hours was used.

The experiments used to asses the effect of phosphate on As mobility

in the studied matrices were designed as batch experimens. The samples

tested were exposed to different phosphate concentratiors: (i) 0 niM, 1 M,

10 mM, 100 nM, 1 mM, and 10 mM prepared by mixing NHsH>POs with

deionized (DI) water (Chapters 2 and 3), and (ii) 0, 0.5, and 50 mM prepared
from NaH:POs-2H,0 (Chapter 4). Phosphate concentrations cover the range
of possible levels of dissolved phosphate commonly found in soils, fluvial
systems or mine wastes affected by fertilization, effluent discharge

or remediation, respectively (Sims and Pierzynski, 2005; Haggard et al., 2005;
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Neal et al., 2005; Harris and Lottermoser, 2006; Mauric and Lottermoser,
2011; Neupane and Donahoe, 2013). The exposure time varied from 1 day to
1 year and was adapted to different exposure scenariogrom different sources
of phosphate. Consequently, the exposure time for streambed sediments
affected by the temporarily variable input of P(V) (in scale of hours and days)
from the wastewater treatment plant was established at 24 hours (Chapter 2)
and agricultural soils were exposed to phosphate for 1 and 14 days (Chapter
3) to assess the mobilization of As and Sb in response to a ordime
fertilization campaign. To reflect the repeated application of phosphate
fertilizer to soil or phosphate treatment technology to mine waste, up to a one-
year reaction time was established for the interaction of phosphate

and the arsenate phases (Chapter 4).

All batch experiments were conducted at least in duplicate (the selective
extractions in Chapter 2 were conducted in septuplicate). The collected data
was graphically and statistically processed using GraphPad Prism (version
8.4), DataGraph (version5.0), Graphic (version 3.1), and SigmaPlot
(version 15). Data were checked for normal distribution and cleaned
of outliners, and based on the results, appropriate statistical tests (e.g.,
Spearman correlation) were applied. The saturation indices (SI) of crucial
mineral phases, including As-, P- and Sb-bearing minerals, were calculated
using the PHREEQG-2 modelling software (Parkhurst and Appelo, 1999).
The stability constants were derived from the MINTEQ.V4 database, which

was expanded to incorporate thermodynamic data of As minerals
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and As-bearing phases(Lacelle et al., 2007; Nordstrom et al., 2014; Paktunc

et al., 2015) and Sb minerals derived from Majzlan et al. (2016).
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Chapter 2

Effects of a point source of phosphorus
on the arsenic mobility and transport in
a small fluvial system I Article |

Summary of the article

This study investigates the long-term impact of phosphorus discharge from
asmall wastewater treatment plant (WWTP) on mobility of Asin afluvial
system with naturally high As levels. Small wastewater treatment facilities
are often less regulated and therefore can discharge relatively high levels
of P (47 10 mg/l) into stream waters (Carey and Migliaccio, 2009; Pitter,

2015).

In this study, a small capacity WWTP (in operation since 2013) has been
continuously releasing highly variable P(V) levels (7.17 23.2 mg/L) into
afluvial system with naturally high As levels, substantially increasing
dissolved phosphate levels downstream (O ¥mgAL). As a result of the 7-year
interaction of phosphate and As in downstream streambed sediments,
the total concentration of As in sediments decreased by 25% downstream,
and this As mobilization continues to present day. We estimated that
on average12 pg of As per second is being releasedrom 66 m of the stream,

totaling approximately 1.8 kg of As over the past 7 years.

As the number of wastewater treatment facilities becomes exceedingly

widespread (EEA, 2020; Agrawal and Verma, 2022), the environmental
39



concern regarding P discharge, particularly from small -capacity facilities,
and its effect on As mobility in As-enriched fluvial systems escalates
significantly. These findings offer valuable information for regions with

elevated As concentrations in their fluvial systems.

Published in Environmental Pollution used with permission from Elsevier.
VenhauerovaP. , Drahota P., Strnad L., & Matoug
a point source of phosphorus on the arsenic mobility and transport in a small

fluvial system. Environmental Pollution , 315, 120477.

40



Environmental Pollution 315 (2022) 120477

Effects of a point source of phosphorus
on the arsenic mobility and transport in

a small fluvial system

Petra Venhauerova®, Petr Drahota?, Ladislav Strnad2, G8&8r ka Mat ou gk ov

aCharles University, Prague, Czech Republic

bCzech Academy of Sciences, Prague, Czech Republic

Abstract

One of the leading causes of As release from streambed sediments into
freshwater systems iscompetition with phosphate. Among important sources
of P to the fluvial ecosystems arewastewater treatment plants (WWTP),
estimated to account for 251 45 % of all Pin surface waters. In this paper, long-
term effects of discharged phosphorus from a small WWTP onthe arsenic
mobility were studied in an As-enriched fluvial system (approx. 240 mg/kg)
in central Czech Republic. After 7 years ofel evat ed P (O s .5
in the stream water, the total Asdecreased by25 % and the total P increased
by 40 % in the sediments downstream (atadistance of 66 m). The results
of the chemical extractions and mineralogical analyses indicated that
the changes in the concentration were mostly due to the sorption processes

in the Fe (oxyhydr)oxides (goethite and hematite). In the downstream
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samples, the As in these phases decreased twéold, and P was significantly
enriched by 45i 140 %. Phosphorus was also found precipitated asnewly
formed Ca phosphates. The stream water monitoring indicated that the
discharged P was either sequestered wherthe levels of dissolved P were high
(> 2.3 mg/L) or released from the downstream sediments when these levels
were low (< ~1.5 mg/L). Meanwhile, As was continuously mobilized from

the downstream sediments likely due to (i) the ongoing As desorption from
the exterior parts of the Fe (oxyhydr)oxides at high aqueous P levels and (ii)
the dissolution of As-bearing Ca phosphates at low dissolved Revels. These
findings clearly demonstrate that point sources of P to streams and rivers,
such as WWTP, may result in the permanent and long-term release of As from

contaminated streambed sediments.

2.1 Introduction

Arsenic is considered one of the most potentially dangerous elements
for human health (ATSDR, 2022). Severe health problems can be caused by
even low concentrations of dissolved As when mobilized from soils
and sediments into freshwater systems (National Research Council, 1999).
According to a recent estimation (Podgorski and Berg, 2020), 90i 200 million
people worldwide are potentially exposed to naturally occurring As -enriched
freshwater as their only source of drinking water. The limit for As in drinking
water was set to 10 pg/L (WHO, 1993); however, even concentrations
< 10 pg/L might cause inhibition to the DNA repair processes (Andrew et al.,

2006).
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The worldwide average As concentration in stream sediments is 5 mg/kg
(Martin and Whitfield, 1983) , rising with the clay or iron content
and drastically increasing in the proximity of mineralized areas (Smedley and
Kinniburgh, 2002) . Mobilization of As from soils and sediments into
freshwater systems happens under oxic as well as anoxic conditions. Inanoxic
conditions, the mobilization is mostly influenced by the bacterial reduction
of Fe" or AsY (Islam et al., 2004). In oxic conditions, the two main pathways
of As release are through (i)the oxidation of sulfide minerals (Chowdhury et
al., 1999) and (ii) competition with other ions (e.g., carbonate, phosphate)
for sorption sites, especially on iron, aluminum or manganese
(oxyhydr)oxides (Goldberg, 1986; Manning and Goldberg, 1996b; Appelo et
al., 2002). Themost significant competitor is phosphate due to the shared
chemical and physical behavior e.g., similar ion-size andpKa constants
(Anderson and Malotky, 1979). The extent ofthe Asrelease by phosphate
is mainly dependent on the As speciation and phosphate concentration.
For example, aconcentration of 10 mM of phosphate can release around
6 % (~15 mg/kg) of the total As from contaminated streambed sediments
in gold mining areas (Rubinos et al., 2010). Nevertheless, even significantly
lower concentrations of phosphate (~0.03 mM) can mobilize above the As
safety concentrations from contaminated soil ( Mi hal j evi | .et al
Although As and P competition is quite well described, studies focusing
on the impact of this competition in fluvial systems are scarce and lack any
long-term exposure effect (Rubinos et al., 2010, 2003, 2011). The published
studies included laboratory experiments, showing that the addition of 0.1 mM

phosphate substantially increases the amount of As released from polluted
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river sediments within one week. To our best knowledge, no study observed
an As enriched fluvial system affected by permanent input of low phosphate

levels ona scale of years.

The amount of P in fluvial systems has doubled under the effect
of anthropogenic activities like the usage of fertilizers, sewage sources,
and deforestation (Filippelli, 2008) . It has been estimated that 251 45 % of all
the P in fluvial systems comes from treatment plants (Ekka et al., 2006;
Parsons and Smith, 2008). The concentration of P in conventionally treated
effluent is typically 47 10 mg/L (Carey and Migliaccio, 2009; Pitter, 2015).
As a result, the maximal documented concentrations of P in fluvial systems
can reach 71 10 mg/L downstream ( Ekka et al., 2006; Haggard etal., 2005),
which is a concentration ten times higher from the one documented to affect
the mobility of Asin soil ( Mi h a | jale 2009). The fact that the discharged
P increases theamount of sediment-bound P (Dorioz et al., 1998; Haggard et
al., 2001) brings concerns about the fate of P as well as its interaction with As

in As-enriched fluvial systems.

To our best knowledge, no field study has been conducted to investigate
the long-term impact of discharged P on As-enriched streambed sediments.
We studied a small stream with naturally elevated As concentrations, affected
by a long-term discharge from a small municipal wastewater treatment plant
(WWTP) to address this issue. This study aimed to assess the impact
of the discharged P on (i) the mobility of Asin the stream system and (ii) the
Asand P speciation in streambed sediments. We hypothesize that the long

term interaction of the discharged P with As in the streambed sediment has
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changed thechemical fractionation of As and P, and significantly lowered
the fraction of adsorbed As in the sediment. This paper could provide abetter
understanding of the environmental impact of the discharged P on systems

with elevated As concentrations.

2.2 Materials and methods

2.2.1 Site characterization

The studied stream, Vinilnl pot ok,

historical Smolotely-Ho r n 2 L2gnice gold district

around 60 km south of Prague. The stream is approximately 1 m wide
with an average depth of 5 cm and an estimated average streamflow 00.7 I/s

during baseflow. The streambed consists of sand and organic matter withno
visual evidence of Fe or Mn precipitates and an algal biofilm. Upstream of the
sampling sites, theVi ni | nT st r eagrioultudaraad urban agea (the
villages of Smolotely and Smolotelky) of approximately 2.5 km 2 between 545
and 415 m in elevation. This catchment area is located in a natural As
geochemical anomaly(Figure 2.1). Arsenopyrite oxidation in the granodiorite

bedrock resulted in high As concentrations in the soils that almost always
exceed 200 mg/kg and go up to 2040 mg/kg (Drahota et al., 2018). The same
study documented that the arsenic in these soils is predominately bound to
Fe (oxyhydr)oxides and secondary arsenate minerals (e.g., arseniosiderite,
bariopharmacosiderite, and yukonite). In 2013, approximately 7 years prior

sampling, a small WWTP was built i

(Figure S1). This plant is used to clean the municipal waters from nearby

45

S

S

(c

he



Environmental Pollution 315 (2022) 120477

villages andis discharged (~0.31/s) into the stream. The water purification
process is based ommechanical and biological cleaning systems (350 people
equivalent (PE); Veolia, 2021). The annual monitoring of the effluent quality
revealed an elevated average nitrogen (~27mg/L) and phosphorus

(~5.5 mg/L) content and maximally attained 40 mg/L of N and 7.5 mg/L of P

(an internal report of the water monitori
VA ( Horni
e "L Lisnice =~ ™ WWTP As (mg/kg)
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Figure 2.1. Schematic map of the As distribution in the soils (Drahota et al., 2018)

with marked sampling points.
2.2.2 Sampling and processing

The long-term phosphate exposure effect on the Ascontaminated streambed

sediment was studied using streambed and stream water samples collected
above (CO0), from (CC), and below (C1, C2, C3, and C4) the WWTP discharge
with an increasing distance. The streambed samples were collected
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compositely; eight to ten subsamples of the upper sediment layer (max 2cm)
were collected in a 10-meter-long section; altogether monitoring a channel
of ~80 meters (Figure 2.1). Water samples were collected repeatedly (four
times in a range of six months) in the middle of each 10-meter sampling
section and at the discharge from the wastewater treatment plant (Figure 2.1
and S1). The temperature, Eh, pH, and electrical conductivity were measured
directly in situ using freshly calibrated electrodes. The samples were filtered
through a 0.2 um nylon filter. Stabilization for the cation and arsenic

speciation measurements wascarried out by adding 100 ul of 2 % supra-pure
HNO3 purchased from Merck and 0.1 M Ethylenediaminetetraacetic acid

(EDTA), respectively.

The collected streambed samples were dried in a ventilated oven set a0 °C.
Each sample was sieved topass through a 2 mm mesh and (analiquot part
~15 g) was milled to an analytical fineness (Retsch PM400, Germany).
A homogenized aliquot was sieved to < 0.5 mm forseparation in heavy liquids
as well as to <50 um for the mineralogical and chemical characterization

of the fine fraction.

2.2.3 Analytical determination

The water samples analyses included a dissolved organic carbon
determination (DOC; TOC-VcpH, Shimadzu, Japan). The major cations were
determined by inductively coupled plasma-optical emission spectroscopy
(ICP-OES; Agilent 5100, USA), the anions were determined by high

performance liquid chromatography (HPLC; Dionex ICS -2000, USA), and the
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trace elements were determined by inductively coupled plasma mass
spectrometry (ICP2MS; ICAP-Q Thermo Fisher Bremen, Germany).

The arsenic speciation was measured bycombining high -performance liquid
chromatography (HPLC, Agilent 1200 Series, Germany) and triple
guadrupole inductively coupled plasma-mass spectrometry (ICP-QQQ-MS,

Agilent 8900x, USA).

In the streambed samples, the water content at 105 °C, and the pH in H,O and
CaChk (using an AFNOR standard NF X-31-103) were determined
asdescribed by Pansu and Gautheyrou (2006). Thecontent of the total
inorganic carbon (TIC), total carbon (TC), and total sulfur (TS) was quantified
by catalytic oxidation (ELTRA CS 350 and CS 500 TIC, Germany). Both grain
fractions (< 2 mm and < 50 um) of the streambed samples were digested
in mineral acids (HNO s, HF, HCIO4). NIST 2710a (Montana | Soil) and 2711a
(Montana 1l Soil) were the standard reference materials used for the quality

control/assurance (QC/QA) and the results are listed in Table S1.

The sulfate and phosphate selective extraction procedures were adjusted
according to Wenzel et al. (2001), and an oxalate extraction procedure was
performed as described inDrahota et al. (2014). An additional step was
the centrifugation of the samples for 10 minutes at 3000 rpm (UNIVERSAL
320R, Hettich Zentrifugen, Germany) before the filtration. The adjusted Olsen
method determined the labile form of phosphorus present in the streambed
sediments (Olsen et al., 1954; Sims, 2000). The phosphate retention capacity
was performed asdescribed by Blakemore et al. (1981) . All the reactants for

the single extractions were freshly prepared and were of an analytical grade.
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The elemental composition of the samples after the digestion and extraction

procedures was measured using ICROES and ICRMS.

2.2.4 Mineralogical characterization

The mineralogical composition of the bulk soil samples (< 2 mm and < 50 um

fractions), the heavy mineral fraction (> 2.70 g/cm 3), and the selected rusty

brown grains (possibly Fe (oxyhydr)oxides and arsenates; Drahota et al.,

2018) was determined by powder X-ray diffraction analysis (XRD;

PANal ytical XO6Pert Rieldemissiomgun eletronpmbel ands) .
microanalyzer (FEG-EPMA; JEOL JXA-8530F, Japan) equipped with five

wave dispersive detectors (WDS) and an energy dispersive detector (EDS) was

used to obtain thespot chemical analysis and composition maps

of the As-bearing grains in the heavy mineral fraction. Details of the analyses

are given in the supplementary materials (Table S9).

2.2.5 Arsenic leaching induced by the different phosphate

concentrations

The effect of the phosphate on the arsenic mobility was tested by exposing

the selected stream sediments (samples CO, C1, and C4) to different
phosphate concentrations (0 niM, 1 niM, 10 niM, 100 nM, 1 mM, and 10 mM).
The reactants were prepared by mixing NH4H2PO. with deionized water.
Two grams of air-dried soil were placed into a 50 ml centrifugation vial,
to which 40 ml of the reactant solution was added. After 24 hours of shaking

the solutions were filtered and analyzed.
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2.2.6 PHREEQC modeling

The saturation indices (Sl) were calculated using the PHREEQC modeling
software(Parkhurst and Appelo, 1999). The database MINTEQ.V4.DAT was
extended to contain the thermodynamic data of ferrihydrite (Lacelle et al.,

2007), yukonite, and arseniosiderite (Paktunc et al., 2015).

2.2.7 Statistical analysis

All the analyses were performed in at least duplicates, the selective extractions
were performed in septuplicate. The data set was checked fonormal

distribution and cleaned of outliers. The graphical and statistical processing
of the data were performed using GraphPad Prism (version 8.4), DataGraph

(version 5.0) and Graphic (version 3.1).

2.3 Results

2.3.1 Streambed sediment

The streambed sediments were slightly alkaline (pHcac, between 7.29

and 7.46) and oxic (asindicated by high Eh values; Table S5) with aloamy
sand or a sandy loam texture (Table 2.1 and S2). The main minerals were
consistent with the mineralogical composition of the bedrock (quartz,
amphibole, and plagioclase). Thefraction below < 50 um was enriched
in chlorite and kaolinite, which dominated the clay fraction (Figure S3).
The heavy mineral fraction consisted mostly of amphibole (Figure S4).

The XRD patterns of the rusty brown grains, selected from the heavy mineral
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fractions, matched the crystalline Fe (oxyhydr)oxides (hematite and goethite)

(Figure S4).

The concentrations of As and P in the streambed sediments varied between
171 and 236 mg/kg, and between 1000 and 1510 mg/kg, respectively (Table
2.1). Both As and P significantly accumulated in the fine sediment fraction
(< 50 pm) with 55 % and 160 % higher average concentrations than in the bulk
samples, respectively (Table S3). The distribution ofAsand P inthe
sediments upstream and downstream of the WWTP discharge revealed
opposite trends (Table 2.1). Thehighest concentration of As occurred
upstream of the WWTP (236 mg/kg), while the downstream concentrations
were consistently lower than 205 mg/kg. On the contrary, the P concentration
in the downstream samples CT C4 (12901 1510 mg/kg) was enriched by 41 %
compared to the upstream sample (1004 mg/kg). Some trace metals (Cu, Ni,
V, Zn) were slightly enriched in the downstream samples suggesting

contamination from the WWTP (Table S3).

2.3.2 Stream water

The upstream water is characterized by a slightly alkaline pH (7.78 + 0.10)
and elevated concentrations of dissolved As (81 + 8 ug/L) with a prevalence
of AsV (88 %) (Table S5). Thephosphate concentrations were consistently
below the HPLC detection limit (< 0.4 mg/L). The stream water chemistry

corresponded to a C&*-HCOs type.

The percentage of wastewater contribution to the stream was estimated tobe

177145 % dueto ahighly variable effluent flow rate (0.170.7 I/s).
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In comparison to the upstream water (C0), the treated effluent (CC) had
aslightly lower pH (7.46 £ 0.06) and significantly higher concentrations
of several dissolved compounds (2x DOC, 4x NQ, 6x K and Cl, 8x Na,
10x Zn), including As (174 + 12 pg/L), and phosphate (12.4 + 6.4 mg/L)

(Table S5). The arsenic in the effluent predominated as AY ( O %)h

The WWTP discharged effluent caused a significant increase
in the concentration of the above-mentioned compounds downstream
(Table S5). The dissolved As concentrations increased tall3 + 15 pg/L,
andthe maximum phosphate concentrations attained 7.7 mg/L.
The concentrations in the aqueous As and P downstream either increased
(Asand P) ordecreased (P) withthe distance of the sampling site from

the WWTP source.
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Particle size Total digestion Sulfate extractable Zhosphate Oxalate extractable

TOC pH clay silt sand Al As Fe Mn P As P As As Fe P

% HO % % % gkg mgkg g/kg g/kg g/kg mg/kg (%) mg/kg (%) mg/kg (%) mg/kg (%)  ma/kg (%) mg/kg (%)
CO 068 791 59 59 882 808 236 356 122 1.00 ?fg)’-“ 0.54 (117 -70) * 17 ?273§7)¢ 3.9 (15?;2)’-“ 25 f’l"’ég)i 210 E"4226_4)’-“ 38
ClL 091 778 58 7.0 871 782 171 440 116 141 ?fc%i 0.30 ?3?'20) * 35 ?271-_39)i 35 (1539)1 18 ?ﬂ_%i 310 (752133;-' 41
C2 127 7.79 126 94 781 791 177 433 098 1.45 (15?71) + 06 ?41_'2% £ 55 ?202'_59)i 37 (17376 1)i 10 (710e§5_\9;)i 40 (75941.4)i e
C3 104 777 67 46 887 777 205 587 119 151 (73-‘_‘62)i 0.37 ?3253) + 38 ?157-?5)1 2.3 (1753;1)* 15 (71229_2)1 680 ?5020_9;-' 2
C4 098 7.69 7.8 94 828 781 194 494 110 1.29 (74_75’)’-' 0.39 ?3?333) * 36 ?f;_?g)i 12 (16227)1' ’ ?173?(7))¢ 750 ?f{ 2)1' 6

Note. The relative standard deviations of the data stated without SD were always below 1 % and were below 4 % for the total Wjestion: the extractability values

in parentheses are calculated asa percentage of the total concentration.
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2.3.3 Arsenic and phosphorus mineralogy of streambed

sediments

For the mineralogical investigation, the upstream (C0) and two downstream

samples with contrasting distances (C1 and C4) from the WWTP source were
selected. A detailed EPMA study of the secondary As and P-bearing phases
indicated that the Fe (oxyhydr)oxides are the principal carrier, accounting for

~86 % of the mineral grains examined (n = ~40). Another As phase observed
had a chemical composition and structural features similar to the crystalline
CaFe arsenates (i.e.arseniosiderite, Figure S5). The EPMA analyses of theFe
(oxyhydr)oxides displayed a highly variable content of As (0.057 12.86 wt. %
As;0Os) and P (0.03i 18.16 wt. % P.Os). A statistical analysis of the data showed
that the highest As median (1.34 wt. % A$0s) occurred in the upstream
sample, whereas the downstream sample dropped to almost half the value
(0.70 wt. % As0s; Figure 2.2). Incontrast, the Pcontents
in the Fe (oxyhydr)oxides downstream sample were significantly higher

compared to the upstream sample (0.81wt. % P,Os) and reached a median

of 2.29 wt. % and 1.37 wt. % P>Os in C1 and C4, respectively.
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Figure 2.2. Electron microprobe analysis of the Fe (oxyhydr)oxides upstream (C0)
and downstream (C1 and C4) the WWTP discharge (red dots, n = 162). The box
border of Tuckeyo6s btoand7pM qoartile anel the barsneidet s t he f

the median.

The highest content of P (8.35 18.16 wt. % P.Os) was documented in the thin
layers of Fe (oxyhydr)oxides that coated the discrete grains ofthe older
Fe (oxyhydr)oxides (Figure 2.3) as well as thealuminosilicates (Figure S6).
These Rrich coatings were identified only in the downstream samples and
were characteri zedwitb%Ca®)rdachipndtheCa/P roar h y. v b
ratio of ~0.76. In these coatings, the concentration of As(1.287 3.26 wt. %
As;Os) were frequently higher compared to the other Fe (oxyhydr)oxides

in the samples.
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Figure 2.3. Composition map of the Fe (oxyhydr)oxide grain from the downstream

sediments (C4, ~66 m from the WWTP discharge). Elemental concentrations
are given in wt. % of oxide (As: A0s; P: P,Os; Ca: CaO). BSE: backscattered
electrons; HFO: Fe (oxyhydr)oxide
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2.3.4 Arsenic and phosphorus fractionation in the streambed

sediments

The extraction results of As and P are given inTable 2.1 and S4. In agreement
with the mineralogical observations, the oxalate extractions showed that As
(>65 %) andP (> 42 %) are mostly bound to the Fe (oxyhydr)oxides.
The oxalate, bicarbonate, andsulfate extractions displayed similar patterns,
where a significantly higher P is leached from the downstream samples than
the upstream ones. Thephosphate retention capacity alsorevealed a lower
sorption capacity of the downstream samples; except sample C3containing

the highest clay and silt fraction (Table 2.1).

The readily mobile As extracted in the sulfate showed a similar fraction (3.67

5.7 % of the total As) across the samples. In contrast, the fraction
of phosphate-extractable As showed a 30 % drop in the adsorbed
Asin the downstream samples. Similarly, the As oxalate fraction gradually

decreased from CO (82 %) to C4 (65 %).

The leaching of streambed sediments by different phosphate concentrations

revealed themobilization of As at the phosphate concentrations of 10 pM

(0.3 mg/L of P) from the upstream sample only (0.28 £+ 0.05 % above the level

of dei oni zed water). Hi gher 10 nd)s phat e
of mobilized As were also revealed atthe downstream samples, but they

attained always a lower percentage ofreleased As compared to the upstream

sample (Figure 2.4, Table S8). Fora lower phosphate concentration (1 puM),

no effect on the mobilization of As was observed.
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Figure 2.4. Percentage of the As released from the streambed sediments (CO, C1
and C4) after the addition of various concentrations of phosphate. The CO
represents the control sample above the WWTP discharge and C1 and C4

are samples influenced by the long-term phosphate input.
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2.4 Discussion

2.4.1 Impact of phosphate on the concentrations of dissolved

As

Even though phosphate plays a critical role in the mobility of As (Smedley and
Kinniburgh, 2002) , the in situ impact of the competition in fluvial systems

over long periods of time hasnot beenstudied. In this study, asmall
municipal wastewater treatment plant serves asaphosphate source
to astream with elevated As concentrations in streambed sediments
(~240 mg/kg). It brings between 3.8 and 8.4mg/L of P to the stream,
accounting for 917 98 % ofthe dissolved P downstream (Table S7). The P
levels correspond to the average concentrations inwastewaters in many
countries, e.g., the Czech Republic (3ng/L; Pitter, 2015), the UK (41 10 mg/L;

Yates et al., 2019) and the USA (71 9 mg/L ; Ekka et al., 2006; Haggard et al.,
2001). Discharged phosphate concentrations account for43i 98 % of the total
dissolved Pin the effluent (Table S5) with the residual most likely belonging

to organic P compounds (Spivakov et al., 1999; Yates et al., 2019)

The high concentration of As in the effluent (15471 184 pg/L) is most likely
caused by household usage of highly contaminated well water. It is worth
mentioning that the As in effluent represents the minimum levels in the well
waters due to the possible retention of Asin the WWTP sludge. Weestimated
the theoretical aqueous Asconcentrations (Cg) after mixing the stream water
and effluent using Cl used asaconservative element (Baker and Webster,

2017). When compared tothe agueous Asconcentrations in C1 (~6 meters
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from the mixing point), the resul).s were
Similarly, the estimated (Cg) and measured (C1) agueous concentrations ofP
were usually almost identical (difference
(difference 15 %). This exceptionally high discrepancy was due toavery low

contribution of discharged P caused by a very high streamflow (Table S7).

The variations in the dissolved phosphorus concentrations downstream
(between CIi C4) displayed three main trends that appear to be linked to the

initial concentration of dissolved P in C1 (Figure S2):

0] high concentrations of dissolved P (> 2.3 mg/L) decreased
by more than 30 %, suggesting P sequestration inthe streambed
sediment,

(i) no apparent changes were observed for the medium
concentrations of dissolved P,

(i) low concentrations of dissolved P (< ~1.5 mg/L) increased
by 34 %, suggesting enrichment of the stream water by P from

the streambed sediment.

These findings are supported by small differences between the aqueous
P concentrations in Cland Cg, which indicate the release or sequestration
of P in accordance with the above-described trends (Table S7). Consequently,
at 66 meters (Cei Ca), the dissolved P concentrations increased or decreased
by up to 57 or 41 %, respectively. A similar interaction of solid and dissolved

P was observed byHaggard et al. (2005) on a bigger scale in a river system
(0.31 2.7 km). It has been shown that P release from the sediment can be also

affected by nitrate dosing (Ma et al., 2018, 2021). According to these studies,
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the Prelease promoted bynitrate is dose-dependent and does not affect
P dynamics when the nitrate concentrations are h i g h i 7 ry/Ly such as
those documented in this study (O
the influence of nitrate on P fluctuations can be likely excluded. All these
findings indicate that (i) the P concentrations are close to equilibrium

in the stream water and downstream sediment, and (ii) the fluctuations

in the dissolved P strongly affect theimmediate mobility or sequestration

of this element.

Through the stream, we observed an increase in the aqueous
As concentrations at all the sampling times (37 18 %; C1i C4), indicating
asystematic release of As from thestreambed sediment (Figure S2). There
was no relationship between the released Asand the concentrations
of the dissolved Por As in C1. The possible reasons foithe systematic release
of As could be the competition of high Ilevels ofdissolved
phosphate with the adsorbed As and a dissolution of Asbearing phosphates
during low levels of dissolved phosphate (Chapter 2.4.2). Theincrease
in the As concentration downstream can alsobe contributed by the increase
in the As!!l concentration (Table S5), which exhibits greater mobility than As vV
(Dixit and Hering, 2003) and is probably released bythe microbial reduction
from the streambed sediments. It appears that the enhanced microbial
reduction in the downstream streambed sediments is due to higher
downstream concentrations of DOC and P that enhance the growth

of heterotrophic bacteria (Zhang et al., 2017).
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2.4.2 The competition of P and As in the sediment

Although the dissolved concentration of the downstream As is higher than
the upstream As, theconcentration of As in the downstream streambed
sediments is significantly lower (236 mg/kg upstream and 1717 194 mg/kg
downstream). The main reason for this depletion is assumed
to be the desorption mechanisms induced by the discharged phosphate
that frequently predominates (median of 67 %) the speciation of the total
aqueous Pdownstream. The arsenic in the downstream sediments ismainly
desorbed from Fe (oxyhydr)oxides which is supported by the decrease ofAs
in the Fe (oxyhydr)oxides and oxalate-extracted Aswhile the Fe/As ratio
in the oxalate extractions increases by77 %. Onthe contrary, the P levels
in the Fe (oxyhydr)oxides downstream increase, as evidenced byhe oxalate-
extractable P (increased by 21 %), the Fe/P ratio in the oxalate extractions
(decreased by26 %), andthe WDS analyses. Thedepletion of As and the

enrichment of P is frequently observed in the rims of the Fe (oxyhydr)oxide
particles (up to ~80 nmm deep; Figure 2.3 and S6b), strictly occurring

downstream of the effluent discharge. The most probable explanation
for these deep sorption alterations is the long-term exposure and solute
transport in the rims caused by small cracks or diffusion. This finding implies
the long-term desorption of As from Fe (oxyhydr)oxides that may
consequently explain the ongoing release of As from thestreambed sediment
(Chapter 2.4.1). Other authors have not observed this phenomenon, which
can be dueto several reasons. Firstly, most sorption studies used

afine-grained synthetic material composed of homogenous mineral phases
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(Schwertmann and Cornell, 2000), whereas the natural discrete grains are
heterogeneous and commonly of greater size(Gallegos-Garcia etal., 2012).
Secondly, if some studies focused on natural samples, only a few looked
for geochemical alterations ofsingle grains after their exposure tothe
phosphate solution. If so (Eiche et al., 2010), a deep sorption alteration was

not observed because the exposure to phosphate was ithe order of hours.

Here, the elevated concentrations of dissolved P downstream led
to the precipitation of As-bearing CaP-Fe phases on the surfaces
of the Fe (oxyhydr)oxides and aluminosilicate grains (Figure 2.3 and S6b).
Even though that the modeling of saturation indices implies that
hydroxyapatite is frequently saturated in the stream water, the Ca/P (~0.9)
and Ca/P + As (~0.8) molar ratios of the coatings are lower than those for
apatite (Figure S7). The stoichiometry of the coatings fits better to more
soluble phosphate phases, e.g.,octacalcium phosphate ~1.33 or monetite
and brushite both equally 1 (Figure S7; Abbona et al., 1986; Hosni et al.,
2007). This non-stoichiometry of the Cawith the anions implies that at least
part of the AsandPisadsorbed toor co-precipitated with the Fe
(oxyhydr)oxides (Manning and Goldberg, 1996b; Jain and Loeppert, 2000;
Loeppert et al., 2002). Phosphorus can also be adsorbed to surfaces of apatite
group minerals (Dittrich et al., 1997) , As can be immobilized as well thanks
to the co-precipitation on the surfaces of phosphates(e.g., brushite, Zhai et al.,
2018). Moreover, arsenate can be easily incorporated into the structure
of apatite group minerals instead of phosphate and create a great variety

of calcium arsenate apatites (Mahapatra et al., 1989; Zhu et al., 2006;
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Henderson et al.,, 2009; Dungkaew et al., 2012; Nordstrom et al., 2014).
The reason why As is continuously released even during low dissolved P could
be caused bythe competitive desorption from phosphates or by the
dissolution of calcium arsenate apatites orphosphates. The latter statement is
supported by the fact that hydroxyapatite was undersaturated at low levels of
dissolved P in the stream water (TableS6). The precipitation of other
phosphate phases, e.g., Fephosphates, is unlikely when considering the
stream water's pH and chemistry (Nriagu, 1972; T. Zhang et al., 2010; Law

and Pagilla, 2018).

2.4.3 Environmental implications

Our results indicate that As is still continuously released even after > 7 years
of the interaction of low discharged phosphorus with the streambed sediment.
On average, 12 g of As per second ibeing released from the downstream
sediments at a total distance of 66 m. Assuming thisconstant As output,
approximately 1.8 kg of As had been mobilized from the streambed sediment
over the past 7 years. This is in accordance with the decrease in the total
As downstream (Table 2.1), which corresponds to an almost similar amount
of As (2.1 kg) released fromthe streambed sediment (Sl, Chapter 2.3.1).
This finding supports our hypothesis of the continuous As release from
the streambed sediments is due tothe ongoing interaction of phosphate and
As in the exterior parts of the Fe (oxyhydr)oxides. Different laboratory
experiments showed that the rate of As release is not constant with time,
and the most significant As desorption and mobilization occurs during

the first few hours of interaction with the phosphate (Wenzel et al., 2001;
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Frau et al., 2008; Rubinos et al., 2011). Similarly, higher mobilization of As
can be expected during the first days of the WWTP operation time. However,
natural streams and rivers are highly dynamic and complex systems
and the immediate behavior of Asand P after the phosphate addition into
these systems isnot known and could, thus, be dissimilar to the laboratory

experiments.

Wastewater treatment plants are abundant and significant sources
of P placing high fractions of phosphate into the stream wasters worldwide
(Ekka et al., 2006; Parsons and Smith, 2008; Ehalt Macedo et al., 2022) Legal
regulations mainly focus on WWTPs of large capacities (Council Directive
91/271/EEC), while more common smaller facilities (< 10,000 PE) are less
regulated and P concentrations ofup to 20 mg/L in effluent discharges have

been recorded (Withers et al., 2011; Withers and Jarvie, 2008). High P loads
from a WWTP to stream waters can substantially increase (up to 50 times)
the dissolved P concentrations (up to 3i 10 mg/kg; Haggard et al., 2005).
These P levels with high fractions of phosphate can easily mobilize the As from

the streambed sediments, ashasbeen shown in our study (e.g., Figure 2.4).
Moreover, the continuous input of the phosphate from the WWTP effluent

may result in the permanent and long-term release of As into the aquatic
system. Thesefindings should be considered for many regions enriched
by Asin fluvial systems, as the number of small treatment facilities have been
increasing tremendously since the beginning of this century (Boller, 1997,

EEA, 2020).
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2.5 Conclusions

The long-term effect of phosphate on the As mobility and transport was
studied in asmall stream with naturally elevated As in the sediment
(~240 mg/kg). This fluvial system is significantly affected by the discharge
from a small WWTP, bringing elevated dissolved P levels for 7 years. The high
P concentration in the treated effluent (3.87 8.4 mg/L), which predominated
as phosphate, increased the downstream concentration ofaqueous P (1.0
3.2 mg/L). The long -term interaction of relatively low dissolved P levels with
Asin the streambed sediment decreased the total As concentrations by25 %
along the stream distance. Arsenic wasmainly released from the exterior parts
ofthe Fe (oxyhydr)oxide particles and followed by the adsorption
of phosphate. The adsorption and co-precipitation of phosphate to the newly
formed Ca phosphates, increasel the downstream total P concentrations

by approx. 40 %.

Variations in the dissolved P concentrations at the confluence significantly
affected the sorption and precipitation/dissolution processes within

the downstream sediments. At high dissolved P,the precipitation of Ca
phosphates and the adsorption of phosphate lowered the dissolved
P downstream, while the opposite trends and processes prevailed at low
dissolved P levels. Incontrast, an unceasing increae in the dissolved As
downstream indicated its permanent release from the sediment.
Consequently, the long-term exposure of the contaminated fluvial systems to
elevated aqueous phosphate from the WWTP effluent plays a crucial role
in the As mobilization and its speciation in the streambed sediment.
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Considering that the amount of WWTPs significantly increases worldwide
every year, these results should betaken into consideration in fluvial systems

with elevated As concentrations.
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Chapter 3

Speciation and mobility of arsenic and
antimony in soils and mining wastes

from an abandoned Sb -Au mining area

T Article 1l

Summary of the article

This study investigates the distribution, speciation, and mobility of Asand Sb
in mining wastes and agricultural soils from the Krasna Hora-Mi | e gov
andP S2 | o vAy oré Histricts in the Czech Republic. Mining wastes
and agricultural soils in this area contain high and variable concentrations
of As(up to 1360 and 208 mg/kg) and Sb (up to 8740 and 255 mg/kg),
with the majority (> 93 %) of primary ore minerals (e.g., arsenopyrite,
stibnite, As-bearing pyrite) substantially oxidized and replaced by secondary
As- and Sh-bearing phases e.g., F€lll) , CaSb, CaFe-Sb (oxyhydr)oxides, Ca

Fe arsenates,and clays.

We focused on evaluating the effect of low phosphate levels onthe mobility
of As and Sbfrom soils used foragricultural purposes. The results showed that
the interaction of concentrations as low as0.1 mM phosphate (equivalent
to ~9.5 mg/L) with agricultural soils increased As mobility by 33750 %.
In the case of Sb, its mobility seens to be rather controlled by changes in pH

than by phosphate exposure. These results indicate that the addition
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of phosphate fertilizers to agricultural soils can significantly enhance As
mobility and bioavailability. These findings are crucial to the management
of contaminated soils and waste materials to prevent the migration

of metalloid contaminants into growing crops and surrounding ecosystems.

Published in Applied Geology used with permission from Elsevier. Drahota P.,
Venhauerova P ., & Strnad L. (2023). Speciation and mobility of arsenic and
antimony in soils an abandoned Sb-Au mining area. Applied Geochemistry,

152, 105665
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Speciation and mobility of arsenic and
antimony in soils and mining wastes

from an abandoned Sb -Au mining area

Petra Venhauerova®, Petr Drahota?, Ladislav Strnad2

aCharles University, Prague, Czech Republic

Abstract

Gold mining activities have long been recognized as one of the mostmportant
local sources of arsenic (As) and antimony (Sb). While theenvironmental
impact of As is documented in the literature from many mining regions
worldwide, still little data is available concerning the environmental
chemistry and associations of Sb. Here, we used bulk analyses, selective
extractions, X-ray diffraction, electron microprobe, and Raman
microspectrometry to determine and compare the distribution, speciation,
and mobility of As and Sb in three historical mining wastes and two soil
profil es at the Krasnad HoraMi | e g ov  a n dAuP® ditricts (Czechb
Republic). The mining wastes were slightly alkaline, with both high and
variable concentrations of As (318i 1360 mg/kg) and Sb (2147 8740 mg/kg).
The naturally developed soils were acidic to neutral and enriched in As (up to

208 mg/kg) as well as in Sb (up to 255 mg/kg), with the highest concentrations
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in the arabl e t thenmningwastdsGhe primargone)mineralsn
(arsenopyrite, pyrite, and stibnite) have been substantially oxidized and
replaced by secondary Asand Sb mineral phases such as Fe (hydr)oxides, Ga
Fe-Sb (hydr)oxides, as well as the less common C&b (hydr)oxides and CaFe
arsenates. Theprimary sulfide minerals were absent in the soils, and both As
and Sb were particularly bound to crystalline Fe (hydr)oxides (goethite
and hematite) and clay minerals (especially true for Sb). The leaching of As
and Sb from all the samples with water was pH-dependent and relatively low,

as less than 2.1% of the total As and Sb contents in the samples had been

As

released. Waterextractable concentrations were usually below 30T g/ L f or
and r4+y Tg/L for Sb, e->acdsSprichniningwaates, al kal i
which released up to hiyy Tg/L of As

of agricultural soils with low PO4% indicated that As was more likely
mobilized by the addition of low POs3 (0.1 mM) than Sb was. Although
the water extraction data mostly documented the higher mobility of Sb
compared to As, the addition of low PO4% into agricultural soils strongly
increases As mobility. Based on the results of this study, leaching of As and Sb
from mining wastes by rainwater can contribute to the dispersion of these

metalloids and a potential hazard for the surrounding environments.

3.1 Introduction

Arsenic (As) and antimony (Sb) are two of the most toxic elements to humans
as well as many other biota (Gebel, 1997; Sundar and Chakravarty, 2010).

They both occur naturally in the environment at trace levels (average crustal
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abundance of As: 1.8 mg/kg and Sb: 0.2 mg/kg; Greenwood and Earnshaw,
1997); however, elevated concentrations ofAs and Sb can frequently be found
in mineralized rocks, principally inassociation with sulfide minerals such as
arsenopyrite (FeAsS) and stibnite (SkSs). When exposed to air and meteoric
water, these minerals are oxidized and can release As and Sb into
the surrounding ecosystems. Furthermore, mining activity can aid
in the mobilization of metalloid(s) through the excavation and processing
of the As- and Sb-bearing ore. Contamination of both As and Sb has been
reported at many mining sites; reaching As and Sb levels of several thousands
of mg/ kg in the surrounding soil, and sev
(Craw et al., 2004; Rapant et al., 2006; Ettler et al., 2010; Hiller et al., 2012;

Beauchemin et al., 2012; Ritchie et al., 2013; Cappuyns et al., 2021)

The solid-phase speciation of As and Sb in soils and mining wastes ishe key
factor that controls retention and release of these metalloids. Detailed studies
of As and Sb solidphase speciation in contaminated soils and mining wastes
have documented the high mineral diversity of these materials (Walker et al.,
2009; Lalinska-Vol ekova et al ., hoyh h; Drahota et
2019). However, only a limited number of secondary As or Sb phases have
repeatedly been identified in soils and mining wastes (Drahota and Filippi,
2009; Leverett et al., 2012). Detailed mineralogical studies in the As- and Sb-
rich mine wastes throughout Slovakia showed that primary sulfides (pyrite,
stibnite, and arsenopyrite) are converted to Fe (hydr)oxides, with variable
contents of Sb and As (upto 14 wt. %), tripuhyite (FeSbQ4), and antimonates

with a pyrochlore structure (Majzlan et al., 2011; Lalinska-Volekova et al.,
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hoyh b Jur kovi |. Lesst comambon minerblsyWwere) Sb oxides
(cervantite, Sb3*Sh°*Q4; sénarmontite, Sh,0s) and scorodite (FeAsQu-2H20).

Similarly, tripuhyite and Fe (hydr)oxides with elevated contents of As and Sb

were the major products of stibnite and arsenopyrite oxidation in the tailings

at the Beaver Brook, Newfoundland Sb deposit( Bor | i novg8 Radkov§
2020). In natural soils, As and Sb have been found to be predominantly

associated with Fe (hydr)oxides (Scheinost et al., 2006; Wilson et al., 2010;

Drahota et al., 2012). While the occurrence and solid-phase speciation of Sb

in mining wastes and soils is generally well documented in literature from

many European countries (e.g.,Courtin-Nomade et al ., hyhh; Ju
2019; Lalinska-Volekovova et al., 2012), very little data are available from

those mining areas in the Czech Republic(Ettler et al., 2010). Arsenopyrite

is the main host for As in most gold deposits in the Czech Republic. Previous
mineralogical studies from mining wastes and soils of these deposits showed

that arsenopyrite is converted to bariopharmacosiderite
[Bao.sFes(OH) 4(AsOa)3-5H,0] or yukonite [CazFes(OH) 4(AsOa4)3-4H20], likely

depending on the activity of Ba and Ca(Drahota et al., 2009, 2018). These

initial secondary phases are not stable and transform into arseniosidierite
[CasFes(OH) 6(As04)4-3H20] and Fe (hydr)oxides with high As and Ca

concentrations (Majzlan et al., 2014).

Nowadays, many contaminated soils are subjected to anthropogenic pressures
due to urban and agricultural growth and might be enriched with PO 43" due
to the extensive application of phosphorus fertilizers (Hart et al., 2004).

Phosphate competitively desorbs or reduces As adsorption bysoil
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compounds, including mainly Fe (hydr)oxides and clay minerals (Stollenwerk,
2003). For example, a solution as diluted as 5 mM PQ3" mobilized more than
45 % of the As from the contaminated soil within 3 hours (Goh and Lim,
2005). Addition of PO43" has been suggested t@nhance Sb mobility as well
(Kilgour et al., 2008; Griggs et al., 2011). Ettler et al. (2007) showed that Sb
fractions released by 100 mM PQ,®" extraction from contaminated soils were
2 to 10 times higher compared to other mild extractions (H 20O, NH4NOs,
DTPA), and corresponded toup to 9 % of total Sb. Hence, the high input
of phosphate fertilizers could have an important impact on the mobility

of both As and Sb within agricultural soils.

This paper presents the first published geochemical and mineralogical data
of mining waste and soil samples from both the Krasna Hora-Mi | e gov
and P S 2 | o-Ay oreSistricts, which represent the largest Sb ore districts
in the Czech Republic and are characterized by naturally elevated geochemical
As and Sb background (up to 2000 mg/kg) in the agricultural soils (Turnovec,
1975). Our primary goal was to identify the As- and Sbh-bearing secondary
mineral phases and to determine the mobility of the metalloids in both
the agricultural soils and the mining waste dumps. Consideration was also
given to the comparison of As and Sb mobility in agricultural soils after
applications of different levels of PO43" . Based on these results, a first estimate
of the potential risks related to the mobilization and migration of As and Sb
is made, with the aim to provide recommendations for future investigation
and the management of mine wastes. Two complementary approaches were

employed: (i) the combination of chemical microanalysis and Raman
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microspectrometry was used for characterization of As- and Sh-bearing
phases in polished sections, and (ii) single selective extractions andthe impact
of low levels PQ" were used to establish As and Sb mobilities

in the agricultural soils.

3.2 Materials and methods

3.2.1 Study site

The Kr&sn§ Hora, Milegov, -AaoreddepBsialeovy me ¢
located in the central part of the Czech Republic, 60 km south of Prague

(Figure 2.1). The ore zones are hosted by hydrothermally altered dikes

ofl amprophyres (Kr8sn8§ Hora, Mileéglpv) or a
faul ts (PS2 | ovy) i n the Variscan granod
Plutonic Complex (Moravek et al., 1992). The ore, which is largely located

in veins, is accompanied by a quartzcarbonate gangue with variable amounts

of stibnite, and minor arsenopyrite and pyrite (FeS2) ( NDmec and Zachar
2018). Exploitation of Au in the KrdsndHora-Mi | egov deposits star
medi eval times, with t he arBl&ivelyshorytimeleposi t
span in the late 19" and early 20" centuries. The total historical production

of Au and Sb is estimated at about 1.5 t ofAu and 10 kt of Sbh. The last mining

period (198671 1992) produced 78.6 kt of ore with an average grade of 5.29 g/t

Au and 1.88 wt. % Sbh(Bluml et al., 1995).
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Figure 3.1. Study site location and the positions of the mining waste (17 Mi | e go v,

27 P S2 | oivPyoudkdvice) and soil profile (KH, P) samples.

Our preliminary geochemical exploration of the agricultural topsoil (n = 54)

in the area of study (Figure 3.1), using a portable X-ray fluorescence
spectrometer, revealed elevated contents of As and Sb (As: 16240 mg/kg, Sb:

O h mgikg). Two naturally developed soil profiles from those sites with

the highest concentrations of these metalloids were studied in this work.

The other subjects of our geochemical and mineralogical study were materials

from three mining waste dumps generated during the 20t century. There was
priority and focus given to the | argest
approx. 200,000 m3) of the Krasna Hora-Mi | egov ore district
thePS2 | ovy ore district (i®nTherSidingwaste, appr ¢

material was also collected from a small dump (Proudkovice, approx.
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1000 m3), generated by exploration activities in the northwest of the Krasna

Hora-Mi | egov ore district.

The ore deposits are situated in a hilly area (altitude: 3007 550 m above sea
level). The prevailing soil can be classified as cambisol, andts thickness
is commonly thin (~60 cm for cambisols). The annual precipitation over

the past 40 years averaged 620 mm/year, andthe average annual temperature

was nearly 8°C.

3.2.2 Soil and mining waste sampling procedure

Eight samples of soils were obtained from two profiles, P and KH (Figure 3.1),

from down to a depth of 80 cm using a hand drill auger. Composite samples

of mine wastes were taken from three dump
with a stainless-steel hand trowel from the upper ca. 20 cm of the dump

(Figure 3.1) and packed in polyethylene bags. In the laboratory, the samples

were air-dried and sieved to obtain the < 2 mm fraction. For bulk chemical

analyses, a split subsample was ground in an agate ball mill Retsch PM 400,

Germany) to analytical fineness.

3.2.3 Chemical analyses

The pH was measured with a WTW multimeter equipped with a SenTix41 pH
electrode (WTW, Germany) in a 1:2.5 soil-distilled water suspension after 1 h
agitation (Pansu and Gautheyrou, 2006). Total acid digestion was carried out
in a closed microwave digestion device (Multiwave 5000, Anton Paar,

Germany) using concentrated HNO3z and HF at a 3:1 ratio, and with 0.2 g
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of sample and 12 ml acid. The digestion of two certified soil reference
materials (NIST 2710a Montana | Soil and NIST 2711a Montana Il Soil) was
carried out for quality control (Table S1). The level of precision for the
duplicate digestions of the samples andsoil reference materials were within 9
% (except for Al, Ca, Mg, Na, which were within 25 %). The content of total
sulfur, organic carbon, and inorganic carbon were determined using a
combination of Eltra CS 530 and Eltra CS 500 TIC analysers (ELTRA,

Germany).

Three single chemical extractions were carried out in duplicate using

amodified method developed for As or Sb based on extractants commonly

used for oxyanions (Wenzel et al., 2001; Ettler et al.,, 2007). For water

extraction, 5 g of a sample was weighted into a 50 ml tube and mixed with

distilled water in a liquid solid (L/S) ratio of 10:1 using a horizontal shaker

(24 h, 100 rpm) (Ettler et al., 2007; Drahota et al., 2014). The suspensions

were measured for T, pH, and Eh using a WTW multimeter. The filtrate

(<y. i m) was split into two subsamples: (I
trace element analyses acidified with 1M HNO3, and (ii) subsamples for anion

analyses that were not acidified. The exchangeable As and Sb were determined

by 50 mM NH4H:POs shaken (100 rpm) for 16 h (Wenzel et al., 2001,

Nakamaru et al., 2006; Ettler et al., 2007) . Solution of 1M HCI (24 h, 100 rpm)

was used to release As and Sb associated with reactivEe species/Fe(lll)

(hydr)oxides (Huerta-Diaz and Morse, 1990; Kostka and Luther, 1994).
Filtered (< y.m Tm) aliquots of duplicate

Al, Fe, and Mn by ICP OES Agilent 5100, USA) or ICP MS (Thermo Scientific
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Xseries!, Germany), with repeat analysis displaying an analytical precision
within 8 %. The concentrations of the major anions were determined using
HPLC (Dionex ICS-2000, USA), and the alkalinity was determined

by microtitration (Schott TitroLine Easy automatic titrator, Schott, Germany).

3.2.4 As and Sb leaching in the phosphate solutions

To determine the effect of low PO4% levels on As and Sb leaching from
agricultural soils, 2 grams of dry soil samples (P30 and KH30) were
equilibrated with a 40 ml solution of varying PO43 concentrations (0, 0.001,
0.01, 0.1, 1, and 10 mM) for 1 and 14 days in the dark at room temperature.

Afterwards the samples were centrifuged (3000 rpm) and filtered through

ay. " T m nylon filter prior to the analysi

3.2.5 Mineralogical analyses

The heavy mineral fraction was separated from two soils (P30, KH30) and all
of the mine waste samples by centrifugation in 1,1,2,2-tetrabromethane
diluted with 1,4 -dioxane (specific gravity of 2.70 g/cm?3). The mineralogical
composition of the bulk samples, heavy mineral concentrates, grain separates,
and clay fractions were assessed by Xay diffraction (XRD) using a X Pert
Pro diffractometer (PANalytical, the Netherlands) with a X'Celerator
detector, Cu KU radiation &70°2theta, WiV,
a step of 0.02° and counting time of 300 s per step. X Pert High Score plus 3.0
software coupled with the ICDD PDF-2 database was used for analysis

of the XRD patterns.
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The heavy mineral concentrates were prepared as polished sections and
examined using a JEOL JXA-8530F electron probe microanalyzer (EPMA,
Japan) equipped with a FEG for SEM imaging and EDS analysis. The same
instrument was used for quantitative chemical analysis of the individual
phases and Xray mapping. The analytical conditions, standards, and

detection limits are given in Table S2.

Raman microspectrometric (RMS) analyses were performed on the grains
previously explored by EPMA using a Renishaw InVia Reflex Raman
spectrometer (Renishaw plc, UK) coupled with a Leica microscope (Leica

Microsystems, Germany) with a 50x objective lens, providing a spot diameter

ofca.Zi T m. Excitation was provided by

laser. The spectra were recorded at 0.1 to 5% laser power to avoid thermal

degradation over a spectral range of 100 1400 cm'1,

3.2.6 Data processing

Saturation indices (SI) of key As- and Sb-bearing mineral phases were
calculated via PHREEQG2 (Parkhurst and Appelo, 1999) with stability
constants derived from the Minteq.V4 database, with additional stability
constants for As minerals derived from Nordstrom et al. (2014), and for Sb
minerals derived from Majzlan et al. (2016). Statistical data treatment was

performed using the SigmaPlot 13.0 software.
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3.3 Results

3.3.1 Total As and Sb concentrations in soils and mining

wastes

Table 3.1 reports the physico-chemical properties of the mining wastes

and soils. The mining wastes were moderately alkaline due to the presence

of carbonate minerals that buffer the pH of the sulfidic wastes at relatively

high levels (7.97 8.1). The waste samples collected provide evidence

of different levels of S (0.36i 9.45 g/kg), indicating a different content

of the sulfide/sulfate minerals. The highest level of S-bearing minerals

andcar bonates occurs at PS2]ovy, and the |
to calcite due to the high content of Ca (Table 3.1). Slightly elevated contents

of Ca and Mg in the Krasna Hora and Proudkovice mining wastes rather

indicate the occurrence of dolomite. The soils were moderately acidic

(PS2 | ovy) or slightly ag¢andcan betclassifiec ut r al
ascambisols. The low contents of S and TIC indicate that sulfide/sulfate and

carbonate minerals were absent in the soils. Theconcentrations of trace

metals (Co, Cu, Ni, Pb, V, Zn) in the mining wastes and agricultural soils were

almost the same (Table S3), andthedi dndét significantly exc

average crustal abundanceqHu and Gao, 2008).

Table 3.1 shows the different distributions of As and Sb in the mining waste
and soil samples. Mining wastes exhibited As contents ranging from 320
mg/ kg (PS2]lovy) to hiity mg/kg (Proudkovic
210 mg/kg (Proudkovice) to 8740 mg/kg (Mile gov) . I n contr
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the agricultural soils exhibited only slightly elevated contents of these two
metall oi ds, ranging from i w mg/ kg

forAs; and from hfw mg/ kg (PS2]ovy) t
concentrations of As in the mining waste or soil profile are often accompanied
by relatively low concentrations of Sb and vice versa {Table 3.1), indicating
the variable distribution of the metalloids in the ores and soils. A look at the As
and Sb distributions of the soil profiles ( Table 3.1) discloses that their contents

were almost similar in the upper two samples (P10 and P30 or KH10 and

KHi y4), and that they displayed enrichment

aswell as in Sb (up to 3 times at Krasna Hora) when compared to the bottom
samples. The first phenomenon can be explained by the homogenization
of the cultivated layer (~40 cm) through agricultural activities such as
plowing. These activities result in the lateral transport of soil materials and
thus can possibly explain metalloid enrichment or depletion in the cultivated

layer.
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Table 3.1. Description and chemical composition of mine waste and agricultural soil samples (Pi P $2 | o viyKrasré Hora).

Values given in g/kg except As and Sb (mg/kg).

Sample Material Depth (cm) pH TOC TIC S K Na Ca Mg Al Fe Mn P As Sh

Mi | ego MW 51 20 813 42 22 036 312 10.2 184 149 470 2.69 051 166 713 8740
PS2| ov MW 51 20 805 24 16 945 28.0 052 46.7 6.56 5.67 3.96 1.05 1.13 318 1110
Proudkovice MW 51 20 789 83 19 120 26.2 6.31 17.3 36.3 567 3.68 0.51 1.79 1360 214
P10 soil 01 20 535 244 <0.1 031 321 9.22 487 6.64 3.45 221 0.84 1.62 208 284
P30 solil 2071 40 5.16 134 <0.1 0.21 34.2 951 502 811 421 238 0.80 1.64 181 309
P50 soll 407 60 5.12 94 <0.1 0.19 36.9 104 4.73 9.15 444 236 0.72 157 149 28.6
P70 soll 601 80 5.17 6.3 <0.1 0.13 36.9 9.72 471 11.0 459 244 0.61 1.74 104 35.6
KH10 soll 01 20 6.32 12.3 <0.1 0.19 239 14.1 10.3 6.08 3.63 191 0.60 0.93 48.9 254
KH30 soil 2071 40 6.41 11.2 <0.1 0.18 26.1 14.3 10.2 7.99 4.02 2.08 0.63 0.92 524 255
KH50 solil 407 60 6.83 34 <0.1 <0.1 278 14.0 14.0 121 523 3.14 0.61 095 39.6 113
KH70 solil 601 80 737 15 <0.1 <0.1 275 16.1 16.1 11.1 528 3.11 0.63 090 37.6 73.8

TOC: total organic carbon; TIC: total inorganic carbon; MW: mining waste
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3.3.2 Chemical extractions of soil and mining waste samples

The results of single chemical extractions of As and Sb are given irFigure 3.2

(the full set of numerical results is given in Supplementary Table S4).

The highest fractions of water-soluble As and Sb occur in mining waste from
Milegov (As: ho, h 0, Sb: y. 4+ %), ®eoudkov
upper soil layers from Krasna Hora (As: 0.3i 0.4 %; Sh: 1.1 1.7 %). All of these

samples also have much higher fractions of adsorbed (phosphateextractable)

As (1.91 13.2 %) and Sb (1.7 3.4 %) compared toboth the mining waste

(Q9%) and agricultural soil (O y.vY %) ai

mobilization potential of both metalloids at this site.

The results of HCI extractions indicated that the highest amount of reactive Fe

phases occurred in the miniidtmeswhiglset e a't P
compared to the other mining wastes and soil samples (Table S4).

The fractions of the metalloids bound to these reactive Fe phases varied

between 13 % and 41 % in the mining wastes, and 2 19 % in agricultural soils.

In the mining wastes, the highest fraction of As (41 %) and the lowest of Sb

(13 %) occurred in Proudkovice sample; the highest fraction of Sb (31 %) and

the | owest of As (N %) o ¢ cthemagriaultbrali n t he
soils, the HCl-extractable fraction of As (13118 %) was higher than

the fractionof Sb(2i" i %) . The noticeably |l ow fract.i

to reactive Fe phases occurred in the soi
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3.3.3 Mineralogy of Sb and As in soils and mining wastes

The powder XRD patterns show that the soil and mining waste samples are

dominated by quartz, plagioclase, K-feldspar, mica, clay minerals (chlorite,

illite, kaolinite); and locally by amphibole (soil samples) or carbonate

minerals (mining wastes). All of the mining wastes contain minor calcite;

dol omite was only detect ed Figure Si)hMoremi ni ng
detailed insights into the mineralogy of the environmentally important phases

were provided by XRD investigation of reddish-brown grains separated from

the heavy mineral fractions. The XRD patterns of these separated grains

revealed thepresence of goethite in the mining waste at Proudkovice and

PS2]ovy. They also revealed pyrite t he

=]

in the soil at Krasna Hora (Figure S1).

A detailed electron microprobe investigation of the heavy mineral fractions

indicates that the principal As and Sb carriers are secondary mineral phases,
accounting for ~93 % and 100 % of the As- and Sb-bearing grains examined
from the mining waste (~80 EPMA analyses in 33 grains) and soil samples
(~50 EPMA analyses in 17 grains), respectively. Primary As and Sb ore
minerals only occur in minor to trace amounts in the mining wastes, and

include arsenopyrite, stibnite, and As-bearing pyrite (Figs. 3a, c; S2a b). The
secondary As and Sb phases are mostly found irthe form of heterogeneous
mineral aggregates (Figs. 3ab, d, f, g; 4; S2c,d), and occasionally as discrete
grains (Figure 3.3e) or rims around the primary sulfides (Figs. 3c, S2a, b).

The secondary As and Sb-bearing phases in the mining waste and soil

samples are mainly represented by Fe, CaSb, Ca-Fe-Sb (hydr)oxides (Figure
86
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3.4) and clays. Rare or negligible secondary phases included Gde-As and Mn
(hydr)oxides (Table S5). The RMS analyses were carried out on the spots
ofthe EPMA analyses andenabled mineralogical identification

of Mn (hydr)oxides and ~40 % of Fe (hydr)oxides. Attempts at recordings
of the Raman spectra ofthe remaining Fe (hydr)oxides (mostly in the mining

wastes) andall of the Ca-Sb, CaFe-Sh, and CaFe-As phases using various
laser excitations (514.5 and 785 nm) failed due to the fluorescence effect.
This may suggest that these phases are poorly crystalline and/or contain
elevated contents of organic matter or luminiscent ions (Hanesch, 2009;

Panczer et al., 2012)
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Figure 3.3. Back-scattered electron images of As and Sb- bearing secondary

phases from mining wastes (ae) and agricultural soils (f, g). (a) Aggregate of As

rich Ca-Fe-Sb (hydr)oxide, aluminosilicates, and arsenopyrite (Apy) from

Mil egov. (b)) SpheFeSh8I pbhgseght emddsbCagov.
(hydr)oxide growing on stibnite (s8R from
(hydr)oxides (HFO) from PS2|ovy. (e) Discr
HGoet hite (Gth) and Mn (hydr)oxide (HMO)
(g) Hematite from the soil KH30 (Krasn& Hora). (h) Raman spectra obtained from

locations R1-R3. Elemental concentrations are expressed in wt. %

of the corresponding oxide (As20s, CaO, Fe0s, MnO2, Sh,0s, SI0y).

The most common As and Sb-bearing secondary phases are Fe(lll)
(hydr)oxides. They dominate the heavy mineral fractions of both the soil

samples as wel | as mining wastes from PS

88



Applied Geochemistry 152 (2023) 105665

to RMS, the Fe (hydr)oxides are represented by goethite &-FeOOH) and

hematite (Fe20s) (Figure 3.3h). These Fe (hydr)oxides contain highly variable
concentrations of As and Sb (Table S6) that (onaverage) increase from
0.1 wt. % As,Os in the soil KH30 (Krasna Hora) to 2.9 wt. % As;Os in the soil
Piy (PS2]lovy). The | owe st (M8 \nethea BGee cConce
(hydr)oxides occurs in the soil P30 (0.2wt. %) and the highest average
concentration (1.8 wt. %) occurs inthenear by mining waste o
The As or Sb concentrations inthe goethite, hematite, and Fe (hydr)oxides
with fluorescence effect are quite similar, indicating that there was no
preferential binding affinity of these metalloids to different Fe (hydr)oxide
species. In contrast, concentrations of As and Sb in Mn (hydr)oxides are
always lower compared to neighboring Fe (hydr)oxides, indicating lower
affinities of the metalloids to the Mn (hydr)oxides ( Figure 3.3f). The RMS
analyses ofrare Mn (hydr)oxides corresponded to the hollandite -group

minerals (Bernardini et al., 2019) .

In the mining wastes, the rare arsenopyrite and stibnite crystals are frequently

coated by oxidation rims, which consist of Ca-Fe-As (hydr)oxides (Figure S2a)

and CaFe-Sb (hydr)oxides (Figure 3.3c), respectively. The latter secondary

phases, which also frequently occur as aggregates and discrete particles,

arel i kely the most i mportant Sb carrier in
(Figure 3.3a, b). The CaFe-Sb (hydr)oxides contain 2.37 9.5 wt. % CaO, 8.4

32.6 wt. % Fe>Os, and 24.3i 70.9 wt. % Sb,0s. IntheMi | egov mi ni ng wa
they also contain elevated As contents (2.9 10.5 wt. % As;Os); implying that

these phases are also a major carrier ofAs here. The CaFe-Sb (hydr)oxides
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were occasionally also detected inthePS2 ] ovy mi ning wast

in agricultural soil KH30 ( Figure S2d), but the concentration of As in these

CaFeeSb (hydr)oxides was al waywtk %a@)ni fi can

Lesscommon CaSb (hydr)oxides were only detect e
waste. They contain 11.9' 13.8 wt. % CaO and 52.9 62.6 wt. % Sh,Os. Their

As concentrations awt& AsOseay thosd intheeCe ( O h . w
Fe-Sb oxides (Table S5), implying that CaSb (hydr)oxides are not important

reservoirs of AsintheMi | egov mining waste.

3.4 Discussion

3.4.1 Distribution and mineralogy of Sb and As in soil and

mining waste

The concentrations of As and Sb and their ratios in the mining wastes andsoils
are found to vary within the area of Sb-Au ore districts, indicating that
mineralization of the ore deposits is not uniform and distribution of primary
As and Sb minerals in the ores is variable( NODmec and Zachari 8g¢g
The highest concentrations of As and Sb were predominantly found
in the mining wastes, while their concentrations in agricultural soils are
usually a few times lower and did not reach the maximum levels (ca. 2000

mg/kg) previously documented in the soils of these districts (Turnovec, 1975).

Primary As and Sb ore minerals (stibnite, arsenopyrite and arsenian pyrite)
were only identified in the mining wastes, where they occupy a minor fraction

of total As and Sb. The mineralogy of their oxidation products reflects
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the chemical compositions of the primary sulfides as well as the chemical
properties of the weathering solutions. The slightly alkaline pH (7.82 17 8.56)
and dominance of C&* in the water leachates indicate that the chemistry
of the weathering solutions in the mining wastes is controlled
by the dissolution of calcite. Consequently, arsenian pyrites transform
to As- and Sb-bearing Fe (hydr)oxides, arsenopyrite isreplaced by CaFe
arsenate with the stoichiometry corresponding to arseniosiderite or yukonite
(Paktunc et al., 2015); and stibnite is altered to Ca-Fe-Sb (hydr)oxides

(Figs. 3c, S2a,b). In accord with the mineralogical results, goethite, hematite,

and arseniosiderite are always saturated in the water leachates (Table S7).

Schafarzikite (FeSkp0Os), brandholzite (Mg[Sb(OH) ¢]2-6H20), and Sb oxides
(valentinite and sénarmontite; both Sb203) are always undersaturated,
but the water leachates are saturated with respect to crystalline tripuhyite.
This mineral has been found to be the most common secondary Sb mineral

in mine wastes and contaminated soils (Majzlan et al., 2011; Mitsunobu et al.,

2011; Lalinska-Vol ekova et al ., Aoy h;fhowevédrulowk o v i |

temperature conditions always yield tripuhyite with poor crystallinity and a

large surface area(Majzlan et al., 2011; Mitsunobu et al., 2011) . The stability
of highly crystalline tripuhyite is likely of little relevance to the poorly
crystalline tripuhyite, with its large surface area (Majzlan et al., 2016; Burton
et al.,, 2020); therefore, the calculated saturation indices for this mineral
(Table S7) are likely too high, and do not correspond to the poorly crystalline
tripuhyite potentially formed in the mining wastes and soil. The requirement

for higher aqueous Sb(V) concentrations to create oversaturated conditions

for poorly crystalline tripuhyite in our samples, as well as the favorability
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of its formation in acidic conditions, indicate that formation of this mineral

is likely restricted to acid microenvironments around the primary Sb sulfides.

Therefore, the Ca-Fe-Sb (hydr)oxides in the oxidation rims of stibnite as well

asthedi screte grains in the miningaelyaste at
in the agricultural soil at Krasna Hora) could be tripuhyite. Large deviations

in the chemical composition of Ca-Fe-Sb (hydr)oxides (Fe/Sb molar ratios

between 0.2 and 2.7, with highCaand Ascone nt s) from tripuhyite
composition documented in this study are a common feature for this phase
(Lalinska-Vol ekova et al ., fhyhh; BéEardxample,v 8 Radk
Lalinska-Volekova et al. (2012) reported that tripuhyites from mine wastes

in Slovakia contain upto 7.9 wt. % CaO, up to 10.8 wt. % As;Os, and that

the Fe/Sb molar ratio is between 0.3 and 5.7. Less common CaSb

(hydr)oxides are chemically close to hydroxycalcioroméite (CaxSh,Os-5H20)

from the pyrochlore -group minerals. Consequently, it is highly probable that

a significant part of Sb, as well as an appreciable part of As in the Skrich

mining wastes (Milegov and PS2]ovy), ar ¢
in the structures of both tripuhyite and the pyrochlore -group of minerals. This

is in agreement with the previous results of Courtin-Nomade et al. (2012),

Di emar et al . (hPywy ), Jurkovi | et -al . (h
Volekovova et al. (2012), who showed that the association ofthese two

minerals is very common, and usually represents the major Sb phases

in different types of mine wastes and contaminated soils.

A large fraction of As and Sb in both the agricultural soils and mining wastes

at Proudkovice and PS2|ovy is aeowelhd to t
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known adsorbents of As and Sb, with poorly crystalline (reactive) phases
exhibiting the highest adsorption capacities (Dixit and Hering, 2003;
Mitsunobu et al., 2010) . Poorly crystalline Fe (hydr)oxides were not detected

using RMS (likely due to the strong fluorescence effect), but they should
precipitate as indicated by the calculated saturation indices (Table S7).

Their presence in the samples is further supported bythe relatively high
amounts and fractions o0f38%ofthe mtaltFe)bl e Fe
The extraction data also indicate that reactive Fe (hydr)oxides bound high
amounts a&f%dfs tiDe tot al 314 0of theatatal Sbb ( O
However, these associations could be significantly overestimated (especially

in the mining wastes) due to the high reactivity of the Ca-Fe arsenates

(and potentially Ca-Fe-Sb and CaSb (hydr)oxides) under the acidic
conditions of 1 M HCI extraction (Paktunc et al., 2015). In accord with this
speculation, EPMA data indicate that the concentrations of the metalloids

in the goethite and hematite are similar with those in the unidentified Fe
(hydr)oxides with a strong fluorescence background (Figure 3.4). All of these

findings further indicate that the metalloids are not preferentially sequestered

in the reactive Fe (hydr)oxides.

The highly variable concentrations of Mn, Si, Al, and Mg and/or K
in the Fe (hydr)oxides (Table S5) indicate that these phases are frequently
coprecipitated with Mn (hydr)oxides and Mg - and/or K -rich clays (most likely
illite, Figure S1). Elevated proportions of the clay minerals
in the coprecipitates had no effect on the concentration of As or Sb (Table S5);

indicating that clays could also be important scavengers of these metalloids.
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Figure 3.4. Triangular plots of the chemical compositions of the secondary As-
and Sb-bearing phases in the mining wastes and agricultural soils. Raman
microspectrometry: red symbols T hematite; blue symbols i goethite; gray

symbols i unidentified.

This is especially true for Sb, which is frequently concentrated in clays up to

1.0 wt. % SkpOs. Investigation of the complex mineral aggregates in the soil

from PS2|ovy (consisting of crystalline
showed a preferential association of As with Fe (hydr)oxides, and of Sb with

clay minerals (Figure 3.5). This finding is consistent with the exceptionally

|l ow fracti o% odxtSrbagqtOed .0y HCI fFigaen t he s
3.3b, Table S4); and it indicates that the clay minerals likely sequester
anappreciable percentage of the Sb (especi
can be strongly adsorbed by clay minerals(ligen and Trainor, 2012; Rakshit

et al., 2015), but many studies have provided evidence for a strong preference

of Sb binding to Fe (hydr)oxides (Scheinost et al., 2006; Mitsunobu et al.,

94



Applied Geochemistry 152 (2023) 105665

2006; van Genuchten and Pefia, 2016; Doherty et al., 2017; Barker et al.,
2020). For example, van Genuchten and Pefia (2016)found that sorption
affinity towards Sb(V) at pH + . (simil s
in the order of montmorillonite < Mn (hydr)oxide < poorly crystalline Fe
(hydr)oxide. However, in a system of competitive interactions between As and
Sb species, Sb(V) exhibits a lower sorption affinity to Fe (hydr)oxides,
particularly under neutral and alkaline conditions, than does As(V) (e.g., Qi
and Pichler, 2017; Wu et al., 2018). Fan et al. (2020) investigated the effect
of pH on the adsorption of As(V) and Sb(V) by black soils and found that
adsorption rates for Sh(V) at pH 4.0, 7.0, and 10.0 were substantially lower
than were those for As(V). They also found that the order of binding affinity
for different functional groups carried by the soil regarding As(V) and Sb(V)
were the same, except for Al O. It was found that Ali O presented the highest
binding affinity towards Sb(V). This is in accord with the findings of Doherty
et al. (2017), who documented more effective immobilization of Sb(V) than
of As(V) in co-contaminated soil by kaolinite amendments. Antimony(lll) can
also be adsorbed easily onto Ferich sheet silicates. (Majzlan et al., 2021)
predicted that Sb(lll) is adsorbed onto dioctahedral clays in the tridentate-
hexanuclear fashion, as it is in chapmanite [Fe:Sb(SkOs)O3(OH)].
Thus, the preferential association of As with Fe (hydr)oxide, and Sb with clay
mi nerals in the soil at PS2| ovy probably
effect of the faster adsorption of As(V) to Fe (hydr)oxide, and the stronger
binding affinity of Sb species to the positivelycharged functional group of Ali

O in clay minerals.
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Figure 3.5. Back-scattered electron image of Sbbearing illite (llit) and As -bearing
goethite (Gth) in the Piy soil (PS2|lovy) a
selected elements. Elemental concentrations are expressed in wt. % of the

corresponding oxide (As20s, Al,Os, Fe;03, MgO, Sh0s).
3.4.2 Implications for the mobility of As and Sb

The water-soluble fraction can be considered to be a chemically mobile

amount of a given element (Ettler et al., 2007). Generally, the amounts of As

and Sb leached in the water were relatively low (Table S4) and varied
significantly between the samples. Although the correlation between

the extractability and pH of the samples was not statistically significant,

thef act that soils at PS2]ovy yiel & | ower
of the total contents) may be partly related to the slightly acidic c onditions that

favor immobilization of the metalloids (Wilson et al., 2010; Fan et al., 2020;

Wang et al., 2021). Numerous studies, dedicated to comparisons of As and Sb

mobility in soil and mine waste environments, have ascribed higher mobilities
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to As (Ettler et al., 2007, 2010, 2012; Tan et al., 2018); yet, many other studies
demonstrated higher mobility to Sb (Gal et al., 2007; Fan et al., 2020; Wang

et al., 2021). In this study, higher mobility of As only occurredint he Mi | egov
mining waste; the other samples displayed similar mobilities of the metalloids

(soils at PS2]ovy) or higher mobility of
Proudkovice mining wastes). Higher mobility of Sb occurred in the alkaline

samples with high amounts of Fe (hydr)oxide, and thus can be ascribed to less

effective sorption of Sb(V) than with As(V) onto most common soil sorbents

(ca. Fe (hydr)oxides, organic matter) at high pH (Dousova et al., 2015; Qi and

Pichler, 2017; Fan et al., 2020). High pH conditions also occurred

inthemi ni ng waste at Mi |l e gpbasespeoiation offodihe s peci
metalloids in this material (As -bearing tripuhyite/Ca -Fe-Sb (hydr)oxides >>

Fe (hydr)oxides) is likely responsible for the higher As mobilization in the

mild extractants (Table S4).

Due to the experimental procedures employed in the present study, thedata

obtained can be compared with the EU batch leaching test EN12457-2/4 with

L/S of 10 L/kg (with an extraction time of 24 hours). Based on these
guidelines, only the Mil guigaiinefonhazardonsy wast e
waste for Sb (y. ! mg/ L), whil e the ot h
Proudkovice) also exceed the Sb (0.07 mg/L) and As (0.2 mg/L) limits for non -

hazardous waste (Table S8). There are naguideline values available

for soluble As and Sb concentrations in soils. As a reference, we can compare

these water-soluble concentrations with standards for drinking water.

Forcompari son, the drinking wHSEPA 208 r eshol
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and Sb (+ 1g/L; USEPA, hhyhw) were frequen
(<3x for As and <3x for Sh) as well as in mining wastes (<150x for As and
<900x for Sb). Although the percentages of the metalloids leached in water
were relative% pfthe dotml cgn@nts); thé concentrations
of the metalloids in the water extracts of the mining wastes were likely

of ecotoxicological relevance.

The 50 mM phosphate-extractable As and Sb concentrations correspond

to adsorbed or exchangeable pools of the metalloids (Wenzel et al., 2001;

Ettler et al., 2007). Our extraction data indicated that As (0.87 13.2 %

ofthetotal As) was adsor bed with higher efif i ci enc
of the total Sb). This phenomenon is well known (Ettler et al., 2007; Mdller et

al., 2007; Rouwane et al., 2016) and may be attributed to: (i) a higher

specificity of phosphate to adsorbed As species or simply to (i) a higher

amount of adsorbed As in the samples due to the higher effectiveness oAs(V)

sorption at high pH (Qi and Pichler, 2017; Fan et al., 2020). The interaction

of agricultural soil samples with different levels of PO, ( O hy mM) shows
that PO43" concentration as low as 0.1 mM (~9.5 mg/L POy) increased the

soluble concentration of As by 33%and50%i n t he soi |l at PS2] ov
Hora, respectively. The observed increase ofextracted As with the increasing

concentration of PO4%" in solution ( Figure 3.6) is consistent with other studies

involving soils and sediments (Wenzel et al., 2001; Goh and Lim, 2005; Wang

et al., 2021; Venhauerova et al., 2022) Similar trends have been reported for
Sh(Nakamaru et al., 2006; Wang et al., 2021), but our results do not indicate

phosphate-induced release of Sb; rather, extracted Sb levels decreased at high
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levels of PO ( O h FigiMe 3.6). The decrease of extracted Sb at high
PO4%" concentrations were accompanied by the decrease of solution pH
(by up to 0.7 standard unit), which enhances the affinity of soil compounds
to adsorb the metalloids species (Dixit and Hering, 2003; Mitsunobu et al.,
2010; Fan et al., 2020). The release of As and Sb substantially increased with
time, but the effect of POs3" was negligible (Figure 3.6). These results imply
that the addition of a small amount of PO,% into the agricultural soils can
potentially enhance the mobility of As, while the mobility of Sb in these

environments is instead controlled by pH.

3.0 3.0
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P30 - Pricovy g KH30 - Krasna Hora
254 o 251 el
= W 24 hours = = M 24 hours | |
5 201 14 days 3 B 207 14 days E
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Figure 3.6. Effect of different PO concentration (07 10 mmol) and extraction
time (1 day or 14 days) on the extractability of As and Sb from agricultural soils
from PS2]ovy and Kr&8sn§ Hora. The gray fie

PO43" concentrations in soil solutions.
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3.5 Conclusion

The results of the mineralogical analyses (XRD, EPMA, Raman
microspectrometry) as well as the single chemical extraction showed that As
and Sb occur in several secondary phases and displayed different mobilities
in the studied mining wastes and agricultural soils. The major Sb phases
in the mining wastes are CaFe-Sb (hydr)oxides and CaSb (hydr)oxides,
which probably correspond to tripuhyite and pyrochlore -group minerals,
respectively. In contrast, secondary As minerals (CaFe arsenates) were rare
in the mining wastes, and most As was sequestered by secondary Sb phases
and Fe (hydr)oxides. Arsenic and Sb inthe agricultural soils were mainly
bound to crystalline Fe (hydr)oxides (goethite and hematite). Clay minerals
seemed to be another group ofminerals incorporating the metalloids, with
ahigher affinity toward Sb. The preferential association of Sb with clay
minerals in some samples was accompanied by a very low mobility of Sb.
This finding further emphasizes the need for consideration of the role of clay
minerals in the sequestration of Sb species in the complex systems

of contaminated clayey soils and wastes.

Immobilization of the metalloids was not sufficient to mitigate the risks posed
by the waste dumps. The EU regulatory leaching test, EN 1245%2/4,
indicated that relatively high amounts of metalloids were leached from
the waste materials, and that both contaminants, in most cases, exceeded
the limits for non -hazardous waste landfills. The stability of Asand Sb in the
mining wastes and soil was affected by boththe pH and competing phosphate.
The results indicated that the mobility of Asand Sb increased with increasing
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pH, and that (in most samples) the mobility of As was lower than that of Sb,
due to the higher efficiency of As adsorption at high pH. However, the leaching
of the agricultural soils by different PO3" concentrations revealed only
the mobilization of As at POs3" concentrations greater than 0.1 mmol/L
(~9.5 mg/L PO 4%). These results imply that high loads of phosphate from
fertilizers into agricultural soils can potentially enhance the mobility of As,

while in these environments the mobility of Sb is instead controlled by the pH.

All off these results are important for the management of contaminated soils
or wastes to limit offsite migration of metalloid contaminants via leaching and
runoff. Furthermore, the waste dumps are uncovered and fine-grained waste
material can be prone to wind erosion. Therefore, measures to prevent further
dispersion of As and Sb by wind erosion should be part of the strategy for the

protection of the surrounding ecosystems.
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Chapter 4

Dissolved phosphate decreases the
stability of amorphous ferric arsenate
and nano -crystalline yukonite

T Article 11l

Summary of the article

This study focuses on the effect of dissolved phosphate on the stability
of metastable ferric arsenate mineral(oid)s, such asX-ray amorphous ferric
arsenate (AFA) and nano-crystalline yukonit e. Previous research byDrahota
et al. (2014) documented high reactivity of AFA, where a 0.01 M phosphate
was able to release 12 %As from this mineraloid within 24 hours , indicating
rapid substitution of arsenate by phosphate tetrahedra in the short-range
structure of poorly- or nano-crystalline mineral(oid)s such as AFA

or yukonite.

To observe how phosphate influences the stability of these arsenate
mineral(oid)s , this research was designed as a one-year batch experiment
using different concentrations of dissolved phosphate (0, 0.5, 50 mM).
The studied samples were synthetic mineral(oid)s and natural soil and mine
waste samples containing these phases One-year interaction with high
phosphate concentrations resulted in a significant release of As

(approximately 45% of total As) from both AFA and yukonite and
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sequestration of 8 wt. % of P(V) in the form of amorphous ferric phosphate
(APF) and approximately 207 30 % accounting for adsorbed species.
The formation of AFP is probably due to incongruent dissolution
of the mineral(oid)s or by isomorphic substitution of arsenate by phosphate
in the mineral(oid)s. Significant sequestration of P(V) was also observed
in natural soil and waste samples; however, it was less efficient compared
to synthetic arsenates, likely because of diffusion limitations in the large
minera(loid) aggregates and the presence of competitivephosphate sorbents.
Given the findings of this study, we recommended the careful consideration of
the usage of inorganic phosphate in natural systems with high amount of

arsenate mineral(oids) to mitigate the mobilization of As.

Undergoing the review process of Journal of Hazardous Materials.
Venhauerova -Stubbe P., Mikutta C., Matulkov4 I., & Drahota P. (2024).
Dissolved phosphate decreases the stability of amorphous ferric arsenate and

nano-crystalline yukonite.
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Dissolved phosphate decreases the
stability of amorphous ferric arsenate

and nano -crystalline yukonite

Petra Stubbe*, Christian Mikutta °, Irena Matulkovéa @, Petr Drahota?

aCharles University, Prague, Czech Republic

bGottfried Wilhelm Leibniz University Hannover, Hannover, Germany

Abstract

Extensive research has been conducted on the competitive adsorption
of arsenate (AsQ?) and phosphate (PO:3) to mineral surfaces, but the
stability of ferric arsenate mineral(oid)s under elevated phosphate levels
remains poorly understood. Therefore, we investigated the impact of dissolved
phosphate (0, 0.5, 50mM) on the stability of X -ray amorphous ferric arsenate
(AFA; FeAsOs-nH,0) and nano-crystalline yukonite
[CazFes(AsOa4)3(OH) 4-4H20], both synthetic and contained in natural As-
contaminated soil (~16 g/kg As) and mine-waste material (~39 g/kg As)
for up to one year. Substantial amounts of As (~45 % of total As) were released
into solution from AFA and yukonite at high phosphate concentrations due
to incongruent dissolution of the solids and substitution of arsenate

by phosphate in both mineral(oids). After one year, both solids sequestered
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~8 wt. % P(V) with approximately 207 30 % accounting for adsorbed P(V)
species. This P(V) increase was also observed ithe soil and mine-waste
samples, where AFA and yukonite comprised up to 4.3 and 4.9wt. % P(V),
respectively. The high reactivity of ferric arsenates with aqueous phosphate
may require the elimination of phosphate treatments from sequential

extraction procedures for materials containing these phases and increased
caution when applying phosphate to stabilize polymetallic mine wastes.
Furthermore, the long-term phosphate additions via fertilization

to As-contaminated soil or renaturalized mine tailings containing ferric

arsenates should be reduced to limit the export of As(V) into surface streams

and groundwater.

4.1 Introduction

The geochemical cycling and mobility of arsenic (As) are significantly
influenced by its interaction with other chemical species, particularly agueous
phosphorus (P) (Woolson et al., 1973; Davenport and Peryea, 1991; Peryea
and Kammereck, 1997). Phosphorus and As form an unequal pair with several
shared characteristics, including a preference for the pentavalent oxidation
state under oxic conditions, similar speciation in aqueous solutions,
and predominant tetrahedral coordination with oxygen (e.g., Bolanz et al.,
2016). The chemical similarities shared between P(V) and As(V) result
in desorption, reduced adsorption or substitution of arsenate (AsO4*)
by phosphate (PQs3-), and vice versa, in many solid compounds (Mahapatra

etal., 1989; Jain and Loeppert, 2000; Liu et al., 2001; Endo et al., 2008; Tiberg
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et al., 2020). Iron(lll) (oxyhydr)oxides, in particular, are known for their high
reactivity toward arsenate and phosphate oxyanions (Hingston et al., 1971,
Ryden et al., 1987). The adsorption of arsenate and phosphate
on Fe(lll) (oxyhydr)oxides exhibits a similar behavior across a broad range
of pH values (Hingston et al., 1971; Liu et al., 2001), with maximum
adsorption occurring at pH 37 5 (Liu et al., 2001; Violante and Pigna, 2002;
Bissen and Frimmel, 2003). Both oxyanions compete for adsorption on Fe(lll)
(oxyhydr)oxides, and the desorption of one by the other has a limited capacity
(Liu et al., 2001; Neupane et al., 2014). Arsenic also enters the structure
of phosphate minerals by substituting P(V) in tetrahedral coordination with
oxygen (Mahapatra et al., 1989; Endo et al., 2008; Lee et al., 2009; Rouff et
al., 2016; Bolanz et al., 2016), and might form solid solutions with phosphate
minerals. For example, the ferric phosphate strengite (FePOy-2H20) can
partially incorporate arsenic to form a solid solution with the ferric arsenate
scorodite (FeAsOy-2H20) (Endo et al., 2008). Complete PQy-AsO, substitution
has been demonstrated in experimental studies of hydroxyapatite
[Cas(P0O4)30OH] and its arsenate analog, johnbaumite [Cas(AsO4)3OH] (Lee et

al., 2009).

X-ray amorphous ferric arsenate (AFA) (FeAsQ:-nH>0) and nano-crystalline
yukonite [CazFe3(AsO.)3(OH)4-4H,0] are common secondary mineral(oid)s
frequently encountered in mine waste materials (Courtin -Nomade et al.,
2002; Paktunc et al., 2004; Filippi et al., 2015) and contaminated soils
(Drahota et al., 2009, 2018). They can form as a product of arsenopyrite

weathering (Surour et al., 2013; Drahota et al., 2022) and frequently occur
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as coprecipitates with poorly crystalline Fe(lll) (oxyhydr)oxides (Surour et al.,
2013; Drahota et al., 2018). Although various advanced techniques have been
utilized to characterize the structure of AFA, there is still no agreement on its
atomic structure (Paktunc et al., 2008; Chen et al., 2009; Mikutta et al., 2013,
2014; Wang et al., 2016). The local structure was initially postulated to consist
of small linear polymers of single corner-sharing FeOs octahedra and AsQy
tetrahedra bridging adjacent FeOs octahedra (chain model) (Paktunc et al.,
2008). This model deviates from the scorodite-like framework model (Chen et
al., 2009; Mikutta et al., 2013, 2014) and the polymer model comprising small
chains of alternating FeOg octahedra and AsQ; tetrahedra (Wang et al., 2016).
While the formation of AFA is frequently observed at equimolar Fe/As ratios
and acidic pH (17 4) (Le Berre et al., 2008; Paktunc et al., 2008; Ehlert et al.,
2018), yukonite formation can occur at slightly acidic to slightly alkaline pH
values in presence of high solution concentrations ofCa(ll), Fe(lll),
and As(V) (Jia and Demopoulos, 2008; Bluteau et al., 2009; Gomez et al.,
2010; Paktunc et al., 2015). Yukonite represents a nano-crystalline precursor
and a Cadeficient variety of arseniosiderite [CazFes(OH) 6(AsO4)4-3H20] that

is locally similar (Paktunc et al., 2015; King et al., 2020).

Although AFA and yukonite are considered important phases at highly
As-contaminated sites, our understanding of the conditions that promote
their reactivity and stability is limited. Several studies indicated that
the short-range ordered structures of ferric arsenate mineral(oid)s could
be susceptible to substitution by PO 4 tetrahedra (Drahota et al., 2014; Filippi

et al., 2015). Filippi et al. (2015) studied the reactivity of several natural ferric
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arsenate species in a 50 mM phosphate solution and found that more than
10 % of As was released from AFA within 8 hours, while As release from
well-crystalline scorodi t-85H.®n was RegliBilkla. t e ( Fe
Considering these results, the introduction of phosphate into environments
rich in reactive ferric arsenates, whether through fertilization (e.g., inorganic
NPK fertilizers, sewage sludge or manure; Kahiluoto et al., 2015), effluent
discharge (Haggard et al., 2005) or within the framework of phosphate -based
remediation strategies (Harris and Lottermoser, 2006; Mauric and
Lottermoser, 2011) poses a severe potential for unintentional As release.
The repetitive application of phosphate sources to the environment may result
in increased aqueous phosphate concentrations, which can reach up to 0.26
and 0.32 mM in soil solutions and downstream waters, respectively (Sims and
Pierzynski, 2005; Haggard et al., 2005). Consequently, phosphateinduced As
release from ferric arsenate-containing soils or mine wastes may be
a previously overlooked environmental problem that requires further research

in order to accurately predict the long-term fate of As in such environments.

To address this, weconducted an experimental study that aimed to observe
the long-term interaction of dissolved phosphate with ferric arsenate
mineral(oid)s (pure solids) and As-contaminated soil and mine waste
with complex mineral compositions. The results of this study were used to
(i) test the hypothesis that AFA and yukonite are vulnerable to alterations
by aqueous phosphate, and(ii) identify possible controls of As mobility

in complex natural samples (soil and mine waste).
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4.2 Materials and methods

4.2.1 Sample preparation

Amorphous ferric arsenate was synthesized by preparing a 1 L solution
containing 0.02 M Fe(lll) [Fe 2(SO4)3nH20] and 0.02 M As(V)
(NazHAsO4-7H20), following the method described by Jia et al. (2006).
The solution was adjusted to pH 1.8 and stirred at this pH for 2 h. Yukonite
was prepared according to the method outlined by Becze and Demopoulos
(2007). Briefly, a mixture of Ca(ll) (CaSO4-2H20), Fe(lll) [Fe 2(SO4)3-nH20]
and As(V) (NaxHAsOs-7H20) with a molar ratio of Ca/FelAs
at 0.50/0.75/1.00 was heated to 95 °C. The solution was then adjusted to pH
8 using 1 M NaOH and aged at this pH and temperature for 24 h.
All precipitated solids were centrifuged, and the supernatants replaced with
deionized (DI) water (Millipore Academic system). This procedure was
repeated until the electrical conductivity (EC) of the supernatants reached

a constant value of ~300 uS/cm (~9 washes).

Two natural samples with complex mineral composition included mine waste
(MW) from the historical Giftkies mine waste dump at JA&chymov and soil from

the natural geochemical arsenic anomaly atSmolotely (both from the Czech
Republic). Their geochemical and mineralogical characterization was
performed in previous studies [mine waste PD1/7 by Filippi et al. (2015)
and soil B3 by Drahota et al. (2018)]. Arsenic in the MW sample (~3.9 wt. %)
is mainly bound to AFA, well-crystalline ferric arsenates (scorodite and

kaRkite), and Fe ( (Fligpiet al., 261§)h Arsknig i oil
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(~1.6 wt. %) occurs as two arsenate phases (arseniosiderite, yukonite),
and is associated with different species of Fe(lll) (oxyhydr)oxides (Drahota et
al., 2018). Both natural materials were sieved to < 2 mm, and subsequently
ground in an agate planetary ball mill (Retsch PM 400, Germany) to a particle

size of approximately 1 pm.

4.2.2 Batch experiment

The batch experiment was designed to study the longterm stability
of arsenate mineral(oid)s in three different phosphate solutions (0, 0.5, and
50 mM) prepared from reagent-grade NaH.POs-2H,O and DI water.
Theseconcentrations were chosen to reflect two environmental scenarios:
The low phosphate scenario corresponds to the concentration of phosphate
in soil solution of fertilized soils (Sims and Pierzynski, 2005), while the high
phosphate scenario reflects phosphate concentrations used for
the stabilization of polymetallic mine wastes (Harris and Lottermoser, 2006;
Mauric and Lottermoser, 2011; Neupane and Donahoe, 2013). For each
sample, 0.2 g of synthetic phases o012 g of natural materials (< 2 mm) were
placed in 100-mL PP bottles and mixed with 100 mL of phosphate solution
(duplicates). The samples were shaken horizontally (70rpm) at room

temperature (22 + 2 °C) for up to one year without pH adjustments.

Suspension aliquots (3.5 mL) were sampled at regular intervals (3, 8, 24, 72
h; 9, 30, 90, 365 days). Samples were filtered through a 0.2nm nylon syringe
filter, diluted, immediately acidified with suprapure HNO 3 (2 vol. %), and

analyzed for agueous element concentrations (As, Fe, Ca, P) using inductively
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coupled plasma-optical emission spectrometry (ICP-OES, Agilent 5100,
USA). During each sampling period, the pH of each sample was recorded
using a WTW multimeter with a SenTix® 41 electrode. At the last sampling
step, redox potential (En; SenTix® ORP redox electrode and WTW 3310
multimeter) and EC (TetraCorm® 325 electrode and WTW 3310
conductometer) were measured, and the filtrates analyzed for major anions
(F, Cl, Br, SQi, NO3, POs) using high-performance liquid chromatography
(HPLC; Dionex ICS-2000, USA) and bicarbonate using microtitration (Schott

TitroLine Easy automatic titrator, Germany) with 0.05 M HCI.

All solids were collected at the end of the oneyear batch experiment.
Additionally, synthetic arsenates were collected after 1 and 3 months from
aseparate set of batches treated analogously (Table S1). The solids were
separated from solutions by repeated centrifugation for 10 min at 5000 rpm
(UNIVERSAL 320 R, Hettich Zentrifugen, Germany). Subsequently, the solid
phases were subjected to one or twovashing steps with DI water until the EC
was below 150 uS/cm (Table S2). Afterwards, the solids were air-dried

in ventilated oven at 60 °C and stored in PRbottles for further analyses.

4.2.3 Solid-phase characterization

All synthetic arsenate samples were characterized in terms of color change
(Figure S1) and analyzed in triplicate for their chemical composition after
dissolution in concentrated HCI (reagent grade). Analyses were performed

after appropriate dilution using ICP-OES. The samples were characterized

byX-ray diffraction (XRD; PANal yti cal
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radiation), Raman microspectroscopy (785 nm; Bruker Senterra, Germany,
Olympus BX-Series and ANDOR DU420OE CCD), andattenuated total
reflectance (ATR) Fourier-transform infrared spectroscopy (FTIR; ATR
Diamon crystal; Thermo Fisher Scientific Nicolet iS50 FTIR spectrometer,
USA). The morphology and chemical composition of the synthetic phases were
examined using scanning electron microscopy (SEM; TESCAN Vega, Czech
Republic) equipped with an energy-dispersive X-ray spectrometer (EDS;
X-Max 50, Oxford Instruments, UK). Experimental details of these methods

are provided in the Supplementary Information.

The total elemental composition of the natural materials was determined

in triplicate using ICP-OES after microwave digestion in mineral acids
(Multiwave 5000, Anton Paar, Austria; HNO 3, HF, HCIOJ). All acids used were
of analytical quality or better. The standard reference material used for quality
control/assurance (QC/QA) was NIST 2710a (Montana | Soil); the results are

listed in Table S3. Thenatural materials were characterized by XRD and
atwo-step sequential extraction (performed in triplicate): Read ily soluble

As and P was determined by extracting samples in 0.05 mM (NH4)2SOs for 4 h
(Wenzel et al., 2001), and As and P bound to poorly crystalline arsenates
and metal (oxyhydr)oxides was targeted with a 0.2 M NH 4-oxalate extraction

for 2 h in the dark (Schwertmann, 1964; Drahota et al., 2014). The elemental
composition of the mineral phases in the natural samples prepared as polished
sections (EPOFIX, DP-Lubricant/ -Spray, Struers; Buehler PowerPro 4000,
Germany) was determined using a field-emission gun electron probe

microanalyzer (FEG-EPMA; JEOL JXA-8530F, Japan) equipped with
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five wavelength-dispersive spectrometers (see Supporting Information

for details).

4.2.4 Data analyses

Data of As and P solution concentrations were normalized to sample weight

on an air-dried basis. These data were analyzed by onavay ANOVA on ranks,

non-linear least-s quar es regressions, and for Spea
using SigmaPlot v. 15 (Inpixon GmbH). Saturation indices (SI) of phosphate,

arsenate, and (oxyhydr)oxide mineral(oid)s were calculated using PHREEQGC-

2 with the stability constants of the MINTEQ database, extended

by thermodynamic data of yukonite and arseniosiderite (Paktunc et al., 2015),

AFA and scorodite (Langmuir et al., 2006), and Ca phosphates from

the minteq.v4 database (Parkhurst and Appelo, 1999).

4.3 Results and discussion

4.3.1 Characterization of the solids

Powder X-ray diffraction and Raman spectroscopy analyses figure 4.1 and
S2) revealed that the synthetic phases closely resembled their natural AFA and
yukonite counterparts (Filippi et al., 2009; Gomez et al., 2010). The synthetic
AFA exhibited a slightly higher molar Fe/(As + S) ratio of 1.15 (Table S4)
compared to the ideal AFA (Paktunc et al., 2008). This phenomenon,
commonly observed for this phase, has been previously attributed
to the coprecipitation of AFA with As -adsorbed ferrihydrite (Paktunc et al.,
2008; Ehlert et al., 2018). In addition, the solids contained 1.87 wt. % S (Table
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S4). The FTIR spectrum of the synthetic AFA (Figure S4) showed prominent
SOy bands at 1157, 1119, and 1065 cni !, indicating the formation of inner -
sphere surface complexes ofulfate (Ross, 1974; Ehlert et al., 2018). The
chemical composition of yukonite has been found to be variable (Bohan, 2014)
due to its ability to incorporate various amounts of Ca, Fe, As, and OH/H>O
into its structure (Gomez et al., 2010). In comparison to most natural
yukonites (Gomez et al., 2010; Paktunc et al., 2015) wet chemical digestion
of our synthetic yukonite indicated more As and Ca, and less Fe (Table S4);
the molar Ca/Fe/As ratio corresponded to 0.9/0.8/1. The elevated
concentration of Na in the solid phase (0.25 wt. %) is consistent with high Na

contents commonly found in synthetic yukonites (Gomez et al., 2010).
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Figure 4.1. Raman spectra of AFA and yukonite collected after reaction in 0, 0.5,
and 50 mM phosphate solutions for one year.
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Powder XRD analyses of the natural materials identified quartz and
phyllosilicate minerals (muscovite/illite and kaolinite in the MW,
muscovite/illite and chlorite in the soil) as the dominant crystalline minerals
(Figure S3). Plagioclase and kfeldspar were minor minerals in the MW and
soil, respectively. Crystalline As minerals could not be unambiguously
detected in the natural samples, suggesting that their abundance was below
the limit of detection of this method (ca. 5 wt. %). The pH in the MW was 3.9
and 6.3 in the soil (Table S7). Both samples contained very high levels of As
(44.9 g/kg in the MW and 13.6 g/kg in the soil) and relatively low and similar

P levels (~1 g/kg) (Table S4). Oxalate extraction indicated that most of the As
(MW: 60 %; soil: 94 %; Table S5) was bound to poorly crystalline As phases
such as AFA and yukonite, and poorly crystalline metal (oxyhydr)oxides

(Drahota et al., 2014, 2018; Filippi et al., 2015) .

4.3.2 Evolution of solution compositions

Leaching of the synthetic arsenates and natural materials resulted
in the release of As, showing astrong negative correlation with dissolved
phosphate concentrations in all eight low (0.5 mM) and high (50 mM)
phosphate treatments (r = -0.91 to -1.00, p < 0.01), except for AFA at low

phosphate concentration (r = 0.55, p > 0.05) (Figure 4.2 and 4.3, Table S10).

Arsenic concentrations released from synthetic arsenates in the absence
of phosphate stabilized at0.75 mg/L for AFA after 3 months and probably
reached equilibrium at approximately 80 mg/L for yukonite after 1 year

of the experiment (Bohan, 2014). In presence of aqueous phosphate, Asvas
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rapidly released from the arsenates Figure 4.2 and S6). Three hours of
interaction in the low and high phosphate treatments increased the As release
by a factor of nearly 20 and 140 for AFA, and 2 and 12 for yukonite,
respectively (Table S7). However, the maximum release of As at low
phosphate concentrations (0.72 % for AFA and 12.6 % for yukonite) was
almost similar or slightly higher compared to the As release in DI water
(0.12 % for AFA and 11.7 % for yukonite). A strong concentration effect was
only observed in the high phosphate treatments, releasing 42 % of As from

AFA and 46 % from yukonite within 1 year.
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Figure 4.2. Trends of dissolved As and P concentrations in AFA and yukonite
suspensions containing 0, 0.5, and 50mM phosphate over the course of one year.
Error bars are smaller than the symbol size. The As data were fitted with a two-

pool first -order model (p < 0.10) where appropriate.
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Figure 4.3. Trends of dissolved As and P concentrations in mine waste (MW) and
soil suspensions containing 0, 0.5, and 50mM phosphate over the course of one
year. Error bars are smaller than the symbol size. The As data were fitted with a

two-pool first -order model (p < 0.10) were appropriate.

In these treatments, the molar ratio of sequestered P to released
As was approximately 4 for AFA and 2 for yukonite after 1 year, indicating that
apart from equimolar anion exchange, there must be other mechanisms
of phosphate sequestration which did not trigger the release
of As (non-competitive adsorption or precipitation). In addition to the effect
of phosphate concentration, pH may have controlled As release in our
experiments (Manning and Goldberg, 1997; Smith et al., 1999) . The pH values
in the high phosphate treatments were slightly higher (by 0.8 units) for AFA
or lower (by 3 units) for yukonite with respect to control samples in DI water
(3.0 for AFA and 8.6 for yukonite) or in low phosphate treatments (3.1 for AFA

and 7.4 for yukonite) (Figures S6 and S7, Table S7). Based on the solubility
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minima of AFA at pH 37 4 and yukonite at pH 57 8, such intensive As release
is unlikely to be caused by pH and was rather driven by the presence
of phosphate (Krause and Ettel, 1989; Langmuir et al., 2006; Bohan, 2014).
This conclusion is also supported by lack of correlation between pH
and released As in high phosphate samples (r =-0.3 to 0.5, p > 0.05) and
by a strong negative correlation between dissolved P and released As (Table
S10). Saturation indices for AFA and yukonite showed no variability in DI
water and low-phosphate samples €1.4 < Sl < -0.3 for AFA, -9.5<SI<-7.7
for yukonite) and change only slightly in high -phosphate treatments towards
saturation for AFA (-1.4 < S| < 0.2) and more intensive dissolution

for yukonite (-15.9 < SI <-12.7; Table S8).

The effect of phosphate solution concentration on As release was also
observed for the natural materials: Maximum As release occurred after 1 year
of treatment with high phosphate concentration, with approximately 14 %
of total As released from ferric arsenate-containing MW and 8 % from Ca-Fe
arsenate-rich soil. These values were significantly higher compared to those
in the DI water controls (MW: 7.5 %; soil: 1.3 %) as well as in the low
phosphate treatments (MW: 6.6 %; soil: 2.9 %). Similar As releases
in the controls and low phosphate treatments imply that incongruent
dissolution of natural ferric arsenates or mere As desorption from metal
(oxyhydr)oxides predominated at low phosphate concentrations in the MW,
whereas these effects were accompanied by competite anion exchange
in the soil. Molar ratios of sequestered P to released As > 1 in the low (MW

and soil: ~2) and high phosphate treatments (MW: ~5; soil: ~12) after 1 year
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indicate that both natural materials were capable of sorbing phosphate and
displacing surface-bound As. In the high phosphate MW sample was P was
effectively sequestered already during theinitial stage of the experiment (70
% in 3 days; Figure 4.3). In contrast, sorption of phosphate to soil in the low
phosphate treatment was slower and less effective (13 % in3 days), which may
be caused by a lower anion adsorption capacity of the soil compared
to the MW. Another reason for the less effective sorption of phosphate in the
soil can be attributed to its the higher pH value (soil: 5.51 5.9; MW: 3.171 4.3),
which was higher than the adsorption maximum of phosphate in most soils

(Neupane and Donahoe, 2013; Sato et al., 2023)

4.3.3 Mineralogical and chemical evolution of synthetic

arsenates

X-ray diffraction analysis of the solids after treatment with phosphate
solutions revealed no structural changes in the synthetic phases (Figure S2).
Transformation of AFA into leucophosphite [KFe 2(PQO4)2(OH)-2H 20] or its
isotypic NH s-dominant analogue spheniscidite [(NH 4)Fez(PO4)2(OH)-2H ,0]
(Cavellec et al., 1994) previously reported by Filippi et al. (2015) in 50 mM
phosphate solution, could not be detected inour experiments. These
contradictory results can be attributed to different parental solution

compositions (Na-dominated solutions in this study vs. NH s-dominated

solutions in Filippi et al., 2015).

X-ray diffraction patterns of yukonite revealed the precipitation of crystalline

brushite (CaHPO4-2H20) at high phosphate levels (Figures S2 and S5) in all
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solids collected from 1 month to 1 year. Calculated Sl for Ca phosphates
showed that all high phosphate solutions were in equilibrium ( -0.20 < Sl < -
0.06) with respect to brushite already after 3 hours and supersaturated with
respect to hydroxyapatite [Cas(PO4)30H] (2.4 < SI< 3.5; Table S8). On the
contrary, the low phosphate solutions were undersaturated with respect
to brushite (Sl < -1.2) but favored the formation of hydroxyapatite (9.7 > SI >
5.7). These findings indicate that the precipitation of brus hite occurred readily
by the release of Ca from yukonite in the high phosphate experiment and
controlled the concentration of dissolved Ca. The exclusiveformation
of brushite at pH < 6.5 has been reported by many investigators (Boistelle and
Lopez-Valero, 1990; Abbona et al., 1993; Arifuzzaman and Rohani, 2004), as
brushite nucleates more rapidly than hydroxyapatite at low pH. Boistelle and
Lopez-Valero (1990) demonstrated that the kinetic coefficient for nucleation
(K [ecm-3s1]) of hydroxyapatite is 18 orders of magnitude smaller than that of
brushite at pH 6.5. Therefore, brushite formation was favored under
conditions of high phosphate concentrations (pH 5.675.9), while
hydroxyapatite formation at both high and low phosphate concentrations was

kinetically hindered.

Raman spectra (Figure 4.1) confirmed our XRD measurements and
complemented them by identifying phosphate in AFA and yukonite samples
after high phosphate treatment. In the AFA samples, a new broad band
appeared at approximately 1030 cmi! and could possibly be assigned
to the symmetric stretching vibration band vsof POs (Zhang and Brow, 2011;

Sleiman et al., 2016; Kloprogge and Wood, 2017). Theantisymmetric
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stretching vibration probably occurred in the shoulder at approximately
1080 cm't (Kloprogge and Wood, 2017). These findings suggest
the occurrence of amorphous Fe(lll) phosphate (AFP), which displays a broad
band with shoulder at 12007 900 cmi 1 with maximum at ~1020 cm ' (Frost
et al.,, 2016; Mirabello et al., 2021). The position of the peak is highly
dependent on the Fe/P ratio and tends to shift toward higher wavelengths with
decreasing Fe content (L. Zhang et al.,, 2010; Kuczek et al., 2018)
In the yukonite sample, Raman measurements confirmed the occurrence
of brushite in discrete particles, suggesting its precipitation from solution
(Figure S5). TheRaman spectrum of yukonite revealed two newly formed
broad and weak peaks in the region between 960 cm! and 1020 cm'?,
probably corresponding to symmetric vi vibrations of PO43 and HPO.
in hydroxyapatite, brushite, amorphous Fe(lll) phosphates or octacalcium
phosphate (Griffith, 1970; Fowler et al., 1993; Zhang and Brow, 2011,
Kloprogge and Wood, 2017; Kuczek et al., 2018; MontesHernandez and
Renard, 2020). Raman bands at 315, 400, and 720 cm! attributable to

phosphate adsorption to yukonite could not be detected (Refait et al., 2007).

FTIR spectra of AFA and yukonite samples collected after 1, 3, and 12 months
of treatment in DI water and phosphate solutions are shown in Figure S4.
The spectra exhibited common molecular bands (H20, OH, and AsQ

vibrations; Figure 4.4; Table S9) expected for hydrated ferric arsenates

(Ondrug et al ., hyyy; Jia eThemanbrpadh yys ;

band at 31957 3327 cm' ! corresponds to stretching vibrations of OH bonds

involved into the hydrogen interactions of O-Hé O t ype, pedkil e
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at 16317 1634 cm'! indicates the bending vibration of H>O molecules.
The prominent bands at approximately 7807 820 cm'?® are attributable to vi
and vz AsO,3" stretching vibrations, consistent with IR spectra shown by Gieré
et al. (2003) and Garavelli et al. (2009) for natural AFA and yukonite,
respectively. The FTIR spectra of the solids after treatment with phosphate
exhibited new peaks in the region between 850 and 1200 cm 1, which can be
assigned tovi and vs vibrations of phosphate (Lincoln and Stranks, 1968;
Tejedor-Tejedor and Anderson, 1990; Arai and Sparks, 2001; RoncalHerrero

et al., 2009). The maxima of the new broad peak at 1058 cni?! for AFA and
1048 cm' 1 for yukonite at low phosphate concentrations resemble the nz band

splitting of inner -sphere adsorption complexes (Arai and Sparks, 2001;
Luengo et al., 2006). In the high phosphate treatments, however, FTIR spectra
of the solids evolved from that of pristine AFA and yukonite towards spectra
that increasingly resemble their mixture with amorphous Fe(lll) phosphate,
which is characterized by prominent phosphate peak at ~1020 cmi! (Wang et
al., 2017). The PQ8" bands increased in intensity with increasing phosphate
concentration and time, indicating increasing phosphate sequestration by the
synthetic arsenates (FigureS4). Simultaneously, the bands assigned to
arsenate and sulfate species (in AFA) slightly decresed in intensity, as
expected for some replacement of arsenate and sulfate byhosphate
(Carabante et al., 2010). These findings were supported by chemical analyses
of the solids using EDS and wet chemical digestions Figure 4.5, S8, and S9;

Table S6).
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Figure 4.4. ATR-FTIR spectra of the initial AFA and yukonite samples (top) and

those reacted in 0, 0.5, and 50 mM phosphate solutions for one year.

The highest and similar P concentrations in the solids treated with low

phosphate concentrations were detected after 3 months (7.9 g/kg in AFA and
7.8 g/kg in yukonite). The EDS and wetchemical digestion data indicated that
the molar Fe/As ratios of the AFA and yukonite samples after thelow
phosphate treatment were almost similar to the molar Fe/(As + S) ratio of the

corresponding solids treated in DI water (Figure 4.5 and S8), but the molar
Fe/(As + S + P) ratios were slightly lower (by upto 0.1). These findings
support the hypothesis that the prominent phosphate sequestration
mechanism in low phosphate solutions was adsorption. The concentration
of P sequestered bysynthetic arsenates in the high phosphate treatments was
by an order of magnitude higher and corresponded to 83 g/kg in AFA and 88
g/kg in yukonite after 1 year. The molar Fe/(As + S) ratios increased
significantly from the initial 1.15in  AFA and 0.91 in yukonite to 2.60 and 2.21

after 1 year (Figure 4.5), respectively. The release of As (and S in AFA) was
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compensated by sequestered P, which was reflected ithe molar Fe/(As + P +
S) ratios of 1.01 for AFA and 0.75 for yukonite after 1 year and negative
correlation between dissolved As and P in both samples (Table S10).
Sequestration of P was accompanied by a color change of the solids
(Figure S1), suggesting that arsenates transformed with time and phosphate
level. Theshift of initial colors to darker tones in AFA or rusty brown
in yukonite in the DI water as well as in the low phosphate treatment indicate
incongruent dissolution of arsenates and precipitation of Fe(lll)
(oxyhydr)oxides. This phenomenon is well known from solubility studies
of ferric arsenates and is accompanied by an increasing Fe/As ratio in solids,
especially at higher pH (Majzlan et al., 2015; Ehlert et al., 2018) . However,
lighter colors of AFA and yukonite in the high phosphate treatment compared
to the initial solids exclude the formation of Fe(lll) (oxyhydr)oxides and
support the spectroscopic results showing the formation of amorphous Fe(lll)
phosphate and brushite (only yukonite sample). Undersaturation of AFA and
yukonite indicate that the phosphate phases precipitated during
the incongruent dissolution of arsenates phases, however, solidphase
transformation of arsenates to phosphates through anion substituti on cannot
be excluded, especially in the AFA sample, which was close to saturation
for longer duration of the experiment. The final Fe/(As + P + S) ratios were
lower than those in the initial phases, documenting the presence of phosphate
sequestration mechanisms other than precipitation of Fe(lll) phosphate.
These mechanisms may include (i) the precipitation of brushite
in the yukonite sample and (ii) the non-competitive adsorption of phosphate,

which was hypothesized to be the prominent mechanism of phosphate
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sequestration in the low phosphate treatments. Assuming the equimolar

exchange of the anions, these mechanisms could account for nearly 20 %

of the total P in AFA and nearly 30 % in yukonite.

Svnthetic AFA & AFA-rich MW

0.30
O 0AFA *
a1 > 0.5AFA
0.25 ® 50 AFA
¢ TD
0.20 x.
5 o~
E0.15
o
0.10
0.05
0 T T S T T
0 0.5 1.0 1.5 2.0 25
molar Fe/As
0.15
: ® 50 MW
P . @ 0.5 MW
° O oMW
°
0.10 ‘
g
E °
o L
! .
0054 ‘@ L] » [ ]
L]
°
ol
e ——
0 5 10 15 20 25
molar Fe/As

Svnthetic vukonite & vukonite-rich soil

0.30
A0 Yuk
1< 0.5Yuk
0.25 1| & 50 Yuk
1|+ TD
0.20*: A
5 . T
Eo0.15-] ST
a
1 A
0.10
0.05
0 T = T T T
0 0.5 1.0 1.5 2.0 25
molar Fe/As
' F 3 A
0.15- N A,
1 IV L Lo
‘ A AA * “ LYY A 4
F 2N Lt
=0.10 A 4 Ty
50107 A a 4 4 500l
= & 0.5 Soil
Op 40 Soil
0.05 @_3?8 © o O ,
A A5L Bo M La
1 LA D
] ™ Arsoniosiderite | 2
0 -
0 2 4 6 8

molar Fe/As

Figure 4.5. SEM-EDS and EPMA analysis data for synthetic AFA, yukonite, and

natural samples containing these phases. The stars are calculated values based

on the total digestion (TD) of solid phases reacted in 0, 0.5, and 50mM phosphate

solutions for one year. Arrow points to theoretical arseniosiderite composition.
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4.3.4 Chemical evolution of natural materials

The wet chemical digestions of the natural materials, both pre- and post-
experiment supported our leaching data, showing the sequestration of P and
the substantial release of As (Table S6). Theconcentration of P in the treated
materials increased by 180 mmol/kg in the MW and 70 mmol/kg in the saill,

while the concentration of As decreased by 70 mmol/kg in the MW and 25
mmol/kg in the soil after 1 year. These data indicate a more than twofold
increase in anion exchange in the MW compared to that in the soil.
Considering the relatively similar anion exchange reactivity of synthetic AFA
and yukonite, the higher extraction of As and sequestration of P in the MW
were caused by the higher sorption efficiency ofthe MW compared to the soil,
influenced by either a pH effect (Alam et al., 2001; Gao and Mucci, 2001;
Neupane and Donahoe, 2013) orthe amount of mineral sorbents

in the samples as could be expressed by oxalate F@ able S5).

The molar Fe/As ratios in the oxalate extracts increased in the following order:
initial sample < DI < low phosphate < high phosphate (Table S5). This pattern
suggests that the composite materials predominantly released As from highly
reactive Fe phases duing the experiment, including AFA, yukonite, and
poorly crystalline Fe(lll) (oxyhydr)oxides (Drahota et al., 2014, 2018; Filippi
et al.,, 2015). Oxalate extractions further revealed that these phases
sequestered a major portion of phosphate from solution in both low (75 %
in MW and 65 % in soil) and high phosphate treatments (95 % in MW and 80
% in soil). An investigation of these phases usingEPMA confirmed the release

of Asand the sequestration of P, with the latter increasing with the level
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of phosphate treatment (Figure 4.5 and S7). The sequestered P content
in the phases from the high phosphate treatment exhibited high variability
(0.51 11 wt. % P,Os) and displayed a negative correlation with the As content
in AFA or yukonite (Figure S8). These findings strongly support the equimolar
exchange of the anions inthe structure of both mineral(oid)s in the composite
samples. However, P was predominantly caxcentrated in the rims of arsenate
particles (Figures S10 and S11), likely reflecting the diffusion-limited
transport of phosphate into their interior. A similar phe nomenon was
observed in the Asrich Fe(lll) (oxyhydr)oxides affected by long -term
interaction with low levels of aqueous phosphate in acontaminated fluvial
system (Venhauerova et al., 2022). The lack of correlation between As andP
in Fe(lll) (oxyhydr)oxides indicates that As coprecipitated by these phases
was not significantly substituted by sequestered P. EPMA data also showed
that the content of sequestered P by Fe(lll) (oxyhydr)oxides in the MW
substantially decreased with increasing Fe content in these phases
(Figure S8). This observation may be attributed to diverse mineral species
(ferrinydrite, goethite, akageneite, and hematite) in the MW (Filippi et al.,
2015) with varying sorption efficiency for phosphate (Parfitt, 1989; Wang, et

al., 2013).
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4.4 Conclusions and geochemical implications

In this study, we explored the stability of ferric arsenate mineral(oid)s under
varying concentrations of aqueous phosphate. Our complementary findings
demonstrated that interaction of phosphate with AFA and yukonite leads
to formation of amorphous Fe(lll) phosphate (AFP) by either (i) incongruent
dissolution of the ferric arsenates and precipitation of APF from solution
or (ii) by substitution for arsenate in the structure of AFA and yukonite, while
releasing relatively large amounts of As (~45 % of the tdal As
in the mineral(oid)s). We have shown that ~8 wt. % of P(V) can be sequestered
after a one-year interaction with 50 mM of aqueous phosphate, with a minor
fraction (207 30 %) potentially existing as adsorbed species. The sequestration
of P(V) by arsenate mineral(oid)s was also documented in natural composite
samples of mine waste and soil. However, the incorporation of P(V) into
natur al 48WA%) @@y uk oni49wt @D was less effective
compared to their synthetic counterparts under similar conditions.
This disparity was primarily attributed to the diffusion -limited transport
of anions in massive particles of natural mineral(oid)s spanning a size range
of approximately 100 to 600 um. Additionally, the presence of effective
mineral sorbents of P (clays and Fe(ll) (oxyhydr)oxides) in composite
samples (Gérard, 2016) might competitively sequester aqueous phosphate

through adsorption.

The high reactivity of arsenate mineral(oid)s in phosphate solutions indicates
that the selectivity of phosphate extraction for the adsorbed As fraction
introduces a considerable error if AFA or yukonite are present.
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Many sequential extraction protocols designed for speciation analysis of As
in contaminated materials contain phosphate extraction steps with
concentrations of 50 mM and higher (Wenzel et al., 2001; Keon et al., 2001,
Larios et al., 2013; Drahota et al., 2014). Therefore, the elimination of this
extraction step for materials with large amounts of one of these phases
appears tobe a reasonable solution. Additionally, long-term phosphate
additions via fertilization to As-contaminated soils or renaturalized mine
tailings containing ferric arsenates should be reduced to limit the export

of As(V) into surface streams and ground water.

In situ application of phosphate to contaminated soils and mine wastes has
proven to be an effective remediation method for the immobilization of several
metal pollutants (Ma et al., 1993; Harris and Lottermoser, 2006; Cao et al.,
2009; Mauric and Lottermoser, 2011; Mignardi et al., 2012; Neupane and
Donahoe, 2013; Hafsteinsdottir et al., 2015). Phosphate stabilization
treatment transforms reactive and bioavailable metal fractions into more
stable forms with reduced mobility. However, the opposite trend can be
expected for As incontaminated materials with a substantial amount of
arsenate mineral(oid)s, as the anion exchange in the structure of these phases
may dictate the mobility of As. Our findings suggest that the introduction of
high concentrations of phosphate into polymetal lic systems may increase the
risk of As release due to sorption competition, structural replacement of
arsenate by phosphate in arsenate mineral(oid)s or their increased

incongruent dissolution in the presence of phosphate.

129



Under review in Journal of Hazardous Materials
Acknowledgments

This research was supported by the Grant Agency of the Charles University

(GAUK no. 790120), and the Czech Science Foundation

( GAIN® 22-27939S). The authors wish to thank our colleagues

for the laboratory and instrumental support: Marie Fayadova (sample

digestion), Prof. Claus H. Riuscher and Adam Culka (Raman spectroscopy),

aswel | as Lenka J21 kov §OEBSuadalydés).iTze avthore § s k o v §
would also like to thank the German Federal Environmental Foundation that

awarded a fellowship to the main author.

130



Chapter 5

Conclu ding remarks

This thesis focused on studying the interaction between phosphate and arsenic
in various natural environments and experimental settings, ranging from
contaminated fluvial system affected by discharge oftreated -effluent
to agricultural soils and mine wastes rich in environmentally hazardous
metalloids (arsenic and antimony), as well as batch experiments with
synthetic ferric arsenates. The research was motivated by the observation that,
despite the number of studies on the immediate interactions of As and P(V),
the long-term effects of low phosphate levels on arsenic mobility in natural
settings, especially those rich in reactive arsenate phases have remained
underexplored. This gap is particularly significant given the widespread
introduction of elevated phosphate levels into different natural systems
through fertilization or effluent discharge. The research hypotheses we had
previously proposed, which focused on the mobility and geochemical behavior
of As under prolonged interaction with low phosphate levels, were studied

in detail in Chapters 2i 4, and their main conclusions are summarized here.

Among the main findings of this thesis is that phosphate can significantly
reduce the stability of poorly - to nano-crystalline arsenate phases (Chapter4).
These results imply that the levels of dissolved phosphate used inthe
stabilization treatment of metals in mine waste and other contaminated

materials can easily and quickly trigger the significant release of aqueous

arsenic from the reactive arsenate phases, which transform to amorphous
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phosphates. A second important finding is that phosphate concentration
aslow as 0.1 mM (equivalent to 9.6 mg/L) can increase As mobility (up to 50
%) in agricultural soils or streambed (Chapters 2 and 3). In both cases,
the minimum phosphate concentration capable of enhancing the mobility
of As consistently slightly exceededthat of water-soluble phosphate levels.
These findings imply that phosphate can control the mobility of As in natural
systems affected byelevated phosphate loads, such as agriculturalsoils and
fluvial systems. We have found that short-term changes (in hours and days)
in phosphate loadings into the fluvial system were negatively correlated with
As release from the streambed sediment, indicating the establishment
of a certain equilibrium between phosphate and As over several years of their
interaction. However, even during such
our observations have consistently documented the release of As from
the streambed sediments even after more than seven years. We attiiute this
phenomenon to the long-term interaction of aqueous phosphate with
Asin the interior parts of Fe (hydr)oxide aggregates, where As release

is controlled by slow diffusion of solutes through these aggregates (Chapter 2).

All of these findings indicate that phosphate induces the mobilization of As
in complex natural materials if the concentration of phosphate exceeds
the sorption equilibrium between these two anions. Such a mobilization may
then proceed for a very long time even at low phosphate loads

by the mechanism proposed above

The research advises a cautious approach to the application of phosphate,

particularly in the form of inorganic fertilization, effluent discharge |,
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or phosphate-based remediation strategies in environments contaminated
with As, especially when ferric arsenate mineral(oid)s are present to mitigate
the transport of arsenic to groundwaters and other fluvial systems. Another
practical advice for the scientific community is to reject the phosphate
chemical extraction used for the quantification of the adsorbed As

in the materials containing these arsenate mineral(oid)s.
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