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A B S T R A C T

The dynamics of Cu and Pb were studied in eight soil profiles (Luvisols, Chernozems), located at various dis-
tances from the tailing dams near a closed Cu-Pb-(Zn)-Ag mine at Kombat (Namibia) by a combination of isotope
and elemental studies, leaching techniques and speciation modelling. Tailings, soils and bedrocks were analyzed
for the bulk Cu and Pb concentrations, for their chemical forms using the sequential extraction procedure and for
the isotope compositions of Cu (δ65Cu) and Pb (206Pb/207Pb, 208Pb/206Pb).
In spite of the differences in the contamination of the studied profiles by tailing dust, both soil types exhibit
characteristic trends in the behaviour of metals and distribution of their isotopes. While most Luvisols exhibit an
increase in the metal content towards depth in the profile, Chernozems exhibit the opposite trend (decrease in
metal content with depth) or similar contents in the whole profile. Luvisols were mostly characterized by
changing δ65Cu values as a function of depth. The value of δ65Cu decreases with depth to the Bt horizon and then
the δ65Cu value increases with increasing depth. Chernozems mostly yielded uniform Cu concentrations and
isotope compositions in all the soil horizons, clearly contrasting with the isotopically lighter compositions of the
carbonate bedrocks. Positive δ65Cu values in the tailing material affect the surface of the soil, especially soil
sampled in its vicinity. In most Luvisols and Chernozems, the isotope composition of Pb exhibits similar patterns
with a low 206Pb/207Pb ratio on the surface of the profile and with a slight increase to depth. The low
206Pb/207Pb values at the surface of the profiles are caused by dust from the tailings.
The elemental and isotopic patterns of both contaminated and uncontaminated soil types reflect not only the
distance from the tailing dam but also pedogenetic processes in the profiles and geochemical behaviour of both
contaminants. The copper elemental and isotope patterns reflect the formation of more mobile species in the
surface environment and movement of solutions and colloids and precipitation onto secondary minerals in
Luvisols. Plant uptake of lighter isotopes in Chernozems can influence the Cu isotope patterns in these soil types.
The limited movement of colloids and higher sorption capacity of Chernozems is manifested in the isotope
compositions of Cu and Pb in their profiles.

1. Introduction

Mine tailings constitute important point sources of potentially toxic
metals and metalloids for the surrounding environment (e.g. Romero
et al., 2007; Sracek et al., 2010; Hayes et al., 2012; Grösslová et al.,
2018). These contaminants are transported from active and/or

remediated mine tailings into the surrounding soils, especially by the
movement of atmospheric dust and aerosols (Csavina et al., 2012;
Castillo et al., 2013). In soils, the mobility, redistribution and bioa-
vailability of contaminants is highly dependent on their form as well as
on the soil properties (soil organic matter; abundance and character of
clays and oxides; pH), but also on the character of the plant cover, land
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use, including agricultural practices (e.g. Sterckeman et al., 2000) and
climate (precipitation/temperature). The stable isotopes of lead (Pb)
and copper (Cu) constitute an important tool for identifying the sources
of these metals and/or the biogeochemical processes affecting their
distribution and cycling in soils (e.g. Erel, 1998; Maréchal et al., 1999;
Zhu et al., 2000; Teutsch et al., 2001; Emmanuel and Erel, 2002;
Maréchal and Albarède, 2002; Ehrlich et al., 2004; Ettler et al., 2004;
Bigalke et al., 2010a; Bigalke et al., 2010b; Bigalke et al., 2011;
Wiederhold, 2015; Fekiacova et al., 2015; Kusonwiriyawong et al.,
2017). The contents of Pb isotopes reflect especially radiogenic pro-
cesses. Lead is formed by the radiogenic isotopes 206Pb (24%), 207Pb
(23%) and 208Pb (52%), which are formed by the decomposition of
238U, 235U and 232Th. The single nonradiogenic isotope 204Pb is present
in the lowest concentration (1%). It is possible that Pb isotopes are also
fractionated during environmental cycling, but these smaller effects
cannot be resolved within the larger radiogenic variations. These var-
iations are greater (i.e. are on an average at the level of the second
decimal point) than the small mass-dependent fractionation effects in-
vestigated for Cu (vary in units of ‰). The isotope ratios of Pb, routi-
nely used for this purpose during the past two decades, indicate the
source of the Pb minerals, according to their mode of formation, as well
as the age of the original Pb deposits or Pb-containing geomaterials/
anthropogenic materials and rock-forming minerals (Komárek et al.,
2008 and references therein). The isotope signature of Pb in soils in the
vicinity of local pollution sources is generally the result of the mixing of
lithogenic Pb and Pb-containing contaminants (Ettler et al., 2004).
In contrast to the Pb isotopes, Cu isotopes (63Cu and 65Cu with

abundances of 69% and 31%) have only recently started to be adopted
into biogeochemical studies, due to advances in instrumentation for
their measurement (Balistrieri et al., 2008; Borrok et al., 2008; Bigalke
et al., 2010a; Bigalke et al., 2010b; Bigalke et al., 2010c; Bigalke et al.,
2011; Weinstein et al., 2011; Jouvin et al., 2012; Mihaljevič et al.,
2018). No significant fractionation of Cu isotopes has been observed
during Cu metallurgy (Gale et al., 1999). The authors studied the

isotope composition of Cu in the source malachite, produced copper,
slag containing Cu and refined Cu and established a ratio of 63Cu/65Cu
varying in the range from 2.24426 to 2.24519. This data did not exhibit
statistically significant differences for the individual analyzed materials
(Gale et al., 1999). In contrast to this, it has been demonstrated that the
isotope composition of Cu in minerals varies in dependence on the
redox conditions in which these minerals were formed (Markl et al.,
2006). While primary sulphides generally exhibit lower δ65Cu values
(−1 to +1‰), their alteration in low-temperature processes leads to
the formation of secondary minerals with δ65Cu values in the range
from−17 to +10‰ (Mathur et al., 2012). In an exogenic environment,
Cu is readily mobilized from primary mineral (e.g. chalcopyrite CuFeS2)
where, if abiotic oxidation of Cu(I) to Cu(II) occurs during dissolution,
the resultant solution is enriched in 65Cu (Kimball et al., 2009). On the
other hand incorporation of Cu into secondary soil minerals leads to the
preferential uptake of the heavier isotope into their structure and iso-
topical lightening of Cu in the solution (Pokrovsky et al., 2008; Bigalke
et al., 2011). Fractionation takes place when Cu enters plants, leading
to lighter Cu through the effect of reduction of Cu II and the effect of
preferential uptake and faster diffusion of lighter isotope through the
plant (Weinstein et al., 2011; Jouvin et al., 2012; Ryan et al., 2013). If
the Cu is bonded to the cell walls of the roots, the heavier Cu isotope
participates preferentially in this process (Jouvin et al., 2012).
In this study we investigated soils located in the vicinity of the mine

tailings dam at Kombat (north of Namibia, Fig. 1), where metals
(mainly Cu, Pb) enter the soil systems via long-term wind dispersion of
fine-grained materials from the tailings. This site provides a unique
opportunity to study Cu and Pb dynamics in semi-arid soils. To decipher
the processes of metal distribution and mobility in contaminated vs.
uncontaminated areas, the extent of tailings-related contamination in
the area, and the effects of long-term irrigation, we used a multi-
method approach (bulk geochemistry, chemical forms, leaching tests,
and metal speciation calculations) coupled to analysis of Cu and Pb
isotope ratios for source tracing.

Fig. 1. Schematic map of the Kombat surroundings and location of the studied soil profiles and tailing material samples.
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2. Materials and methods

2.1. Study site

The Kombat Cu-Pb-(Zn)-Ag deposit is located in the Otavi Mountain
Land (Fig. 1), which is a part of the Northern Carbonate Platform of the
Neoproterozoic Damara Orogen (Miller, 1983) in northern Namibia.
Similar to the nearby Tsumeb deposit, the primary sulphide miner-
alization is found in the rocks of the Huttenberg formation, mainly
composed of dolostone, chert, shale, stromatolite and breccia (Kamona
and Günzel, 2007). Innes and Chaplin (1986) mention the following
types of mineralization: bornite (Cu5FeS4), chalcopyrite (CuFeS2), ga-
lena (PbS), sphalerite (ZnS), tennantite (Cu12As4S13), pyrite (FeS2); plus
the supergene assemblage: chalcocite (Cu2S), digenite (Cu2-xS), mala-
chite [Cu2(OH)2CO3], covellite (CuS), cuprite (Cu2O), and native Cu
and Ag. The Kombat mine was closed in 2008 because of flooding-re-
lated problems (Mileusnic et al., 2014). Tailings from the ore processing
were deposited in the tailings dam without any pre-treatment. De-
position of the tailings began about 100 years ago. After the mine was
closed in 2008, attempts were made to reclaim the tips by planting
vegetation. The old tailings dam covers an area of approximately
213,000m2. Taking into account the average height (20m) of the dam,
the volume of the tailings can be estimated at 4,260,000m3 (Kříbek and
Kamona, 2006). The tailings comprise the waste from the flotation of
both the primary (sulphide) and secondary (oxide and carbonate) ores.
High contents of Cu and Pb are mostly present in soluble carbonate
minerals (Sracek et al., 2014). The silt fraction (77%) predominates in
the tailing material, followed by sand (14%) and clay (9%) (Vaněk
et al., 2014). The flow fields for Kombat are dominated by winds from
the southeasterly quadrant. During windy periods, dust containing As,
Cr, Cu, Pb, and Zn from the old mine tailings dam is transported and
deposited in the surrounding area, including adjacent agricultural fields
(Mapaure et al., 2011; Mileusnic et al., 2014). Ploughing, resulting in
regular mixing of the soil material to a depth of 20–40 cm, eliminates
potential strong enrichment of the topsoil at other locations.
The tailings dam has eroded to various degrees and, in some cases

during rainy periods, the fine-grained portion of the deposited mine
tailings becomes washed out and is deposited in local intermittent
drainage rivulets (Kříbek and Kamona, 2006). The area has an average
precipitation of 500–550mm p.a. with seasonal distribution (maximum
from December to February), with maximum temperatures in the
warmest part of the year (December) reaching values of 32–34 °C, while
minimum temperatures in the coldest month (July) are 4–6 °C
(Mendelsohn et al., 2002). Maize (Zea mays L.) and wheat (Triticum
aestivum L.) are the principal crops on the adjacent farmlands. Acacia
mellifera, Acacia reficiens, Tarchonanthus camporatus, and Dichrostachys
cinerea predominate in areas without agriculture (Mapaure et al.,
2011).

2.2. Mine tailings

The tailings materials were sampled at both dry (probe K1) and wet
(probe K2) locations (Fig. 1) using an auger drill (Eijkelkamp, the
Netherlands). Profile K1 was on the top plateau of the north mine
tailings and was completely dry during sampling. The K2 profile was
sampled in the southern part of the sludge bed close to the aquatic
lagoon; the material was damp, affected by the capillary fringe.
The samples were sieved to<2mm, and then dried to constant

weight at ambient temperatures. A portion of the sample intended for
determining the total elemental concentrations and mineral composi-
tions was ground to analytical fineness in an agate mortar (Fritsch,
Germany).
All of the chemicals employed for the digestion and subsequent

analyses were of analytical purity; HCl and HNO3 (p.a. Lach-Ner, Czech
Republic) were purified by sub-boiling distillation; deionized water was
obtained from a Millipore Academic purifying system (Millipore, USA).

The total concentrations of Pb and Cu in the soils were determined
following digestion with HF and HClO4. A weighed amount (0.2 g) of
ground sample was dissolved in 10ml of HF (49% v/v) and 0.5ml of
HClO4 (70% v/v), and then evaporated with evolution of the vapors to
dryness on a heating plate. The procedure was repeated with 5ml HF
(49% v/v) and 0.5ml HClO4 (70% v/v). Following evaporation, the
sample was dissolved in 2ml HNO3 and transferred to a 100ml volu-
metric flask. The concentrations of total inorganic carbon (TIC), total
organic carbon (TOC) and total sulphur (TS) were determined by cat-
alytic oxidation (1250 °C) using ELTRA CS 530 and ELTRA CS 500 TIC
elemental analysers (ELTRA, Germany).
The Cu and Pb chemical forms in the tailing materials were de-

termined using the optimized BCR sequential extraction procedure
(SEP) (Rauret et al., 1999; Sutherland and Tack, 2002): (i) fraction 1 – a
weighed amount (1 g) of sample was extracted with 40ml 0.11M acetic
acid for 16 h at a temperature of 22 ± 5 °C. Samples containing>
3.5wt% TIC (P5O, P11AC) were extracted in this step with 120ml
0.11M acetic acid. The extract was separated from the solid sample by
centrifugation; (ii) fraction 2–40ml 0.5M NH2OH·HCl acidified with
2M HNO3 to pH 1.5 were gradually added to aliquots of the residue
from step 1 and the suspension was shaken for 16 h at a temperature of
22 ± 5 °C. The solution from step 2 was separated from the residue by
centrifugation; (iii) fraction 3 – a volume of 10ml of H2O2 (pH 2–3) was
added to the residue from step 2; the sample was left at laboratory
temperature for 1 h and was then heated to a temperature of 85 ± 2 °C
for 1 h. Following repeated additions of 10ml H2O2 (pH 2–3) and
heating for 1 h at a temperature of 85 ± 2 °C, the mobilized substances
were extracted with 1M NH4OAc (pH 2) by shaking for 16 h at
22 ± 5 °C. The extract was separated by centrifugation; (iv) fraction
4–3ml of DI water, 7.5ml 6M HCl and 2.5 ml 14M HNO3 were added
to the residue from step 3; the sample was left to stand overnight and
boiled the next day for 2 h under a reflux condenser. Following cooling,
the sample from the last step (fraction 4) was filtered and transferred to
a 50ml volumetric flask. Procedural blanks repeatedly were prepared,
checked and subtracted from the measured concentrations for each
extraction step for each series of 8 samples. These extraction solutions
should mobilize the operationally defined fractions: fraction 1 – ex-
changeable/acid extractable, 2 – reducible (targeting Fe and Mn
oxides), 3 – oxidizable (targeting organic matter and sulphides), and 4 –
residual.
Extracts of the mine tailings materials were prepared in deionized

water to simulate the composition of solutions resulting from tailing/
water interactions (Lin, 1997); the obtained leachates were subse-
quently used for the thermodynamic calculations of metal speciation. A
weighed amount (20 g) of sample was leached with 40ml of deionized
(DI) water (MilliQ Academic, Millipore®, USA) and shaken for 8 days on
a table shaker at a temperature of 22 ± 5 °C. The solid phase was se-
parated from the solution by centrifuging at 9000 rpm for 20min.
Subsequently, the solutions were filtered through a 0.1-μm membrane
filter (Millipore®, USA). The pH, Eh, and electrical conductivity were
immediately determined using Schott Handylab multimeters (Schott,
Germany). The major cations/anions and trace elements were de-
termined in the extracts (see Section 2.4).
In order to separate the Cu- and Pb-bearing phases, the heavy mi-

neral fraction was separated from the tailing materials using 1,1,2,2-
tetrabromethane (density 2.95 g cm−3) (Chisholm et al., 2014). The X-
ray diffraction patterns of the bulk samples and the heavy mineral
fractions were recorded on a PANalytical XʼPert Pro diffractometer
(conditions: CuKα radiation, 40 kV and 30mA, 2θ range 3–80°, step
0.02°, counting time 150 s). Qualitative analysis of the XRD patterns
was performed using PANalytical XʼPert HighScore software, version
1.0d (PANalytical, the Netherlands).

2.3. Soils and rock samples

The soils were sampled at various distances from the tailings dam
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using manually dug probes (Fig. 1; GPS positions of individual soil
profiles are given in Table A1 in Electronic Annex). The samples were
taken on the basis of the value of the Enrichment Index (Kříbek et al.,
2010) at sites with low to high contamination (samples P2, P3, P4 and
P5) and in an uncontaminated area (samples P10, P11, P12 and P13)
(Kříbek and Kamona, 2006).
According to the FAO classification scheme (FAO, 2006), two major

soil types occurred in the area, Cutanic Luvisol and Petrocalcic Cher-
nozem (Table A1 in the Electronic Annex) profile P13 was described as
Kastanozem, corresponding to a transition between these two types of
soil). The samples were taken according to the natural development of
diagnostic horizons, air-dried to a constant weight, and sieved to< 2
mm. Whenever possible, bedrock samples were also collected at the
bottom of the profiles (only for P3 and P11). The bedrock samples were
cleaned in DI water and were then ground and processed in the same
manner as the tailing materials and soils. Additional rock samples were
taken from the cores drilled at the Kombat deposit. An aliquot portion
of each sample was ground to analytical fineness in an agate mortar
(Fritsch, Germany). Unfortunately, it was not possible to sample the
Quaternary sedimentary rocks below the Luvisol profiles or from the
boreholes drilled in the area.
The particle size distributions in the soil samples (fractions of clay,

silt, and sand) were obtained using the hydrometer method (Gee and
Or, 2002). The soil pH (H2O and 1M KCl) was determined in the< 2-
mm fraction, using 1:2 (v:v) soil:solution suspensions after 1 h of agi-
tation and subsequent measurement using a Schott Handylab pH meter
equipped with a BlueLine 28 pH electrode (Schott, Germany). The ca-
tion exchange capacity (CEC) was determined as the sum of the basic
cations and Al extracted with 0.1M BaCl2 solution. Acid oxalate ex-
traction was performed according to Jackson et al. (1986) (0.2M am-
monium oxalate/oxalic acid at pH 3; 1 g soil in 200ml of solution, 2 h in
the dark) in order to evaluate the amount of amorphous/less-crystalline
Fe-, Al- and Mn-(hydr)oxides. As with the tailings materials, the heavy
mineral fraction was separated from the soils using 1,1,2,2-tetra-
bromethane, and XRD was performed on both the bulk soils and heavy
mineral fractions. The concentrations of TIC, TOC, and TS were de-
termined in the soil and rock samples, which had been ground to
analytical fineness. Digestions in mineral acids were performed for the
soils and rocks using identical methodology as for the tailing materials.
The analytical precision of the digestion/measurement procedure

was given as one relative standard deviation (RSD) from measured
standard reference materials (NIST 2711a Montana soil – moderately
elevated trace element concentrations) and ranged from 1 to 7% for
most of the elements in total digest (the exception was Cr precision of
9.5%). The accuracy was checked using parallel digestions (n=10) of a
similar reference material, NIST 2711a and yielded values better than
15% relative standard deviation (RSD) (Table A2 in the Electronic
Annex).
In a similar manner as with the mine tailings materials, the soils

were chemically fractionated using BCR SEP (Rauret et al., 1999;
Sutherland and Tack, 2002). The accuracy of the SEP was controlled by
parallel extraction of BCR-483 certified reference material; the certified
reference material (Sewage Sludge Amended Soil) was found to yield an
average accuracy for Cu in the individual steps of better than 17%.
(Table A2 in the Electronic Annex).

2.4. Bulk analysis of digests and solutions

The concentrations of the main cations (Al, Ca, Fe, K, Mg, Mn, Na)
and trace metals/metalloids (As, Cd, Co, Cu, Pb, V, Tl, Zn) in the total
digests of soils, rocks, and tailing materials, as well as in the extracts
(leachates from mine tailings materials, oxalate; and BaCl2 extracts
from soils, extracts from individual SEP steps) were determined using
either inductively coupled plasma optical emission spectrometry (ICP-
OES, iCAP 6500, ThermoScientific, Germany) or quadrupole in-
ductively coupled plasma mass spectrometry (Q-ICP-MS, XseriesII,

ThermoScientific, Germany) under standard analytical conditions. The
concentrations of the major anions (SO42−, PO43-, NO3−, F−, Cl−) in
the mine tailing leachate were determined using ionic chromatography
(ICS 2000, Dionex, USA). The alkalinity was determined by titration to
pH 4.5 end-point with 0.05mol l−1 HCl, using a Schott Titroline Easy
(Schott, Germany) automatic titrator. Digestions were performed in
duplicate.

2.5. Cu and Pb isotope analysis

The digests were used for the analyses to determine the isotope
compositions of Cu and Pb after the separation steps. Copper was se-
parated from the sample matrix using a slightly modified anion ex-
change chromatography procedure (Maréchal et al., 1999; Albarède,
2004; Dong et al., 2013). Samples were separated in Poly-Prep prefilled
chromatography columns (Bio-Rad, AG1-X8 resin, chloride form,
200–400 mesh, 9 cm high, 2ml resin), Bio-Rad catalogue number
7316212. After cleaning with 20mL of 2% HNO3, the resin was trans-
formed into Cl− form with 20ml of 6 N ultrapure HCl (ROMIL-UpA™,
ROMIL, UK) divided into two equal doses. A sample aliquot of 1 μg was
reduced to dryness and then dissolved in 1ml of HCl; then it was
evaporated again and redissolved in another 1ml of 6 N HCl+ 0.001%
H2O2. The sample was carefully loaded onto the column and the sample
matrix was eluted with the first 4ml of 6 N HCl+ 0.001% H2O2. Then
the matrix was washed out from the column with 4ml 5 N HCl, and the
Cu was subsequently eluted with 20ml 5 N HCl. The pure Cu fraction
was evaporated to dryness and dissolved in 5ml 2% HNO3. After this
step, the column was cleaned with 0.5 N HNO3 (ROMIL-UpA™, UK). The
isotope composition of Cu was measured using a multi-collector in-
ductively coupled plasma mass spectrometer (MC-ICP-MS Neptune and
Neptune plus, Thermo Fisher Scientific, Germany) located at the Czech
Geological Survey in Prague, and Faculty of Science in two repeated
separations for each of the prepared solutions. The detector config-
uration layout was as follows: 60Ni – L2, 61Ni – L1, 62Ni - C, 63Cu - H1,
65Cu – H2. The Cu concentration in the pure fraction and the contents of
Na, K, Mn, Mg Fe and Ti were checked once again using Q-ICP-MS. The
separation was repeated if the recovery of the Cu fraction was below
95% and the Ti/Cu ratio exceed a value of 0.05. Mass bias drift was
eliminated using a Ni inter-element correction, where the 62Ni/60Ni
isotope ratio is related to the raw 65Cu/63Cu data by the exponential
mass-dependent fractionation law. For inter-element correction the
SRM, NIST 986 Ni was added to all the samples and standards after
purification, in equimolar ratios of the 63Cu and 60Ni isotopes. For the
correction, the certified value of 0.1386 for the 62Ni/60Ni isotope ratio
was used.
In this study, the isotope composition of Cu is presented as a delta

notation:

=Cu (‰) (R /R 1) 100065
measured standard (1)

where the “R” values are the 65Cu/63Cu isotope ratios and the “mea-
sured” and “standard” indexes refer to the raw isotope data of an un-
known sample and the ERM®-AE633 standard (Institute for Reference
Materials and Measurements, IRMM, Belgium), respectively.
The mass bias on the Neptune spectrometer was corrected by

sample-standard bracketing with ERM®-AE633 because the commonly
used SRM NIST 976 (Cu) is not currently commercially available. The
typical analytical sequence consisted of measuring the ERM®-AE633
standard after each fifth unknown sample. A blank solution containing
2% HNO3 was measured before each sample solution. The total pro-
cedural blank for Cu isotope measurement was 4.8 ng ± 6.1 (2SD).
This represents< 1% of the total Cu in the analyzed aliquots. The re-
sults for δ65Cu in the analyzed standard reference materials are given in
Table A2 in the Electronic Annex. Typical precision (external re-
producibility) for the three replicates of BCR-2 certified reference ma-
terial (Columbia River Basalt, USGS) was better than 0.08 (2SD).
The isotope compositions of Pb in the digests were determined from
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solutions diluted to concentrations of< 10 μg L−1 Pb using Q-ICP-MS,
under analytical conditions described elsewhere (Mihaljevič et al.,
2011). Correction for the mass bias was performed using SRM NIST 981
(Common Lead) between measurements of the individual samples. The
accuracy of the Pb isotope measurements was controlled by using re-
peated digestion and measurement of the BCR-2; this was in good
agreement with the information values published by Wilson (1997)
(< 0.5% RSD; Table A2 in the Electronic Annex). The isotope compo-
sition of Pb was also determined in the individual SEP fractions. De-
terminations of both the elemental concentration and the isotope ratio
were conducted in duplicate.

2.6. Thermodynamic calculations and data treatment

The PHREEQC-2 geochemical code (Parkhurst and Appelo, 1999)
was used for the speciation-solubility calculations in order to determine
the element speciation in the aqueous leachates from the mine tailings
materials (Table A3 in the Electronic Annex). The minteq.v4.dat ther-
modynamic database was used for all the calculations. STATISTICA
software (StatSoft CZ, 2002, Czech Republic) was used to evaluate the
data statistically, in particular for calculation of the correlation coeffi-
cients between the individual parameters. The Cu and Pb concentra-
tions in the A horizons of soils P2 to P5 and P10 to P13 were compared
using the non-parametrical Mann-Whitney test. The SigmaPlot 12 gra-
phical software (Systat Software, USA) was used for the drawing the
plots and for regression curve fitting with calculation of the 95% con-
fidence and prediction bands.

3. Results

3.1. Mine tailings

The Kombat mine tailing materials were mainly composed of car-
bonates [particularly Fe dolomite, Ca(Mg,Fe)CO3 and calcite, CaCO3],
quartz (SiO2), and goethite (FeOOH). The materials were free of pri-
mary sulphide ores and only contained small amounts of their altera-
tion products [malachite, Cu2(OH)2CO3 and cerussite, PbCO3]. The
mine tailing materials exhibited significantly higher concentrations of
Cu (average 2515mg kg−1) compared to Pb (average 1013mg kg−1)
(Table 1). The total concentration of the two metals increased with
depth in the “wet” profile (K2); the “dry” (K1) core exhibited a decrease
in their concentration at the middle part of the profile. In terms of
chemical forms, Cu in the tailing materials was mostly extracted into
fraction 2 during SEP (reducible fraction; average 45%), followed by:
fraction 1 (acid extractable; average 29%), fraction 3 (oxidizable

fraction; average 17%), and the residual fraction (average 9%). In
contrast, Pb was bound in the more “labile” fractions, and its con-
centration gradually decreased from fractions 1 to 4 (averages 37, 32,
19, and 12%) (Table A4 in the Electronic Annex). The isotope compo-
sition of Cu (δ65Cu) varied from 0.144 to 0.820‰ (average 0.550,
n=6). The isotope compositions of Pb (206Pb/207Pb ratio) clustered
around an average of 1.150 (n=6), with values varying from 1.149 to
1.153.
The leaching tests performed on the mine tailings materials in-

dicated that the Cu concentrations varied between 17.4 and 103 μg L−1,
and the Pb concentrations between 21.0 and 45.3 μg L−1. The
PHREEQC-2 calculation of metal speciation in the leachate (K1
0–20 cm, Table A3 in the Electronic Annex) demonstrated that neutral
carbonate species (MeCO3

0) predominated for both of the metals stu-
died, accounting for 85.3% (Cu) and 75.0% (Pb) of the total con-
centrations, respectively. The sum of the positively charged species
(Me2+; MeOH+; MeHCO3

+) accounted for 19.2% of the total Pb con-
centration; for Cu, these species represented only 9.9% of the total
speciation (Table A3 in the Electronic Annex).

3.2. Soils

The major soil types found in the immediate vicinity, as well as at
greater distances from the tailings were: (i) Luvisols (profiles P2, P4,
P5, and P10) with lower CEC (6.5–24.3 cmol+ kg−1), lower pH (pH H2O
5.7–8.2, pH KCl 5.1–7.4), and higher total Fe concentration (1.7–1.9 wt
%); (ii) Chernozems (profiles P3 and P11), soils with higher CEC (17–39
cmol+ kg−1), mainly resulting from the higher total carbon content
(2.6–5.3 wt%) and higher pH (pHH2O 7.8–8.5, pHKCl 7.1–7.7); and (iii)
transition types having some basic properties similar to Chernozems
(Kastanozem, profile P13) and Luvisols (profile P12) (Table 2, Table A5
in the Electronic Annex). Most of the soils had from neutral to slightly
alkaline pH values (pHH2O≈7.0–8.5); only profile P10 (Luvisol) ex-
hibited pHH2O < 6.2. The sandy fraction predominated in the soils
(average 54%) (Table 2). Soil granulometry influenced by deposition
from tailings can be clearly observed only in soil profile P5. Top soil
horizon A is highly enriched in a sand fraction compared to lower lying
horizons. The TOC concentration in the soils varied in the range from
1.75 to 35.3 g kg−1, with higher values in the uppermost soil horizons.
The mineralogical composition of the soils is rather uniform, with

quartz (SiO2) predominating, plus minor amounts of: kaolinite
[Al2Si2O5(OH)4], muscovite/illite [KAl2Si3AlO10(OH)2/(K,H3O)
Al2Si3AlO10(OH)2], Mg calcite ((Ca,Mg)CO3), chlorite
[(Mg,Al)6(Si,Al)4O10(OH)8], and hematite (Fe2O3) (Table 2).
The total concentrations of Al, Fe, and Mn exhibited similar

Table 1
Total concentrations of Fe, Mn, Cu and Pb, δ65Cu (‰, mean and 2 standard deviations), 206Pb/207Pb and 208Pb/206Pb ratio (mean and standard deviation), and
mineralogical composition of the tailing materials.

Sample Depth Fetot Mntot Cu δ65Cu 2SD Pb 206Pb/207Pb SD 208Pb/206Pb SD

(cm) (mg kg −1) (mg kg −1) (mg kg −1) (‰) (mg kg −1)

K1 wet 0–20 4174 3811 1711 0.67 0.06 552 1.153 0.003 2.113 0.007
40–60 4452 5335 2625 0.82 0.06 827 1.152 0.003 2.107 0.005
160–180 13,370 4038 4794 0.38 0.06 1904 1.151 0.003 2.107 0.006

K2 dry 0–20 7965 4349 1851 0.68 0.06 989 1.148 0.003 2.114 0.009
40–60 5670 2810 1199 0.61 0.06 689 1.150 0.004 2.119 0.006
160–180 4921 3664 2915 0.14 0.06 1120 1.149 0.004 2.119 0.004

Sample Depth TCa TSb Mineralogy
(cm) (%) (mg kg −1)

K1 wet 0–20 9.37 < 100 Fe-dolomite, calcite, quartz, apatite, malachite, hematite rutile, muscovite
40–60 10.2 < 100 Fe-dolomite, calcite, quartz, goethite, malachite, hematite, muscovite
160–180 10.1 < 100 goethite, apatite, malachite, Fe-dolomite, calcite, quartz, hematite, rutile, muscovite

K2 dry 0–20 10.3 200 Fe-dolomite, calcite, goethite, apatite, malachite, quartz, hematite, muscovite
40–60 8.97 100 Fe-dolomite, apatite, calcite, goethite, quartz, rutile, malachite, hematite, muscovite, cerusite
160–180 9.23 300 fe-dolomite, apatite, calcite, quartz, rutile, cerusite, goethite, malachite, hematite, muscovite

aTC= total inorganic carbon; b TS= total sulphur.

M. Mihaljevič, et al. Chemical Geology 515 (2019) 61–76

65



T
ab
le

2
Se
le
ct
ed
pr
op
er
ti
es
of
th
e
st
ud
ie
d
so
ils
.

C
od
e

H
or
iz
on
D
ep
th

C
la
y
Si
lt
Sa
nd
C
EC
a

pH
H
2
O
pH
K
C
l
M
n t
o
t

M
n o
x

Fe
to
t

Fe
o
x

A
l o
x

TO
C
b

TI
C
c

TS
d

M
in
er
al
og
ye

(c
m
)

(%
)
(%
)
(%
)
(c
m
ol
+

kg
−
1
)

(m
g
kg
−
1
)
(m
g
kg
−
1
)
(m
g
kg
−
1
)
(m
g
kg
−
1
)
(m
g
kg
−
1
)
(m
g
kg
−
1
)
(m
g
kg
−
1
)
(m
g
kg
−
1
)

P2
-
C
ut
an
ic
Lu
vi
so
l

A
p

0–
20

24
.2
24
.4
51
.4
19
.5

7.
3

6.
5
20
50

16
70

24
,5
00

92
3

90
6

15
,8
00

<
10
0

12
1

Q
z,
K
ln
,
M
s.
/I
lt

M
an
ga
ni
fe
rr
ic
C
hr
om
ic
Si
lt
ic
A
B

20
–4
0
28
.2
23
.4
48
.4
17
.3

7.
4

6.
7
29
90

12
10

28
,3
00

96
3

95
4

65
80

<
10
0

63
.5

Ir
ri
ga
te
d,
co
nt
am
in
at
ed

Bt
1

40
–6
0
31
.0
22
.3
46
.8
20
.0

7.
2

6.
3
17
50

12
00

29
,5
00

87
7

10
53

46
70

<
10
0

57
.9

Bt
2

60
–1
10
31
.7
19
.4
49
.0
20
.0

7.
2

6.
6
17
80

11
00

29
,8
00

66
1

91
7

46
00

<
10
0

49
.3

BC
11
0–
14
0
32
.9
19
.0
48
.1
20
.8

7.
3

6.
7
37
10

11
50

31
,6
00

71
7

10
01

33
40

<
10
0

48
.4

C
>
14
0
30
.7
17
.4
52
.0
24
.3

7.
0

6.
0
41
60

42
10

31
,5
00

91
0

10
44

33
00

<
10
0

39
.9

Q
z,
M
s.
/I
lt
,
K
ln
,
Tt
n

P3
-
Pe
tr
oc
al
ci
c
C
he
rn
oz
em

A
p

0–
20

9.
1
34
.5
56
.4
29
.3

7.
8

7.
1
69
0

42
1

18
,1
00

54
1

11
69

22
,3
00

38
10

12
.5

Q
z,
M
g
C
al
,
K
ln
,
C
l,
M
s.
/I
lt

Ir
ri
ga
te
d,
co
nt
am
in
at
ed

A
20
–4
5
10
.8
34
.9
54
.3
30
.5

8.
0

7.
2
63
9

37
0

19
,6
00

39
0

13
67

18
,6
00

74
70

37
1

A
C

45
–6
0
27
.9
30
.2
42
.0
27
.0

7.
9

7.
2
78
9

25
0

19
,0
00

48
5

17
24

19
,3
00

25
,4
00

5.
50

Q
z,
M
s.
/I
lt
,
C
al

P4
-
C
ut
an
ic
Lu
vi
so
l

A
p

0–
25

4.
9
13
.9
81
.1
6.
5

8.
2

7.
4
22
60

11
00

12
,0
00

66
4

30
4

59
90

53
.2

<
50

Q
z,
M
s.
/I
lt
,
K
ln

C
hr
om
ic

Bt
1

25
–6
5
9.
0
13
.2
77
.7
7.
5

8.
2

7.
4
52
50

20
60

22
,2
00

84
7

51
4

23
40

<
10
0

<
50

Ir
ri
ga
te
d,
co
nt
am
in
at
ed

Bt
2

65
–9
0
10
.8
16
.6
72
.6
8.
0

8.
1

7.
3
57
40

18
70

21
,9
00

82
7

56
9

19
80

<
10
0

<
50

BC
90
–1
20
12
.2
20
.7
67
.1
11
.0

8.
0

7.
3
93
20

20
40

31
,8
00

66
4

51
4

17
50

<
10
0

<
50

Q
z,
M
s.
/I
lt
,
K
ln

P5
-
C
ut
an
ic
Lu
vi
so
l

O
1–
0

2.
6
41
.2
56
.2
9.
3

7.
9

7.
3
28
30

66
6

12
,3
00

60
1

17
7

35
,3
00

43
,5
00

43
,7
00

Q
z,
M
s.
/I
lt
,
C
al
,
D
ol

M
an
ga
ni
fe
rr
ic
C
hr
om
ic

A
e

0–
20

6.
8
27
.8
65
.4
11
.3

7.
9

7.
1
96
4

75
5

15
,2
00

40
5

36
7

42
00

54
21

48
1

N
ot
ir
ri
ga
te
d,
co
nt
am
in
at
ed

Bt
1

20
–6
0
17
.0
26
.2
56
.7
15
.3

7.
8

7.
2
67
1

39
9

27
,1
00

68
7

77
7

47
90

<
10
0

<
50

Bt
2

60
–1
00
17
.8
27
.6
54
.6
13
.8

8.
0

7.
2
69
0

39
6

27
,0
00

74
8

86
7

36
70

<
10
0

<
50

BC
10
0–
14
0
19
.8
21
.1
59
.2
14
.5

7.
4

6.
7
60
2

35
4

26
,7
00

64
0

82
8

30
00

<
10
0

<
50

C
>
14
0
24
.9
20
.8
54
.3
14
.8

6.
5

6.
0
64
5

34
1

26
,8
00

58
3

70
5

25
70

<
10
0

<
50

Q
z,
M
s.
/I
lt
,
K
ln

P1
0
-
C
ut
an
ic
Lu
vi
so
l

A
0–
10

15
.1
31
.2
53
.7
17
.3

6.
1

5.
6
84
0

42
8

50
,0
00

80
1

46
8

21
,1
00

<
10
0

<
50

Q
z,
M
g
ca
l,
K
ln
,
H
em

N
ot
ir
ri
ga
te
d,
un
co
nt
am
in
at
ed
Bt
1

10
–4
0
37
.6
11
.8
50
.6
21
.3

5.
7

5.
1
78
3

51
4

60
,2
00

22
30

10
64

95
00

<
10
0

<
50

Bt
2

40
–8
0
22
.6
26
.3
51
.1
22
.3

5.
7

5.
8
72
2

41
8

62
,4
00

16
30

10
07

66
00

<
10
0

<
50

BC
80
–1
00
33
.6
23
.1
43
.3
18
.5

6.
2

5.
4
73
3

40
7

66
,1
00

13
40

99
9

51
60

<
10
0

<
50

Q
z,
M
s.
/I
lt
,K
ln
,T
tn
,H
em
,G
th

P1
1
-
C
al
ci
c
C
he
rn
oz
em

A
c1

0–
40

21
.0
32
.9
46
.2
22
.3

8.
4

7.
6
48
8

72
19
,1
30

15
6

67
0

12
,6
00

18
,0
00

17
,8
00

Q
z,
M
g
ca
l,
K
ln
,
M
s.
/I
lt

N
ot
ir
ri
ga
te
d,
un
co
nt
am
in
at
ed
A
c2

40
–6
0
31
.2
29
.4
39
.5
17
.3

8.
5

7.
7
64
2

52
18
,2
70

10
2

43
8

13
,5
00

31
,2
00

31
,2
00

A
C

60
–7
0
5.
5
33
.8
60
.8
38
.5

8.
3

7.
6
91
6

10
4

17
,4
55

16
0

74
0

13
,9
00

39
,4
00

39
,4
00

Q
z,
M
s.
/I
lt
,
Tt
n

P1
2
-
C
ut
an
ic
Lu
vi
so
l

A
0–
25

26
.8
24
.0
49
.2
22
.3

7.
0

6.
1
49
7

29
5

34
,7
00

89
3

90
0

11
,6
00

<
10
0

<
50

Q
z,
M
s.
/I
lt
,
Tt
n

N
ot
ir
ri
ga
te
d,
un
co
nt
am
in
at
ed
Bt

25
–6
5
37
.6
19
.4
43
.0
34
.0

7.
2

6.
4
47
7

26
8

47
,9
00

13
20

18
53

94
00

<
10
0

<
50

BC
65
–7
5
41
.3
21
.0
37
.7
37
.0

7.
4

6.
9
99
5

44
6

57
,3
00

13
70

18
14

96
80

<
10
0

<
50

Q
z,
M
s.
/I
lt
,
K
ln

P1
3
-
K
as
ta
no
ze
m

A
0–
30

31
.2
20
.7
48
.1
33
.5

7.
5

6.
9
43
4

19
7

34
,4
00

14
00

12
61

18
,3
00

<
10
0

77
.4

Q
z,
M
s.
/I
lt
,
D
ol
,
K
ln
,T
tn

N
ot
ir
ri
ga
te
d,
un
co
nt
am
in
at
ed
Bt

30
–6
0
24
.9
23
.5
51
.6
39
.8

7.
6

6.
9
47
5

23
6

39
,9
00

12
20

15
73

10
,4
00

<
10
0

<
50

BC
>
60

29
.7
24
.7
45
.6
39
.3

7.
5

6.
9
54
0

33
0

40
,7
00

13
10

18
61

10
,5
00

<
10
0

<
50

Q
z,
M
s.
/I
lt
,
K
ln

a C
EC
=
ca
ti
on
ex
ch
an
ge
ca
pa
ci
ty
;
b
TO
C
=
to
ta
l
or
ga
ni
c
ca
rb
on
;
c
TI
C
=
to
ta
l
in
or
ga
ni
c
ca
rb
on
;
d
TS
=
to
ta
l
su
lp
hu
r.

e A
bb
re
vi
at
io
ns
of
m
in
er
al
s:
Q
z,
qu
ar
tz
;
K
ln
,
ka
ol
in
it
e;
M
g
ca
l,
M
g
ca
lc
it
e;
M
s.
/I
lt
,
m
us
co
vi
te
/i
lli
te
;
Tt
n,
ti
ta
ni
te
;
D
ol
,
do
lo
m
it
e;
H
em
,
he
m
at
it
e;
G
th
,
go
et
hi
te
.

M. Mihaljevič, et al. Chemical Geology 515 (2019) 61–76

66



distribution patterns, with a general concentration increase with depth
(with the exception of Chernozems and Luvisol profile P5) (Table 2 and
Table A5 in the Electronic Annex). Selective oxalate extraction in-
dicated that only a small part of the total Al and Fe corresponded to
amorphous and/or low-crystalline oxides (< 6%; the average for both
Al and Fe was 3%) (Table 2). In contrast, oxalate-extractable Mn cor-
responded to 8–99% of the total Mn content (average for all soils 50%)
(Table 2). Abundant ferromanganese concretions (diameters
0.2–1.5 cm), containing 6.6 wt% MnO and 7.25 wt% Fe2O3 were also
observed at the base of profile P4; these nodules were composed of
quartz, rancieite (a birnessite group-mineral with the composition
(Ca,Mn)Mn4O9·3H2O), todorokite (NaMn6O12·3H2O), goethite, and
kaolinite.
Based on statistical comparison of the total concentrations of Cu and

Pb in the A horizons of the soils (Mann-Whitney test), we divided the
soil profiles into “contaminated” in the immediate vicinity of the tail-
ings dams (P2 to P5), and “uncontaminated”, which corresponded to
profiles at greater distances from the tailings (P10-P13). The total Cu
contents in the contaminated soils varied in the range from 44.5 to
757mg kg−1 (average 75.0mg kg−1, O horizon P5 was not included in
the calculation of the average), whereas, uncontaminated soils yielded
significantly lower Cu concentrations (range 21.9–54.1; average
35.1mg kg−1) (Table 3; Fig. 2). The Pb concentrations in the con-
taminated soils varied in the range from 38.5 to 815mg kg−1 (average
68.0mg kg−1, O horizon P5 was not included in the calculation of the
average); substantially lower values were found in soils from un-
contaminated areas (18.6–34.6mg kg−1; average 25.3mg kg−1)
(Table 3; Fig. 2). Whereas Chernozems (and also Kastanozem) either
have their maximum Cu and Pb concentrations in the upper horizons or

the two metals are evenly distributed throughout the entire profile,
Luvisols from both contaminated and uncontaminated areas exhibited
higher Cu and Pb concentrations in the lower horizons (Table 3; Fig. 2).
The only exception was Luvisol profile P5 sampled in an uncultivated
(unirrigated) area in the immediate vicinity of the mine tailings, which
was overgrown by bush (grass, acacia), where the maximum Cu and Pb
concentrations occurred in the uppermost horizon O (757 and
815mg kg−1, respectively).
Most Cu from contaminated soils was extracted in fraction 4 (re-

sidual: 55%), followed by: fraction 2 (reducible: 24%), fraction 3
(oxidizable: 17%), and finally fraction 1 (acid extractable: 4%) (Fig. 3;
Table A6 in the Electronic Annex, averages for soils P2–P5). The se-
lective extractability of Cu from uncontaminated soils gradually de-
creased in fractions 4, 3, 2 and 1 (65%, 21%, 13% and 1%, respectively)
(Fig. 3; Table A6 in the Electronic Annex, averages for samples
P10–P13). The chemical forms of Pb were similar for soils from both
contaminated and uncontaminated areas, with predominant binding in
fraction 2 (reducible), followed by: fractions 4, 3, and 1 (71%, 16%,
11% and 2% in the contaminated soils, and 48%, 28%, 23% and 1% in
the uncontaminated soils) (Fig. 3; Table A6 in the Electronic Annex).
The SEP results indicated that, in contrast to Pb, more Cu was bound in
a “labile” pool (exchangeable/acid-extractable fraction 1), especially in
contaminated soils. While the “labile” Cu concentration in the un-
contaminated soils corresponded to a maximum value of 1.10mg kg−1

(2.67% of total Cu, sample P10, BC horizon), it attained a maximum
value of 83.8 mg kg−1 (11.7% of total Cu, sample P5, O horizon) in the
contaminated soils (Fig. 3; Table A6 in the Electronic Annex). The
maximum concentration of “labile” Pb was 0.51mg kg−1 (1.71% of
total Pb, sample P10, BC horizon) in the uncontaminated soils and

Table 3
Bulk concentrations of Cu and Pb, δ65Cu (‰, mean and 2 standard deviations), 206Pb/207Pb and 208Pb/206Pb ratio (mean and standard deviation) in the studied soil
profiles.

Soil Horizon Cu (mg kg −1) δ65Cu (‰) 2SD Pb (mg kg −1) 206Pb/207Pb SD 208Pb/206Pb SD

P2- Cutanic Luvisol Manganiferric Chromic, Siltic, irrigated,
contaminated

Ap 64.1 0.05 0.06 69.7 1.170 0.004 2.085 0.007
AB 85.5 0.00 0.06 78.8 1.167 0.003 2.091 0.006
Bt1 61.5 −0.13 0.06 68.5 1.171 0.003 2.083 0.006
Bt2 66.1 −0.08 0.06 69.2 1.169 0.003 2.088 0.005
BC 70.8 −0.05 0.06 77.4 1.172 0.002 2.085 0.004
C 75.5 −0.13 0.06 102 1.172 0.002 2.089 0.002

P3 - Petrocalcic Chernozem, irrigated, contaminated Ap 51.5 0.11 0.06 41.6 1.166 0.004 2.086 0.008
A 48.7 0.07 0.06 39.2 1.169 0.004 2.084 0.007
AC 44.5 0.00 0.06 38.5 1.168 0.005 2.085 0.005
rock 23.0 −1.03 0.06 35.8 1.179 0.002 2.090 0.006

P4 - Cutanic Luvisol Chromic, irrigated, contaminated Ap 92.9 0.26 0.06 69.6 1.157 0.003 2.104 0.005
Bt1 117 0.12 0.06 87.9 1.162 0.003 2.102 0.008
Bt2 115 0.18 0.06 81.8 1.160 0.002 2.102 0.005
BC 201 0.38 0.06 183 1.162 0.002 2.100 0.006

Ferromanganese nodules 402 0.46 0.06 482 1.159 0.003 2.106 0.005
P5 - Cutanic Luvisol Manganiferric Chromic, not irrigated,
contaminated

O 757 0.56 0.06 815 1.150 0.003 2.113 0.003
Ae 81.6 0.42 0.06 57.5 1.166 0.004 2.089 0.005
Bt1 55.7 0.22 0.06 45.9 1.172 0.006 2.077 0.006
Bt2 55.3 0.08 0.06 47.3 1.176 0.003 2.073 0.009
BC 57 0.14 0.06 49.6 1.172 0.004 2.081 0.008
C 58.5 0.03 0.06 47.9 1.174 0.004 2.080 0.007

P10 - Cutanic Luvisol, not irrigated, uncontaminated A 34.6 −0.04 0.06 23.2 1.202 0.005 2.049 0.007
Bt1 41.2 0.05 0.06 24.4 1.211 0.005 2.032 0.005
Bt2 42.2 0.08 0.06 25.4 1.206 0.004 2.035 0.009
BC 45.3 0.11 0.06 28.2 1.207 0.002 2.039 0.006

P11 - Calcic Chernozem, not irrigated, uncontaminated Ac1 24.0 −0.10 0.08 30.5 1.175 0.002 2.078 0.006
Ac2 22.5 −0.10 0.08 26.2 1.178 0.003 2.073 0.007
AC 21.9 −0.10 0.08 26.1 1.178 0.004 2.069 0.008
rock 26.3 −0.77 0.08 23.4 1.181 0.002 2.081 0.004

P12 - Cutanic Luvisol, not irrigated, uncontaminated A 28.6 −0.32 0.06 18.6 1.189 0.003 2.062 0.007
Bt 40.0 −0.36 0.08 21.4 1.193 0.004 2.053 0.011
BC 54.1 −0.24 0.06 28.2 1.191 0.005 2.058 0.006

P13 – Kastanozem, not irrigated, uncontaminated A 36.5 −0.24 0.06 34.6 1.161 0.002 2.109 0.004
Bt 35.8 −0.37 0.06 20.7 1.192 0.005 2.056 0.007
BC 38.3 −0.32 0.06 22.5 1.187 0.005 2.063 0.008
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equalled 65.2mg kg−1 (8.56% of total Pb, sample P5, O horizon) in the
contaminated soils (Fig. 3; Table A6 in the Electronic Annex).
Carbonates, taken as bedrocks from profiles P3 and P11

(Chernozems) and from rock materials from the drill cores in the
Kombat area, contained isotopically light Cu (δ65Cu=−1.08 to
−0.37‰) (Tables 3 and 4). The δ65Cu in the contaminated soil samples
varied in the range from −0.134 to +0.561‰ (Table 3; Fig. 2). The
value of δ65Cu in the uncontaminated soils varied in the range− 0.373

to +0.109‰ (Table 3; Fig. 2). Whereas Chernozems exhibited a uni-
form Cu isotope composition as a function of depth, more complicated
Cu isotope patterns were observed for Luvisols (Fig. 2; Table 3). In
contaminated Luvisols, either a general decrease in δ65Cu (profiles P2
and P5) or a decrease in δ65Cu only in the central part of the profile (P4)
was observed (Fig. 2; Table 3). The 206Pb/207Pb ratio, most often used
in pollution tracing in the environmental sciences (Komárek et al.,
2008), varied in the range 1.156–1.172 for contaminated soils and

Fig. 2. Total concentrations of Cu a Pb, δ65Cu (‰) and 206Pb/207Pb ratios in the studied soils. Values are given as the mean and SD from duplicate analyses.
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1.150–1.210 for uncontaminated soils. Similar to the Cu isotope com-
position, Chernozems exhibited uniform patterns as a function of depth
and Luvisols generally had lower 206Pb/207Pb ratios in the uppermost
portions of the profiles, with slightly increasing values as a function of
depth (Fig. 2; Table 3).

4. Discussion

4.1. Distribution and chemical forms of Cu and Pb in soils

The character of soil contamination in the vicinity of mining and

Fig. 3. Chemical forms of Cu and Pb in the studied soils as obtained by the sequential extraction procedure.
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metallurgical facilities is dependent on the types of soils, the char-
acteristics of the vegetation and also the land use, including irrigation
and its intensity (e.g. Sterckeman et al., 2000). The Cu and Pb levels in
soils in the vicinity of Kombat are presumably derived from their
contents in the local rocks (Table 4) – rocks and soils have the same
contents of Cu and Pb. Another source of metals in the soils consists in
wind-dispersed materials from the tailings. Dust from the tailings settles
on the surface of the soils and is leached, when precipitation is higher,
into the soil solutions. From the soil solutions, the mobilized metals are
partially bound to the colloids of the sorbent that are present and which
can move through the soil profile with the solutions.
Luvisol and Chernozem located both in the vicinity of the tailing

dump and at more distant and unaffected localities are completely
different types of soil. Vertical translocation of a colloidal fraction in
the profile is typical for the formations of Luvisols. The Chernozems
were studied for comparison and represent a soil without significant
translocation of colloids in the profile.
The heavy mineral fraction of the tailing materials contained ma-

lachite and cerussite as major hosts of Cu and Pb, respectively.
Corresponding to the observation of Castillo et al. (2013) in a different
dry mining district in Spain, wind-blown dusts from the mine tailing
dam is deposited in soils, and these metal-bearing minerals can be
dissolved (they were not detected in the heavy mineral fraction of our
soils, Table 2); subsequently, both metals can be released into the soil.
Nevertheless, in the area studied, a portion of these metals can also be
derived from intensive irrigation (especially relevant for profiles P2, P3,
and P4). The mine water, which was used for agriculture in the past and
which was pumped into the Grootfontain-Omatako canal, contained
0.59mg L−1 Cu, 1mg L−1 Mn and 1.21mg L−1 Pb at the exit from the
Kombat mine pipeline (Schwartz and Ploethner, 1999). After flooding
of the mine, this water has been used for the irrigation of fields, mainly
near the village of Kombat (K. H. van Biljon, personal communication,
2012).
An interesting feature is that the concentrations of the two metals

are quite similar in the soils and do not reflect the differences observed
for the tailing materials (Table 3). Although Cu predominates over Pb in
the tailing materials (Table 1), its effect on the soil contamination is
indicated by the extraction test (Lin, 1997). The average Cu and Pb
concentrations in the tailings were 2515mg kg−1 and 1013mg kg−1,
respectively (Table 1). Nevertheless, the leachates obtained from the
tailing materials, simulating what can happen to materials when pre-
sent in a humid environment, indicate similar dissolved concentrations
of Cu and Pb (K1 0–20 cm: 17.4 μg L−1 Cu and 21.0 μg L−1 Pb; Table A3
in the Electronic Annex). Similar concentrations of Cu and Pb in the
extract caused similar concentrations of Cu and Pb in the soil horizons.
Moreover, on the basis of SEP carried out on soils, it is apparent that

Cu is extracted from generally stronger bonds than Pb (with the pre-
dominant residual fraction), but that larger amounts of the “labile”
forms were observed for Cu compared to Pb (Fig. 3). Based on se-
quential extractions, Sipos et al. (2008) reported for Calcic and Haplic
Luvisols that Cu has a general tendency to be bound to clay minerals

(and can thus be extracted in the exchangeable fraction); whereas Pb
prefers bonding to Fe oxides, which is in agreement with our results
(Fig. 3). Moreover, the speciation calculation using PHREEQC-2 in-
dicated that Cu forms neutral complexes to a greater extent than Pb
(Table A3 in the Electronic Annex). Neutral complexes can be sub-
stantially more mobile, because they are not adsorbed onto the charged
surfaces of inorganic sorbents and soil organic matter (Appelo and
Postma, 2005). Therefore, Pb, which to a greater degree forms posi-
tively charged complexes (Pb: 19.2% of the total concentration; Cu:
9.9% of the total concentration; Table A3 in the Electronic Annex), can
be more efficiently retained by adsorption onto the negatively charged
surfaces of clay minerals, and also oxides or soil organic matter under
the given pH conditions (Appelo and Postma, 2005). Higher affinities of
Pb towards binding to soil constituents compared to Cu were also ob-
served by Sipos (2009) for a Calcic Luvisol profile. In relation to the
ionic diameters of Cu2+ (0.87 Å) and Pb2+ (1.43 Å) and the kinetics of
the actual sorption on inorganic sorbents and soil organic matter, a
difference has previously been observed between the two metals in
their binding strength (Cu > Pb) compared to their sorption intensity
(Pb > Cu) (Scheinost et al., 2001; Shi et al., 2013).
Both metals exhibit a marked affinity for bonding to Fe and Mn

oxides (fraction 2 of the SEP) (Fig. 3; Table A6 in the Electronic Annex).
The strong binding of these two metals to various Fe and Mn oxides has
been extensively studied during the last two decades using a combi-
nation of different analytical methods (e.g. Matocha et al., 2001;
Scheinost et al., 2001). Fig. 4 shows the statistically significant re-
lationship between total Mn concentration and metals in the soil (the
uppermost horizon O from profile P5 with extremely high metal con-
centrations was not included, because it was considered as an outlier).
Ettler et al. (2017) described Fe – Mn concentric nodules (0.5–2 cm in
size) in Cutanic Luvisols at this locality, which sequestered most of the
contaminants. Based on the sequential extractions, Ettler et al. (2017)
considered that the majority of the Cd, Ba, Co, Ni, Pb and REE is bound
to Mn (oxyhydr)oxide phases, with slightly lower values for Cu and Zn,
which are significantly sequestered within the Fe (oxyhydr)oxides. The
SEP results of our study and the speciation calculations also agree with
the fact that the sorption affinity of birnessite for Pb is significantly
higher than for Cu (Wang et al., 2012). Similarly as for bulk soils and
soil organic matter, greater affinity for adsorption of Pb compared to Cu
was observed in competitive adsorption (e.g., Gao et al., 1997; Covelo
et al., 2007; Sipos, 2009).
The subsequent fates of both metals are affected by the soil prop-

erties and pedogenetic processes. Luvisols are generally formed in more
intense flushing regimes, compared to Chernozems. Leaching and in-
tense movements of soil colloids are also effective during the devel-
opment of Luvisols. While Chernozems are formed on limestone, the
parent rocks of Luvisols in the Kombat area are mostly Quaternary se-
diments (Kříbek and Kamona, 2006). Uncontaminated Luvisols also
exhibited lower pH than Chernozems, which can slightly increase the
downward movement of metals. In soils with higher pH and higher
basic saturation of the exchange complex (Chernozems), the colloidal

Table 4
Bulk concentrations of Mn, Fe, Cu, Pb, δ65Cu (‰, mean and 2 standard deviations), 206Pb/207Pb ratio, and 208Pb/206Pb (mean and standard deviation) in rocks from
the Kombat area, and bedrocks of profiles P3 and P11.

Rock Borehole Mn
(mg kg −1)

Fe
(mg kg −1)

Cu
(mg kg −1)

δ65Cu
(‰)

2SD Pb
(mg kg −1)

206Pb/207Pb SD 206Pb/206Pb SD

Calcareous dolostone KBK 1 mine 1817 241 20.7 −0.98 0.08 80.9 1.149 0.003 2.128 0.004
Dolostone (laminated) HFW 195/2 mine 216 164 1.44 −0.43 0.08 4.58 1.175 0.007 2.077 0.011
Oolitic limestone HFW 195/2 mine 2555 707 7.05 −1.06 0.08 8.85 1.158 0.004 2.105 0.008
Dolomitic limestone (oolitic) AW 86E 744m 1218 1400 2.29 −1.08 0.08 3.5 1.212 0.003 1.999 0.006
Calcareous dolostone AFM 195/2148m 1826 773 12.9 −0.37 0.08 3.75 1.244 0.004 1.950 0.004

Soil profile
Limestone P3 4203 15,250 23 −1.03 0.08 35.8 1.179 0.002 2.074 0.005
Magnesium limestone P11 1963 1193 26.3 −0.77 0.08 23.4 1.181 0.003 2.081 0.004
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fraction coagulates into larger particles. This process prevents move-
ment of the colloidal fraction in the profile. However, in contaminated
areas, the pH of the Luvisols was also controlled by carbonates from the
tailings and/or the alkalinity of the water used for irrigation and the
formation of neutral carbonate complexes can also influence the
transport of metals in the profile. In most cases, Luvisols in both con-
taminated and uncontaminated areas (with the exception of profile P5
in the uncultivated area) exhibited an increase in the metal con-
centrations with depth. In contrast, Chernozems only exhibited slightly
higher metal concentrations in the surface portions of the soil; however,
both metals are more or less homogeneously distributed in the profiles
below. Overall, the observed data indicate that the metal distribution
patterns for both soil types could be the result of the downward mi-
gration of the metals in the soil solutions and colloids (Citeau et al.,
2003).

4.2. Variations in δ65Cu

Variations of the isotope composition of Cu reflect both the soil type
and are thus different for Luvisol and Chernozem, and are also depen-
dent on the overall content of Cu (Fig. 5a). After eliminating outlying
values (samples from the ore zone were not included in the dataset
because of their heterogeneity and distance from the sampled soils), a
marked linear dependence is apparent between the content of Cu and
the isotope composition of Cu (R2=0.769). This linear dependence
would correspond to mixing of the two sources of Cu, where the con-
taminated dust derived from the tailings contains Cu predominantly in

the form of the heavy isotope (δ65Cu > 0.14‰, Table 1) and the
bedrock contains predominantly light Cu (δ65Cu < −0.77‰, Table 3).
Nonetheless, the variation in the values of δ65Cu in the soil profiles
exhibits a V shape and it is thus apparent that the isotope composition
of Cu affects both the mixing of Cu from the tailings and simultaneously
the fractionation of the isotopes of Cu during pedogenesis of the in-
dividual profiles.
The patterns of the δ65Cu values are different for the studied

Luvisols and Chernozems. In most Luvisol profiles with lower Cu con-
tents (with the exception of profile P10), the δ65Cu value decreases with
the depth of the profile to horizon Bt, where this value reaches a
minimum. Similar trends with decrease of δ65Cu from surface to deeper
horizons were observed in Albeluvisol (Fekiacova et al., 2015) and
Retisol (Kusonwiriyawong et al., 2017). Subsequently, the δ65Cu value
increases (P2, P4, P12 and P13) or δ65Cu does not change substantially
(P5) (Fig. 2). Profiles with higher Cu contents (P4, P5) have higher
δ65Cu values in the surface horizons (P5, O horizon δ65Cu=0.56‰; P4
Ap horizon δ65Cu=0.26‰), which can be affected by Cu contents
from the tailing material material (δ65Cu=+0.14 to +0.82‰)
(Table 1), but the dependence is the same as for the contamination of
the only slightly affected Luvisol profiles. The formation of Luvisols is
characterized by the dispersion and suspension of colloids in soil so-
lutions in the surface horizons and their subsequent movement through
the soil profile. Colloids accumulate in the pore spaces in horizon Bt,
stopping or greatly retarding movement of soil solutions in the profile
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(Dixit, 1978). The increase in the clay content in the Bt horizons is
apparent from the clay content in the samples (Table 2).
The observed patterns δ65Cu could have resulted from the following

process: the surface of the soils contains Cu with characteristic δ65Cu,
which could correspond to the tailing materials or bedrock, which on
interaction with the infiltrating water can form uncharged mobile Cu
complexes, which migrate from the surface to deeper parts of the soil
profiles (as also predicted by speciation calculations for the leachates,
see above). When interactions occur between the water and soil parti-
cles, isotopically lighter Cu is preferentially accumulated in the solu-
tions (as has been experimentally documented by Pokrovsky et al.,
2008). The soil solutions containing isotopically light Cu move down-
wards and form a decreasing δ65Cu pattern in this part of the profile.
The movement of the soil solutions is retarded in the Bt horizons

and the mobilized Cu is bonded to the absorbents present. The intensity
of the sorption in the Bt horizon is manifested in an increase in the Cu
content in this and deeper parts of the profiles (Fig. 3) and the δ65Cu
value increases in the BC horizons of these profiles. Pokrovsky et al.
(2008) calculated a similar magnitude of enrichment in 65Cu through
sorption of Cu on gibbsite (δ65Cu 1 ± 0.25‰) and goethite (δ65Cu
0.78 ± 0.2‰). Nevertheless, it is important to emphasise that we were
not able to sample (and analyse) Quaternary sediments corresponding
to the underlying bedrocks for Luvisols; therefore, the effect of their
signature on the Cu isotope patterns in the soil profiles could not be
determined. As mentioned above, the Cu concentration in the studied
soils is highly correlated with the total Mn concentration (R2=0.85)
(Fig. 4), the amount of Mn in the oxalate extract (R2=0.77), and the
Mn extracted in the SEP fraction 2 (R2=0.84). Increases in total Mn
concentration (as well as high oxalate-extractable Mn) with depth were
observed in the Luvisol profile. At the base of profile P4, we observed
ferromanganese nodules which contained 400mg kg−1 Cu and
480mg kg−1 Pb (Table 3) and were also composed of rancieite and
todorokite. Luvisol profile P4 exhibited a decrease in δ65Cu from
0.26‰ (Ap horizon) to 0.12‰ (Bt1 horizon), followed by an increase to
0.38‰ in the BC horizon. Furthermore, the BC horizon was found to
contain ferromanganese nodules, which exhibited even higher δ65Cu
values (0.46‰).
It has been demonstrated that Mn-oxide-based concretions com-

monly form in Mn-rich tropical soils (Dowding and Fey, 2007; Ettler
et al., 2017) and precipitation of Mn oxides is especially easy in media
with pH > 8 (Vodyanitskii, 2009), corresponding well to our data
(Table 2). We hypothesize that the increase in δ65Cu with depth in the
profile could occur through intense sorption on secondary Mn oxides,
with the preferential bonding of heavier 65Cu.
Chernozems have a different variation of the δ65Cu values in the

profile. In Chernozems, uniform δ65Cu values in the soil horizons are
clearly distinct from the isotope signature of the underlying bedrock.
This trend is typical for both contaminated and uncontaminated soils
(P3 and P11, respectively). The isotope signatures of the bedrocks for
profiles P3 and P11 were −1.03‰ and −0.77‰, respectively, corre-
sponding well to the limestones from the area (Table 4). The soil hor-
izons of chernozems had significantly higher δ65Cu values. In profile
P3, which was clearly affected by the tailing materials, the δ65Cu values
decreased from 0.11‰ (horizon Ap) to 0.0‰ (horizon AC). For profile
P11, the δ65Cu values clustered around −0.10‰, but also indicated
that even this profile might have been slightly affected by the wind-
blown tailing materials, despite its distance from the dam. Another
possible explanation for the content of heavier Cu in Chernozems
compared to the source carbonate materials could be the fractionation
process connected with the uptake of Cu by plants. The studied Cher-
nozems are intensely used in agriculture for growing grains. The frac-
tionation of the Cu isotopes between the soil and a plant is accompanied
by uptake of the lighter isotopes through the effect of diffusion pro-
cesses, while the heavier Cu is accumulated at the root surface (Jouvin
et al., 2012; Mihaljevič et al., 2018). In a study of the isotope compo-
sition of grasses in the Tsumeb area (Namibia) in a Cu-uncontaminated

area, Kříbek et al. (2018) observed isotope lightening compared to the
soil, where ∆ δ65Cuplant-soil=−0.15 to −0.22‰. Because the above-
ground biomass containing isotopically lighter Cu is removed from the
field during harvesting, in contrast to the roots, the less mobile and
heavier 65Cu isotope accumulates in the soil. The entire profile is then
homogenized during ploughing or by uniform adsorption to yield si-
milar δ65Cu values.

4.3. Variation in the Pb isotope composition

While the basement carbonates in the Kombat area (limestone,
dolomite) had variable Pb isotope compositions
(206Pb/207Pb=1.14–1.24), the tailing materials exhibited a very uni-
form Pb isotope signature (206Pb/207Pb= 1.14–1.15) (Tables 1 and 4).
Regional pollution by Pb in Namibia (aerosol, Namib Desert) exhibits
206Pb/207Pb=1.141, resulting from a combination of the Pb compo-
sition from leaded gasoline (Windhoek aerosols: 206Pb/207Pb=1.076),
as well as the Pb derived from the mining and metallurgy at Tsumeb
(206Pb/207Pb=1.143) (Bollhöfer and Rosman, 2000). The isotope
composition of gasoline sampled in Tsumeb (Engen station, June 2012,
Namibia leaded gasoline LRP 93) exhibited a slightly higher average
206Pb/207Pb=1.150 ± 0.003 and 208Pb/206Pb= 2.120 ± 0.005).
However, compared to the amounts and composition of the dust from
the tailings in the studied area (Kříbek and Kamona, 2006), we estimate
that these Pb sources can be considered to be negligible.
Fig. 5b depicts the dependence of 206Pb/207Pb on 1/Pb, generally

used for the determination of end-members (Le Roux et al., 2008),
which is linear for the given dataset (R2=0.74). This mixing line has
two end-members: a low 206Pb/207Pb ratio (~1.15), corresponding to
552–1900mg kg−1 Pb (i.e. tailings); and a high 206Pb/207Pb ratio
(1.24), corresponding to approx. 3.75mg kg−1 of lithogenic Pb (Tables
1 and 4).
In most cases, Pb contamination of soils in the vicinity of important

sources is primarily concentrated in the surface and subsurface hor-
izons, dependent on the amounts of organic matter and Fe-, Mn- and Al-
oxides, and also potentially dependent on the amounts and character-
istics of the clay minerals (Erel, 1998; Teutsch et al., 2001; Emmanuel
and Erel, 2002; Mihaljevič et al., 2011; Ettler et al., 2011). In the stu-
died Luvisols (with the exception of profile P5), the Pb concentration
increased with depth in the soil profiles, and only Chernozems and
Kastanozem exhibited a slightly higher Pb content in the upper portions
of the profiles (Fig. 2).
The Pb concentration, similar to that of Cu, is correlated with the

total Mn concentration (Fig. 4); the Pb was found to be predominantly
bound in the reducible fraction in the sequential extraction. The Pb
isotope composition of most soils clustered around
206Pb/207Pb=1.165 (range 1.150–1.180) (Fig. 2; Table 3). Only in the
uncontaminated profiles P10 and P13 (Luvisols) and in the Bt horizon
in P13 (Kastanozem), did the soil samples have 206Pb/207Pb ratios
ranging from 1.19 to 1.21. Most soils exhibited a small difference in the
206Pb/207Pb ratio between the individual horizons (mostly within the
analytical error of the measurements); however, this indicated a slight
increasing trend as a function of depth (Fig. 2). Only the contaminated
profile P5 (horizon O: 206Pb/207Pb=1.15; horizon C:
206Pb/207Pb=1.17) and profile P13 (horizon A: 206Pb/207Pb=1.16;
horizon Bt: 206Pb/207Pb=1.19) exhibited larger differences within the
profile. However, these two profiles were not located on cultivated
land, thus the individual horizons were probably not mixed by
ploughing. Smaller differences between the surface and subsurface
horizons of the studied profiles could be caused by Pb with a relatively
low 206Pb/207Pb ratio in the basement carbonates (Table 4). Profiles in
(sub)tropical soils that are not affected by ploughing generally exhibit
substantially greater differences in the 206Pb/207Pb isotope composi-
tions between the surface and deeper horizons (Ettler et al., 2011;
Mihaljevič et al., 2011).
Selected examples of the 206Pb/207Pb isotope ratio in the individual
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extracts of the SEP are depicted in Fig. 6 (all data are reported in Table
A7 in the Electronic Annex). In contaminated and uncontaminated
Luvisols and Chernozems, the value of the 206Pb/207Pb ratio increased
slightly or stagnated, dependant upon the strength of the extraction
agent. The contaminated soils had a lower value of the 206Pb/207Pb
ratio compared to uncontaminated soils in all the fractions (Fig. 6). No
noticeable differences were apparent between the surface and deeper
horizons and simultaneously there were no substantial differences in
the 206Pb/207Pb ratio dependant on the strength of the extraction agent.
This observation is in clear contrast with other research dealing with
contaminated soils in semi-arid areas, e.g. smelter-affected soils from
Zambia (Ettler et al., 2011) or Mediterranean soils near roads with
heavy traffic (Teutsch et al., 2001). These two studies showed clear
differences in the Pb isotope composition of individual SEP fractions
between the polluted topsoils and the lower parts of the profiles, which
in turn contained very low Pb concentrations of anthropogenic origin,
bound to “labile” fractions (expressed by lower 206Pb/207Pb ratios).
However, most of the Pb in these deep soil layers was bound in the
residual fraction, with a clear lithogenic character, i.e. with a higher
206Pb/207Pb ratio (Teutsch et al., 2001; Ettler et al., 2011). The ob-
served uniform Pb isotope trends in the SEP fractions in soils from the
Kombat area (Fig. 6; Table A7 in the Electronic Annex) are probably
indicative of tailings-related contamination which can travel through
the profiles of contaminated soils (Figs. 3 and 6). Manganese oxides are
assumed to be the most efficient Pb sorbent in the studied soils
(Fig. 4b). Lead in these secondary minerals can be derived either from

“natural” long-term weathering of the basement rocks (whose Pb iso-
tope signal is quite variable, see Table 4) or directly from anthropogenic
(i.e. tailings-derived) contamination. During the sequential extraction,
the Mn-oxide phases are presumably extracted in the reducible fraction
(fraction 2) because of their high contents in the soils and also in
subsequent steps in the SEP (see Tables A6 and A7 in the Electronic
Annex). Thus, their signature may contribute to the subsequent
206Pb/207Pb compositions of the individual fractions.

4.4. Environmental implications

The application of isotope systems to trace contamination is one of
the most exciting new areas of environmental geochemistry. Bullen and
Walczyk (2009) used combined CdeZn isotope systems (original data
from Cloquet et al., 2008 and Weiss et al., 2007) to better trace the
sources of soil pollution, emphasizing the usefulness of this isotope
“multitracing” in the environmental sciences, where multiple sources of
pollution occur and where each of the coupled isotope systems can be
useful in the understanding of distinct geochemical processes occurring
in the environmental compartments. In their footsteps, we plotted the
PbeCu isotope compositions of the studied materials in one graph
(Fig. 7), which clearly demonstrates that the Pb isotope data are a
convincing indication of simple mixing between the individual end-
members; however, the Cu isotope compositions reflect mixing and also
a combination of biogeochemical processes affecting the Cu distribution
in the soils (e.g., sorption onto the soil constituents, effect of plants
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cultivated in the area). The tailing materials have a relatively uniform
Pb isotope signal and the contaminated soils seem to cluster around a
line connecting this source of pollution and “uncontaminated” soils/
rocks. Similarly, the Cu isotope composition of the contaminated soils is
also very close to the δ65Cu range of the tailings (Fig. 7), indicating that
tailings-related Cu occurs in most of them and confirming the fact that
the Cu contaminant migrates vertically in the profile. In contrast, un-
contaminated soils exhibit the opposite trend regarding Cu isotope
clustering, with some samples exhibiting “tailings-derived” Cu sig-
natures, however, mostly within the range of the background Pb isotope
signal (Fig. 7). Thus, the increase in δ65Cu towards higher values (the
low-end signature of the tailings) may not be caused by wind-blown
dust from the tailings as suggested above, but may result from other and
possibly more pronounced biogeochemical processes. Another ex-
planation for these opposite trends may be related to the contrasting
behaviours of Cu and Pb in the soils (coming both from anthropogenic
and geogenic sources). It has been suggested that manganese oxides
play a key role in the contaminant dynamics in these semi-arid soils.
The changes in the Cu isotope composition of solids and the remaining
solutions during Cu sorption onto Mn oxides should be investigated
experimentally in the future to better understand whether the trends in
isotope fractionation are similar to those observed during Cu sorption
onto Fe oxy(hydro)xides (Balistrieri et al., 2008; Pokrovsky et al.,
2008). Moreover, the sorption onto omnipresent clays and the role of
plants (Weinstein et al., 2011; Jouvin et al., 2012; Kříbek et al., 2018)
in Cu isotope fractionation in soils should be clarified, in order to better
understand the processes affecting the dynamics and biogeochemical
cycles of Cu in semi-arid environments.

5. Conclusions

We studied eight soil profiles near the mine-tailings dams located
near the Cu-Pb-(Zn)-Ag mine located at Kombat (Namibia) in order to
understand the subsequent fates of Cu and Pb in a semi-arid soil system.
The combination of bulk chemical composition, leaching/extraction
tests and combined Cu and Pb isotope measurements indicated that
both metals moved through the soil profiles. The migration of forms of
Cu and Pb through the profile is dependent on their speciation in so-
lutions, the character of bonding to the soil particles and also the soil
type.
Copper forms more neutral complexes than Pb in the solutions

formed during the interaction of water with the tailing material. It
follows from soil extraction experiments that Cu is bonded more
strongly in soils than Pb. As a consequence of these two phenomena, the

binding strength of Cu is higher than that of Pb, but the sorption in-
tensity of Pb is higher than that of Cu. The movement of soil colloids is
apparent in Luvisols, with accumulation in the Bt horizons. The im-
mobility of colloids in Chernozem profiles is caused by the higher pH
and greater saturation of the exchange complex by basic cations. These
parameters cause coagulation of colloids and their settling down as
larger and immobile species. The behavior of metals and solutions in
soils is manifested in the soil isotope compositions of Cu and Pb.
Whereas Luvisols were mostly characterized by an increase in Cu

concentration with changing δ65Cu value as a function of depth,
Chernozems exhibited uniform Cu concentrations and isotope compo-
sitions in all the soil horizons, clearly contrasting with the isotopically
lighter composition of the carbonate bedrocks. Whereas the Cu isotope
composition of soils resulted not only from a combination of the two
signatures (tailings vs. bedrock), but was also highly affected by geo-
chemical processes (e.g., sorption to soil constituents), the Pb compo-
sition of soils is a result of simple mixing between the end-members.
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A B S T R A C T   

Historical Pb–Zn mining and smelting in Kabwe in Zambia have made it one of the most polluted cities in the 
world. Four soil profiles were collected around the smelter and in remote locations, and two pine trees (Pinus 
montezumae L.) were sampled for tree ring cores. These were analyzed for Pb, Zn and Cu contents and Pb isotopic 
ratio. Furthermore, the C isotopic composition of tree rings was also assessed. High concentrations of metals are 
present only in the top layers of soil and are higher in soils closer to the smelter (up to 16000 mg kg−1 Pb; 14000 
mg kg−1 Zn; 600 mg kg−1 Cu) compared to remote soils (up to 194 mg kg−1 Pb; 438 mg kg−1 Zn; 46 mg kg−1 Cu). 
Metals are also present in trees and the one located furthest from the slag dump contains higher metal con-
centrations (up to 6.48 mg kg−1 Pb; 10.6 mg kg−1 Zn; 10.2 mg kg−1 Cu), possibly due to the deposition of wind- 
blown particles. Results of a sequential extraction procedure (SEP) showed that metal contaminants are not 
available for tree root uptake and the above-ground processes must be more important. The Pb isotopic ratios of 
slags, tree rings, and topsoils average at 206Pb/207Pb = 1.15, corresponding to the signature of local ores and 
smelting slags, thus confirming that the mine and smelter are the main sources of contamination in the area. The 
results were compared to the historical records of smelter production. Tree ring Pb and Zn concentrations, δ13C 
and 206Pb/207Pb reveal linear dependence on production with different statistical significance.   

1. Introduction 

Kabwe town in central Zambia is known to be one of the most 
polluted sites in the world due to its historical lead (Pb) and zinc (Zn) ore 
mining and processing. The local mine was active from 1906 to 1994. In 
total it produced 0.8 Mt of Pb and 1.8 Mt of Zn as well as other by- 
products: silver (Ag), 79 t; fused V2O5, 7820 t; cadmium (Cd), 235 t; 
and copper (Cu), 64 t (Kamona and Friedrich, 2007). It has created a 
regional environmental anomaly that poses a significant health risk 
(Bose-O’Reilly et al., 2018; Kříbek et al., 2019; Tembo et al., 2006). 
Studies have focused on determining how former ore mining and 

smelting activities have affected the local population, especially chil-
dren (Yabe et al, 2015, 2018) and cattle (Yabe et al., 2011). Another 
study (Nakata et al., 2016) found high concentrations of Pb in farm 
animals and determined, using a Pb stable isotopes approach, that the 
smelter is the source of the contamination. All the studies confirmed the 
need for remediation. Elevated concentrations of Pb, Zn, and Cd in the 
soils found close to the smelter have been reported and these soils were 
classified as highly polluted (Tembo et al., 2006). Recently, some au-
thors have proposed soil remediation measures to mitigate the effects on 
the local population (Kříbek et al., 2019; Mwandira et al., 2019). Kříbek 
et al. (2019) have also determined the bioaccessibility of the 
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contaminants in topsoil, pointing out that high concentrations alone do 
not necessarily imply a hazardous nature for living beings and that the 
contaminant speciation and particle size could have greater relevance 
(Trapp, 2004). 

Lead isotopes are a useful tool for tracing sources of contamination: 
e.g., chronological marker (Renberg et al., 2001), migration velocities 
(Erel, 1998; Puchelt et al., 1993), contamination source determination 
(Monna et al., 1997; Shirahata et al., 1980), among others; Komárek 
et al. (2008) compiled a comprehensive review on this aspect. Tree rings 
have been used as an approximate environmental archive of anthropo-
genic Pb emissions by several authors (e.g., Mihaljevič et al., 2015; 
Tommasini et al., 2000; Zuna et al., 2011); however, studies have shown 
that several factors can hinder their applicability, e.g., climatic varia-
tions (Kirdyanov et al., 2007; Time et al., 2018), radial mobility in the 
xylem (Cutter and Guyette, 1993; Prohaska et al., 1998), soil acidity 
(metal mobility) fluctuations not caused by pollution sources, different 
elements having distinct roles in the tree and different species of trees 
behaving differently (Patrick and Farmer, 2006; Watmough, 1999). 
Some authors, following the work of Satake et al. (1996), have shown 
that it is advantageous to use bark pockets instead of tree rings (Bellis et 
al, 2002a, 2002b, 2004, 2002a); however, the nature of these samples 
sometimes prevents their collection and use. Metal uptake by trees is 
also an above-ground process, i.e. the roots are not the only entry-point, 
but the bark and leaves also play an important role (Klaminder et al., 
2005; Watmough and Hutchinson, 2003). 

Ore mining/smelting had been carried out for almost 100 years in 
Kabwe, but slag dumps and mine tailings remain an important source of 
pollution to the present day. Thus, this site represents a suitable 
geochemical laboratory for investigating the use of tree rings to study 
the dispersion of contaminants and their historical record in a humid 
subtropical environmental setting. We investigated the soil profiles and 
tree rings using a combination of bulk contaminant (Pb, Zn, Cu) mea-
surements and determination of Pb and C isotopes to depict the potential 

sources and mobility of metals in time and space and to compare these 
records with the historical production of the mine and smelter. 

2. Materials and methods 

2.1. Study area and sampling 

Kabwe is the fourth largest town in Zambia, with a population of 
more than 200,000 inhabitants (2010 census) and is the capital of the 
Central Province (Fig. 1). Town coordinates: 14◦26′S 28◦27′E. 

Carbonate-hosted mineralization in this area is linked to the Kabwe 
Dolomite Formation consisting of a massive dolomitic marble. Five 
members compose the Formation: arenaceous dolomite; micaceous 
dolomite; schistose dolomite (bedrock for soil profiles P1 and P2, see 
below); carbonaceous dolomite (area of soil profile P4) and massive 
dolomite. To the north, the Formation is bordered by granitic gneiss of 
the Basement Complex, composed of feldspars (such as orthoclase, 
plagioclase), quartz (SiO2), and accessory minerals. Conglomerate and 
schist, intercalated with arkose and quartzite overlay the Basement 
Complex (soil profile area P3) (Kamona and Friedrich, 2007). The 
mineralization is structurally controlled along the NE-SW faults (pipe--
like orebodies). The major ore minerals are galena (PbS), pyrite (FeS2), 
sphalerite (ZnS), and chalcopyrite (CuFeS2). Bornite (Cu5FeS4), covellite 
(CuS), chalcocite (Cu2S), and tetrahedrite [Cu6(Cu4X2)Sb4S13; X = Fe, 
Zn] are of minor importance. Other, non-sulfide, ores are represented by 
cerussite (PbCO3), willemite (Zn2SiO4), smithsonite (ZnCO3) and V, As, 
Mo and Cu minerals. 

2.2. Sampling and sample processing 

Four soil-sampling sites were selected in contaminated and uncon-
taminated areas according to the regional screening study recently 
published by Kříbek et al. (2019). Two of these soil profiles were located 

Fig. 1. Location of soil pits (P1–P4), trees (T2 and T3) and former smelter area in Kabwe (Zambia). Local mean wind directions (meteoblue.com, 2019) and soil 
profile horizons are indicated. 
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in areas where trees were also available for sampling tree ring cores 
(Fig. 1). Two sites were located in the vicinity of the mine/smelter (P1, 
near the slag dumps, and P2, close to a primary school) and the other 
two were in remote locations to the NE (P3, close to the highway) and 
the SE (P4). The latter two sites were used as controls (presumably less 
contaminated). Soil samples were collected from 1 m deep pits in June 
2017. The soil horizons were described (Table S1) and soils were clas-
sified according to the IUSS Working Group WRB (2014) as Vertisol 
(P1), Ferralsol (P2), Regosol (P3) and Phaeozem (P4). Samples corre-
sponding to 5-cm thick segments were stored in PE bags and transported 
to the laboratory. The soil samples were dried to constant weight in the 
air at room temperature and then sieved (2 mm mesh size). An aliquot 
was then milled to analytical fineness in an agate ball mill (Fritsch, 
Pullverissette, Germany). The granulometry of the soils was measured 
using the hydrometer method (Gee and Or, 2002). Digests for elemental 
and isotopic analysis were prepared using HF and HClO4. A weighed 
amount of 0.2 g of the sieved sample was dissolved using 0.5 ml of 
HClO4 (70–72% v/v) and 10 ml HF (50% v/v) and then evaporated to 
dryness at 170 ◦C for 2 h. The evaporated sample was then re-dissolved 
with 0.5 ml HClO4 (70–72% v/v) and 5 ml HF (50% v/v) and evaporated 
once more. Finally, it was dissolved in 2 ml HNO3 (v/v) and transferred 
to a 100 ml volumetric flask. The samples for dendrochemical studies 
were collected from two pine trees (Pinus montezumae L.) in July 2017 
using a Haglof incremental borer (diameter 5 mm). For the sake of 
simplicity, the tree rings are designated as T2 and T3, as they were 
drilled next to profiles P2 and P3 respectively (Fig. 1). Three cores were 
collected at chest height from each tree at relative angles of 120◦. The 
tree ring samples were cut in 3-year segments and dried to constant 
weight. The individual segments were digested overnight in PTFE 
Savillex® beakers (Minnetonka, USA) in 10 ml of concentrated HNO3 at 
150 ◦C. 

Five representative slag samples corresponding to waste materials 
from smelting processes used at Kabwe (ISF smelting and Waelz) were 
collected from the local dump, which now represents the major source of 
dust contamination (Fig. 1). The slag samples were crushed, milled to 
analytical fineness and digested in mineral acids. The detailed digestion 
procedure is described elsewhere (Ettler et al., 2009). 

The solutions were prepared and diluted using analytical grade 
HNO3 (Merck, Germany), which was additionally purified by sub- 
boiling distillation, and deionized water (DI) obtained from a Milli-Q 
Academic purifying system (Millipore®, USA). 

2.3. Analytical procedures 

2.3.1. Determination of soil properties and mineralogy 
The soil pH (H2O and 1 M KCl) was measured for the <2 mm soil 

fraction using a soil-to-extract ratio of 1:5 (v/v) after 1 h agitation (ISO 
10390, 2005) using a Schott Handylab pH-meter (Schott, Germany). The 
cation exchange capacity (CEC) was calculated as the sum of the basic 
cations and Al extracted using a 0.1 M BaCl2 solution (Hendershot and 
Duquette, 1986). The extracts in BaCl2 were analyzed by inductively 
coupled plasma optical emission spectroscopy (ICP-OES, iCAP 6500 
radial, Thermo Scientific, Germany) under the conditions recommended 
by the manufacturer. 

2.3.2. Determination of bulk concentrations 
The total carbon (TC) and total sulfur (TS) contents were determined 

by catalytic oxidation at 1250 ◦C using an ELTRA CS 500 element 
analyzer (ELTRA, Germany). Soils, tree rings, and slag digests were then 
analyzed for trace elements (Cu, Zn and Pb) using quadrupole-based 
inductively coupled plasma mass spectrometry (Q-ICP MS, XSeries 2, 
Thermo Scientific) and/or ICP OES under the conditions described 
elsewhere (Mihaljevič et al., 2011). The quality of the elemental analysis 
procedure for soils, tree rings and slags was controlled using reference 
materials (NIST 2710, Montana soil; NIST 1575, Pine needles and NIST 
1515, Apple leaves). The accuracy of the measurements was <5% RSD. 

2.3.3. Sequential extraction procedure 
The sequential extraction procedure (SEP) was performed following 

the BCR scheme described in Rauret et al. (1999) to determine the 
chemical fractionation of the metal/metalloid contaminants. The ex-
tractions were conducted in duplicate in 100-ml PE reactors (P-lab, 
Czech Republic), centrifuged after each step, with washing steps (when 
defined in the original procedure), diluted to 2% (v/v) HNO3 and 
immediately analyzed by Q-ICPMS for the total concentrations Cu, Pb 
and Zn, and Pb isotopes. The SEP consisted of the following steps: Step 1 
– exchangeable/acid extractable fraction (targeting soluble/exchange-
able metals and carbonates), 0.11 M CH3COOH; Step 2 – reducible 
(targeting Fe–Mn oxyhydroxides), 0.5 M NH2OH⋅HCl at pH 1.5; Step 3 – 

oxidizable (targeting organic matter and sulfides), H2O2 (85 ◦C) then 1 
M CH3COONH4; Step 4 – residual, total digestion (targeting metals 
bound to silicates) (for a more detailed description of the preparation of 
the extraction solutions and procedure, see e.g. (Bacon and Davidson, 
2008; Rauret et al., 1999). We applied the method to a representative 
sample of each soil horizons to determine operationally defined solid 
speciation of contaminants and their potential plant 
availability/“lability”. 

2.3.4. Pb isotopic determinations 
The Pb isotopic composition was determined using Q-ICP MS, under 

conditions described elsewhere (Mihaljevič et al., 2011). The solutions 
for Pb isotopic determination were diluted to a concentration of <25 μg 
l−1 Pb. The mass bias was corrected using a reference material (NIST 
981, Common lead) measured between the individual samples. The 
standard errors for measurement of the 206Pb/207Pb and 208Pb/206Pb 
ratios were <0.4% RSD and <0.5% RSD, respectively. A BCR-2 (Basalt, 
Columbia River; USGS) certified reference material was used to test the 
accuracy of the digest measurements. 

2.3.5. Carbon isotopic determinations 
The stable isotopic composition of carbon was determined using a 

Thermo Flash 2000 elemental analyzer connected to a Thermo Delta V 
Advantage isotope ratio mass spectrometer in a Continuous Flow IV 
system (ThermoFisher Scientific). The minimum sample weight depends 
on the wt. % amount of elemental carbon. Samples wrapped in tin 
capsules were combusted. The released gases (CO2) separated in a GC 
column were transferred through a capillary to an MS source. The 
isotope ratios are reported as delta (δ) values and expressed relative to 
VPDB for δ13C. The delta values are normalized to a calibration curve 
based on IAEA-CH-6, IAEA-CH-3 and IAEA 600 international standards. 

3. Results and discussion 

3.1. Metals and Pb isotopic composition of slags 

The five collected slags contain high levels of metals. The slags have 
metal concentration ranges of 834–1730 mg kg−1 Cu; 29300–154000 
mg kg−1 Zn and 6700–17100 mg kg−1 Pb. The slag Pb isotopic signa-
tures range from 206Pb/207Pb = 1.142 to 1.157 averaging at 1.148 ±
0.0064 (n = 5). The 95% prediction interval for individual values of 
206Pb/207Pb (mean ± 2 standard deviations) is [1.135, 1.161]. This 
signature range of the contamination derived from the smelter is 
henceforth referred to as the contamination signature. 

3.2. Soil properties and metal contaminant concentrations 

In all the soil profiles, the pH is stable with depth (6.11 ≤ pH ≤ 7.66), 
except for P1, located near the slag dump, where it increases from 7.16 
at the surface to 9.35, stabilizing at a depth of 65 cm (Table S1). The 
CEC, TC, and TS values are reported in detail in Table S1. 

The highest concentrations of contaminants were found in the two 
profiles collected in the vicinity of the mine/smelter, with up to 16000 
mg kg−1 Pb, 140000 mg kg−1 Zn and 600 mg kg−1 Cu in profile P1 
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(Fig. 2A and Table S2). Soils close to smelters are commonly contami-
nated (e.g. Ettler, 2016; Kříbek et al., 2019; Li et al., 2015; Rieuwerts 
et al., 1999). The remote sites have substantially lower concentrations 
(up to 194 mg kg−1 Pb; 438 mg kg−1 Zn; 46 mg kg−1 Cu, Fig. 2A and 
Table S2). The highest concentrations are found in the topsoil and tend 
to decrease with depth. At a maximum depth of 40 cm, the metal con-
centrations in most soils stabilize, suggesting that, below this depth, 
they are mostly controlled by the geochemical characteristics of the 

underlying bedrocks. Interestingly, the Zn concentration in P4 continues 
to increase with depth, reaching its highest values in the deepest part of 
the profile (up to 438 mg kg-1), this can most likely be explained by the 
different geology at this site (Fig. 2). Unfortunately, it was not possible 
to obtain local bedrock samples or find previous analyses in the litera-
ture to confirm this hypothesis. The concentration of Zn in the P2 profile 
does not decrease substantially and the Pb trend behaves erratically, first 
decreasing unpredictably, stabilizing and then increasing once again in 

Fig. 2. A) Total Cu, Zn and Pb concentrations in the studied soil profiles. Note the different scales on the x-axis. B) Isotopic 206Pb/207Pb ratios in the studied soil 
profiles and slags. 

Fig. 3. Cu, Zn and Pb concentrations and 206Pb/207Pb ratios in the P2 (A) and P3 (B) soil profiles in the SEP fraction.  
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deeper layers (Fig. 2). During the soil collection of profile P2, it was 
noticed that the material had seemingly been turned and might not 
represent natural conditions. This could explain the behavior of the 
contaminants. Previous studies concluded that anthropogenic contami-
nation in Kabwe affects only the upper 5–10 cm thick surficial soil layer 
(Kříbek et al., 2019). All the three studied contaminants, i.e. Pb, Zn, and 
Cu exceed the concentrations in soils recommended by the World Health 
Organization (WHO) (Cu 30 mg kg−1, Zn 90 mg kg−1, Pb 35 mg kg−1, 
Tembo et al., 2006) and the Canadian Soil Quality Guidelines (resi-
dential) (Cu 63 mg kg−1, Zn 200 mg kg−1, Pb 140 mg kg−1; Canadian 
Council of Ministers of the Environment, 2007). 

The chemical fractionations of Cu, Zn and Pb were determined to 
assess the metal availability for root uptake (Fig. 3, Table S3). We sug-
gest that only metals bound in the exchangeable fraction of the soil can 
be considered accessible. Only the results for P2 and P3 are discussed 
and the results for P1 and P4 can be found in the supplement (Table S3) 
since no trees were collected near these profiles. Copper is mostly not 
accessible for root uptake in either of the soil profiles (P2 and P3, Fig. 3). 
In the P2 profile, this element is mostly bound to the oxidizable and 
reducible fractions across all the horizons, with barely any presence in 
the exchangeable fraction (up to 2%, 1.21 mg kg−1 in the O-horizon, 
Fig. 3A). In the P3 profile, Cu becomes more mobile as the C horizons are 
reached and is increasingly bound in the reducible and exchangeable 
fractions of the soil. However, the labile Cu corresponds to a relatively 
low concentration (9.17 mg kg−1, up to 41.5% of the total, Fig. 3B) and 
is probably too deep (˃ 70 cm) to be accessible for plants. 

The SEP showed that, for both soils, Zn is available in the O (P2: 165 
mg kg−1, 21.8% of the total) and Ah (P2: 96.4 mg kg−1, 13.8%; P3: 60.9 
mg kg−1, 19.2%) horizons (Fig. 3). However, Zn is mostly bound in the 
residual fraction in deeper horizons in P2, and there is not enough of this 
metal in P3 for it to be considered an important source for tree uptake. 

In both soils, Pb is the most labile contaminant, as most of it is bound 
almost exclusively in the reducible fraction across nearly all the hori-
zons, from 72.5 to 81.1% of the total, 99.5–312 mg kg−1 in the P2 profile 
(Fig. 3A) and from 28.9 to 61.6%, 3.22–26.9 mg kg−1 (Fig. 3B). A low 
amount of Pb is found in the exchangeable fraction, corresponding to up 
to 15.9 mg kg−1 (4.0%) in the O-horizon in P2. In P3, only up to 0.80 mg 
kg−1 (7.8%) is found in the C2-horizon, indicating that this metal is also 
not very available for root uptake. 

3.3. Soil Pb isotopic ratios 

Isotopic 206Pb/207Pb ratios in profiles P1 and P2 closer to the smelter 
have similar patterns (Fig. 2B, Table S4). The 206Pb/207Pb ratios in 
topsoil (P1, 206Pb/207Pb = 1.142; P2, 206Pb/207Pb = 1.149) increase 
constantly with depth (up to 1.165 and 1.154, for P1 and P2 respec-
tively). These soils are located on top of the same geological structure as 
the Kabwe mines and, as expected, the Pb signature doesn’t vary much 
with depth. In the southeast remote location (P4), the topsoil signature 
(206Pb/207Pb = 1.157) is higher than at the contaminated sites but still 
within the contamination range. The ratio increases with depth down to 
17.5 cm, where it stabilizes at a value of 1.175. This ratio is higher than 
the ones found in the lower layers of the P2 and P3 profiles (Fig. 2B). 
This could be due to the P4 profile soil developing on slightly different 
geology than P2 and P3: carbonaceous dolomite as opposed to schistose 
dolomite. The P3 profile signature in the topsoil (up to 206Pb/207Pb =
1.145) is similar to the other profiles and is once again within the 
contamination range. However, it decreases rapidly with depth to 
206Pb/207Pb = 1.128 and stabilizes at a depth of 55 cm, after which it 
decreases once again to a minimum value of 1.109. This contrasting 
trend, together with the difference in deep metal concentrations, is 
compatible with the completely different nature of the underlying soil- 
forming bedrocks, the Basement Complex as opposed to the Dolomite 
Formation, on which every other studied profile was formed. 

The Pb isotopic analysis of the sequential extraction leachate reveals 
very different behaviors in all the soil profiles, reflecting the different 

geologies and the distance to the slag dump (Fig. 3). The P1 profile is 
characterized by an increase in 206Pb/207Pb with depth for all the SEP 
steps. The topsoil signatures range from 206Pb/207Pb = 1.136 (oxidiz-
able) to 206Pb/207Pb = 1.140 (residual) (Table S3). These values are 
within the standard deviation of the measurement (SD = 0.004; n = 72) 
and are slightly below the low-end of the contamination range. From the 
Ah horizon, the trend is stabilized and all the SEP steps seem to reflect 
geogenic concentrations. 

In the P2 profile, the exchangeable fraction has a constant 
206Pb/207Pb = 1.137 to 1.138 signature at depth, while the residual and 
oxidizable fractions increase from similar values to the geogenic signa-
ture (Fig. 3A). Interestingly, the reducible fraction has a slightly higher 
topsoil value (206Pb/207Pb = 1.144) and decreases with depth to regular 
values (206Pb/207Pb = 1.142); these values are still well within the slag 
range of isotopic values. 

The lead isotopic ratios in P3 are much lower, reflecting the different 
geology, as already discussed above (Fig. 3B). The 206Pb/207Pb values in 
the Ah-horizon range from 1.117 (residual fraction) to 1.132 (oxidizable 
fraction). The isotopic signature in the exchangeable, reducible and 
oxidizable fractions decreases with depth (down to 206Pb/207Pb: 1.120, 
exchangeable; 1.106, reducible; 1.103 oxidizable) and then increases to 
a depth of 95 cm to very similar values to those found at the surface. The 
signature of the residual fraction continues to decrease to 206Pb/207Pb =
1.094, confirming the geogenic origin of this Pb. 

In the P4 profile (Table S3), the 206Pb/207Pb trend is very similar in 
the exchangeable, reducible and oxidizable fractions. The topsoil shows 
the same signature as the other soils. There is a steep increase in 
206Pb/207Pb (1.14–1.16, in all profiles) down to the Ah horizon, where 
the trends in all 4 fractions exhibit the same behavior, increasing only 
slightly in deeper horizons. 

In short, the measured 206Pb/207Pb ratios confirm that the anthro-
pogenic contamination penetrates the soil layers to a maximum depth of 
25 cm. The 206Pb/207Pb ratios in the lower horizons probably tend to-
wards the assumed signature of the bedrock underlying the soils and are 
stable after a mean depth of 25 cm, except for the NE remote location. 
The surface ratios all trend towards the 206Pb/207Pb signature of the 
contamination (206Pb/207Pb = 1.142 to 1.157). All soil ratios in P1 and 
P2, except for one value in P2, fall within the prediction interval of the 
slag ratios [1.135, 1.161]. Additionally, topsoil values in P3 and P4 also 
do so, suggesting the slag dump to be the source of pollution. It can be 
assumed that the whole area may have its topsoil contaminated by the 
dust released from the dump, even at sites like P4, which are not in the 
direction of the preferential wind direction (Fig. 1). Furthermore, 
contamination could also be derived from mining activities in the past 
and local ore deposits, as the local Pb ore, galena (PbS), has the same 
isotopic signature (206Pb/207Pb = 1.145; Kamona et al., 1999) and it is 
known that smelting processes do not cause isotopic fractionation, or 
alter in any way the Pb isotopic signatures of geomaterials (Shiel et al., 
2010). Therefore, the whole Pb cycle, from ore to processed 
geo-material to contamination in soils, can be traced using this specific 
isotopic ratio range. Ratios that are at the low end or even slightly below 
the contamination range may also be influenced by the atmospheric 
background characteristic of the region. Southern African atmospheric 
aerosols have a signature of 206Pb/207Pb = 1.067 to 1.090 (Bollhöfer and 
Rosman, 1997), which could potentially lower the topsoil signature by 
mixing with the ore signature. 

3.4. Trace elements in tree rings 

Tree rings date back to 1963 (T2) and 1987 (T3) (Fig. 4). Thus, for 
T2, the mining and smelting activities had already been active for 61 
years. The presented values are the calculated means of the metal con-
centrations (Table S5) and C and Pb isotopic ratios (Table S6) measured 
in the three collected cores. Interestingly, the tree farther from the 
source of contamination (T3) has a larger amount of Pb (up to 6.48 mg 
kg−1) compared to the tree near the slag dump, T2 (up to 1.55 mg kg−1) 

R. Baieta et al.                                                                                                                                                                                                                                  



Journal of African Earth Sciences 181 (2021) 104246

6

(Fig. 4A). The other elements, Cu and Zn, are also represented more in 
the remote tree biomass, although not to such a degree (maximum in T2: 
Cu, 6.35 mg kg−1, Zn, 7.76 mg kg−1; and in T3: Cu, 10.2 mg kg−1, Zn, 
10.6 mg kg−1). The T3 tree is located close to one of the major highways 
in Zambia, meaning larger Pb levels could be caused by heavy traffic. No 
more trees were available for sampling around the whole region. Leaded 

gasoline is no longer in use, but dust carried from Kabwe (the road goes 
through the town) or the northern mining cities in the Copperbelt could 
greatly influence this tree ring record. A study by Mihaljevič et al. 
(2015) found similar results; the increased presence of Pb in remote 
locations. Perhaps the dimensions of the wind-blown particles at such 
distances are small enough to boost absorption by the trees compared to 
the closer site. A study by Csavina et al. (2014) has found that 
smelter-derived particles < 1 μm contain greater percentages of Pb than 
larger particles, which could potentially explain this phenomenon. 
However, Csavina et al. (2012) showed that, even for smaller particles, 
the contaminant concentration decreases rapidly with distance from the 
smelters. This phenomenon requires further investigation. 

3.5. Pb isotopic ratios in tree rings 

The lead isotopic compositions (Fig. 4B, Table S6) are very similar at 
both sites; the results have average values of 206Pb/207Pb = 1.536 (T2) 
and 206Pb/207Pb = 1.558 (T3). The ratio in T3 is more constant than in 
T2 and generally higher. This tendency is sustained after the smelter 
closed in 1994. There are several variations in the Pb isotope time- 
dependent pattern at the T2 site. Most noteworthy are the ratio in-
creases in the 1970s from 206Pb/207Pb = 1.157 to 1.163, with a subse-
quent sudden decrease to 1.149, followed by another peak in 1986 
(206Pb/207Pb = 1.158). Again, there is an immediate decrease to 1.147 
in 1992 followed by an unsteady increase until 2004, reaching 
206Pb/207Pb = 1.158. Finally, the ratio decreased to a value of 1.141 in 
2016. All the values fall within the interval of contamination signature 
[1.135, 1.161], same as soils, closer to the high-end of the slag signature 
range in most of the data points, suggesting that this Pb originated from 
the mining/smelting activity. The sequential extraction procedure (SEP) 
showed that most of the Pb in the soils is bound in the reducible fraction 
(the mean value in the contaminated soils was 76% and, in remote soils, 
54%, Fig. 3) proving it is not very accessible for root uptake. Utilizing a 
Pb isotope approach and comparing the signature of available Pb in the 
soils (mean 206Pb/207Pb = 1.144, 1.120; in P2 and P3 respectively) with 
the Pb present in the tree biomass (mean 206Pb/207Pb = 1.154; T2 and 
T3) supports the idea that an above-ground uptake must be the preferred 
route for Pb assimilation in these trees. Metals can only enter the tree 
biomass either through root uptake or above-ground processes, since the 
Pb available for root uptake is shown not to share the signature of the Pb 
in the tree biomass, and there is no noticeable fractionation of Pb in this 
process, this uptake method is eliminated. Wind-blown particles from 
the smelter will share the signature of the slags and will be falling on the 
trees and absorbed into the biomass either through breathing or other 
processes. Other studies have also shown that Pb found in wood mostly 
originates from above-ground uptake processes (Lepp and Dollard, 
1974; Watmough, 1999). 

3.6. Carbon isotopic ratios in tree rings 

Mean δ13C values (Fig. 4C, Table S6) are always higher in the remote 
site (T3: mean δ13C =−24.58‰) compared to the contaminated site (T2 
mean δ13C =−26.8‰). In tree T2, the ratio rapidly increases from 1970, 
culminating in 1974 (δ13C = −25.4‰), followed by a steady decrease 
back to mean values (δ13C = −27.0‰) in 1980; this is the most notable 
trend in the record. The T3 record begins in 1987 and both records have 
had similar trends since then. Pearson’s correlation coefficient (r = 0.77, 
p < 0.001) shows a very strong correlation between these two trees, in 
these years. Similar peaks appear in the early 1990s and early 2000s, 
with a depression in 2001. This suggests that both trees are part of a 
system that affects both records. 

3.7. Smelter production vs. tree rings record 

Smelter yearly production amounts were compiled from the USGS 
annual reports (U.S. Geological Survey, Bureau of Mines, 1964–1993, 

Fig. 4. A) Elemental concentrations of Cu, Zn, and Pb in the T1 and T2 tree 
rings. B) Isotopic 206Pb/207Pb ratios in the studied T2 and T3 tree rings. Lighter 
lines represent the range of observed values. C) Isotopic δ13C ratios in the 
studied T2 and T3 tree rings. Lighter lines represent the range of 
observed values. 
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Table S7). Unfortunately, it was not possible to find earlier records than 
those for 1959. The mine had been active for 53 years prior to this date. 
The earliest record available shows the smelter producing 15 Mt of Pb 
and 30 Mt of Zn in 1959. Production peaked in the mid-1970s (28 Mt of 
Pb in 1971 and 58 Mt of Zn in 1974; Fig. 5). It is noteworthy that the Zn 
and Pb productions correlate with an r = 0.93 (p = 4 × 10−16; Spearman 
coefficient) and that the Zn production exceeds Pb more than twice. 

In previous studies, it was observed that apparent correlations be-
tween the tree ring record and the smelter production records can be 
blurred or smoothed out and may suffer a delay of up to 10-years 
(Lageard et al., 2008; Watmough and Hutchinson, 2002). This effect is 
present also in our data (Fig. 5). Major trends and long periods of in-
crease and decrease in production seem to be recorded in the tree data, 
but short bursts do not. The data interpretation is complicated by the 
fact that the tree data represents 3-year sums while production is known 
for each year. 

We have investigated if the presence of Pb in the trees is controlled 
by smelter production. It makes sense to compare tree-data to a moving 
average or to equivalent summation of production over several previous 
years with some time delay, evaluated at years to which tree data cor-
responds to. We considered combinations of summation from 1 to 10 
years (denoted as parameter ny) and delays of 0–6 years (parameter nd). 
For all these combinations we examined linear dependence of the Pb 
content in the T2 tree on time-averaged and delayed Pb production by 
means of linear regression. 

The linear regression of the tree on production is significant, with a 
coefficient of determination R2 

= 0.67 (r = 0.82, p = 0.001). This result 

means that 67% of variability of Pb in the T2 tree can be explained by a 
linear dependence on 3 previous years of production delayed by 1 year. 
Figure S1 shows the result of a 3-years summation (ny = 3) delayed 1 
year (nd = 1). 

More combinations of the averaging parameters (ny, nd) provided 
statistically significant results, some of them having similar R-squared 
coefficient, as in the previous example. Formally, the best one was found 
for averaging 5 previous years without any delay (ny = 5, nd = 0) with 
R2 

= 0.68. Given the size of data, it makes no sense to state that, for such 
a small difference in R2, one of the models is preferred. Nevertheless, we 
can conclude that Pb in the T2 tree significantly reflects the cumulative 
effect of several previous years of production. 

Carbon isotopes have proven to be a useful tool for describing 
environmental conditions affecting tree behavior; a review on this 
subject can be found in van der Sleen et al. (2017) and references 
therein. In this study, δ13C is used as a stress indicator for tree growth. 
Variations in δ13C are caused by environmental factors like water 
availability, light and nutrient availability (van der Sleen et al., 2017). 
The premise is that greater smelter activity leads to larger amounts of 
SO2 in the atmosphere, which through both wet and dry deposition, 
would suppress the tree assimilation process. When subject to stress, 
plants can partially or totally close their stomata, which decreases the 
partial pressure of CO2 into the leaf and, in turn, decreases discrimina-
tion of 13C (Time et al., 2018). This information, coupled with Pb iso-
topes and the Pb and Zn content in the tree biomass, was compared to 
the yearly smelter production of Pb and Zn, in an attempt to assess the 
environmental archive potential of these trees. 

Fig. 5. Kabwe smelter historical Pb and Zn production records compared to tree ring δ13C and 206Pb/207Pb values and the elemental Pb and Zn record.  
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The δ13C record in T2 seems to have a relation to Zn and Pb pro-
duction (Fig. 5). The increase in δ13C from 1968 to 1974 and the sub-
sequent decrease until 1980 reflects the increased smelter production 
from 1961 to 1976. Later, there are two smaller peaks in 1983 and 1992. 
Nevertheless, linear regression of δ13C in T2 on the time-averaged and 
delayed sum of Pb and Zn productions (similar as in the above described 
case of Pb) don’t show up statistically significant dependence. Only the 
first part of the record up to 1986 can be explained by linear regression 
on the total production (R2 

= 0.53), with a 5-year summation and no 
delay in tree response. Comparing only δ13C to Zn production produces a 
similar value of R2 

= 0.51. Therefore, only up to this date, the δ13C 
record in pines can be used as a proxy for high industrial activity. Note 
that post-1987, both tree δ13C records behave similarly. 

In the case of the Pb isotopes, linear dependence on Pb production 
was found. A summation over 5 years with a delay of 2 years produces 
significant regression with R2 

= 0.56. This is indicated in Fig. 5 where 
periods of higher smelter production seem to increase the 206Pb/207Pb 
ratio and periods of lower production result in smaller ratios. The 
background aerosol signature (206Pb/207Pb = 1.067 to 1.090 (Bollhöfer 
and Rosman, 1997), could play a more significant role, leading to a 
decrease of the ratio. 

Total Zn concentrations in the trees also seems to be linked to smelter 
production (Fig. 5). The sudden increase in production in 1963 matches 
an increase in Zn in the tree biomass in 1971. The major increases and 
decreases are also recorded until the end of the production boom. When 
production suddenly decreased in 1976, so did the Zn concentration in 
the tree biomass in 1983. Nevertheless, linear regression of Zn in T2 on 
summed and delayed production, shows only weak relation with low 
R2(the best value found R2 

= 0.319). Therefore, Zn recorded in T2 
doesn’t show such simple and relatively strong relation to the course of 
production as Pb. 

From 2000 to 2010, there was a pronounced increase across all the 
variables, which is not caused by active smelting since the production 
had ceased long before this time (Fig. 5). This must either be justifiable 
by some natural or anthropogenic phenomenon or it throws doubt on all 
the other discussed correlations between smelter production and the 
tree ring record. Perhaps either the tree reacted with a greater delay 
than previously to the final increase in 1994 or it is somehow connected 
with an increase in traffic and overall atmospheric pollution. We were 
not able to find a weather phenomenon, which could cause this trend, 
such as a year with intense rain or lack thereof or even stronger winds, 
which could blow more dust from the dumps. This phenomenon calls for 
more trees to be studied around Kabwe and the involvement of other 
isotopic systems like Zn and Cu to elucidate the reason(s) for these 
variations. 

4. Conclusions 

Here, the impact of the historical Pb–Zn mining and smelting in 
Kabwe, Zambia was assessed in local soils and trees. We concluded that 
the whole area is contaminated by the smelter’s historical activities and 
still in the present day due to the wind-blown particles coming from the 
completely unprotected massive slag dump and already contaminated 
soils. Extreme contamination is only found in the topsoils up to a depth 
of about 10 cm, but the contamination extends down to a depth of 40 
cm, as indicated by Pb isotopes. The presence of Pb in the tree biomass is 
also significant (up to 6.48 mg kg−1 Pb) and we concluded its origin not 
to be from root uptake but rather from the deposition of the wind-blown 
particles on the bark and leaves of these trees. Interestingly, the presence 
of Pb in the remote tree was much higher than in the tree close to the slag 
dump, a trend not shared by the other metals. Possibly, this is due to 
smaller particles, aerosols, having greater Pb concentrations and trav-
eling to greater distances. This phenomenon invites further 
investigation. 

Finally, local pine trees are sensitive to changes in smelter produc-
tion throughout time and a massive increase in production in the 1970s 

is well documented in both tree records. Both trees belong to the same 
system as their respective ∂13C trends always behave in the same way. 
The record of Pb production is more reliable than that of Zn production. 
Carbon and Pb isotopes also are good indicators of smelter production. 
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A B S T R A C T   

This study described the behavior of Pb and its isotopes in forest soils affected by different temperature wildfires. 
We collected samples of burned (and unburned) soil and ash in Abiul, central Portugal, in areas affected by 
different temperatures. The different soil burned severities were assessed in situ. 

The high-temperature fires consumed all organic matter in the topsoil (down to 5 cm), while lower temper-
atures did not. All the soil and ash samples were analyzed for their lead (Pb) contents and Pb isotopic compo-
sitions using inductively coupled plasma mass spectrometry. 

The average Pb elemental concentration in the unburned topsoils was 10.7 mg kg−1, and the isotopic 
composition ranged from 206Pb/207Pb = 1.167 to 1.178. No significant accumulation of Pb was observed in the 
topsoil (and ash) affected by the high-temperature fire, but their respective ratios increased (soil 206Pb/207Pb =
1.197; ash 206Pb/207Pb = 1.180). However, there was a significant accumulation of Pb (15.3 mg kg−1) in the 
topsoil and especially in the ash (Pb avg. = 21.8 mg kg−1), affected by the low-temperature fire. The soil 
206Pb/207Pb isotopic ratios remained stable but decreased in the ash (206Pb/207Pb = 1.174 and 1.166, 
respectively). 

According to the isotopic composition, Pb in the topsoils was of mixed origin (natural and anthropogenic). We 
assumed that lithogenic Pb (206Pb/207Pb > 1.19) occurred in stable mineral forms while anthropogenic Pb 
mainly originated from leaded gasoline (206Pb/207Pb < 1.16). Anthropogenic Pb was more easily mobilized due 
to the volatile nature of the emitted compounds of vehicular Pb (oxyhalogenides). Hence, during the high- 
temperature burning of the soil, Pb with a lower isotopic signature would be preferentially released from the 
soil Pb pool. Consequently, resulting soils and ash exhibited an increase in 206Pb/207Pb isotopic ratios. However, 
ash and soils affected by low temperatures, which did not volatilize anthropogenic Pb, retained their isotopic 
signatures. 

This work suggests that it may be possible to determine the temperature of a forest fire from the Pb isotopic 
signatures of the burned materials.   

1. Introduction 

The presence of Pb in soils and the pedosphere has extensively and 
continuously increased for the past millennia relative to its natural 
concentrations due to anthropogenic activities (Dickson et al., 1972; 
Nriagu, 1996). The first emissions date from 8000 years ago, when early 
smelting techniques were probably first used (Goodwin and Ponikvar, 
2013). During the past century, Pb emissions derived from the com-
bustion of leaded gasoline have massively impacted ecosystems (Nriagu 
and Pacyna, 1988). Due to the use of non-leaded gasoline and increasing 
environmental awareness, atmospheric levels of Pb have decreased in 
the past decades (Bollhöfer and Rosman, 2001). Consequently, we are 
now observing a decrease in Pb concentrations in topsoils and the 

environment in general (Friedland et al., 1992; Trefry et al., 1985). 
However, it will take a long time for restoration of the natural lower 
concentrations of Pb. This metal is very immobile and has a high 
retention time in the soil environment (Harrison et al., 1981). 

Only recently has the use of leaded petrol been finally globally 
eradicated when Algeria stopped providing this product in August 2021 
(Lobet, 2021). Nonetheless, the Pb that remains in the soil must be 
addressed and studied. Lead in the form of halogenides, the product of 
the combustion of leaded gasoline, is much more volatile than Pb in its 
mineral forms (Nriagu, 1990). 

The mobilization of the Pb present in soils has been shown to 
contaminate water resources (Abraham et al., 2017; Ré et al., 2021; 
Trefry et al., 1985), plant life, even showing up in the blood and stool 
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samples of cattle (Bose-O’Reilly et al., 2018) and humans (Flegal and 
Smith, 1992; Zahran et al., 2013). Mobilization can occur in many 
different ways: root uptake (Bigalke et al., 2011; Jiang and Liu, 2010; 
Piechalak et al., 2002; Shahid et al., 2011), direct ingestion, wind-blown 
particles (Csavina et al., 2014), pulverization, dust inhalation (Zhao 
et al., 2021), among others. In the present study, the authors focused on 
post-fire mobilization, resulting from the loss of vegetation and organic 
matter in topsoils, converting metals to a labile state (Biswas et al., 2007; 
Certini, 2005). 

In general, wildfires adversely affect the soil. For example, a portion 
or all topsoil organic matter is always lost (Giovannini et al., 2001). 
Some nutrients (organic N) in the topsoil can be lost due to volatilization 
(Fisher and Binkley, 2000) while others (P, K) may be concentrated as a 
result of the combustion of biomass and formation of ash (Kutiel and 
Shaviv, 1992). Also, the soil structure can be affected, causing a decrease 
in the porosity (Durgin and Vogelsand, 2011), which facilitates runoff 
and wind erosion (Martin and Moody, 2001). Fires do not directly affect 
particle size, but the release and loss of fine particles may lead to more 
coarse soil (Mermut et al., 1997). Additionally, the biological compo-
nent is greatly affected. A review on these aspects was compiled by 
Certini (2005). 

Understanding only the chemical and mineralogical position of Pb in 
soils is not sufficient for the exact evaluation of contamination sources 
(Komárek et al., 2008). Hence, the use of Pb isotopic systems has been 
introduced to trace contamination sources and is a well-established 
method for waste incineration (Monna et al., 1997), mining/smelting 
processes (Baieta et al., 2021), and leaded gasoline-related deposition 
(Hernandez et al., 2003), among many others. 

To assess the behavior of Pb during and after forest fires, we collected 
soil and ash samples of both burned and unburned soils in a small region 
of Portugal after a wildfire. This paper describes the Pb isotopic 
composition of soils affected by forest fires and ash and compares it to 

unaffected soils. Very few studies have focused on this aspect of forest 
fires (Kristensen et al., 2014). 

2. Materials and methods 

2.1. Site description and sampling procedure 

The samples were collected in the town of Abiul, Pombal, in Portugal 
(Fig. 1). The climate in this region was classified as Warm-summer 
Mediterranean, Csb according to the Köppen-Geiger classification 
(climate-data.org). This region was affected by a low to moderate in-
tensity fire on 23 August 2019. It destroyed about 12.52 ha of forest, 
mainly composed of maritime pine trees (Pinus pinaster Ait.). These trees 
were scorched during the fire. The soil burn severity (SBS) was assessed 
in-situ using the method described by Vega et al. (2013). The SBS varied 
from level 1 to level 3. Level 5 was found exclusively at the base of the 
local pine trees. The sandy loam soils at the surface were covered by 
roughly 4 cm of organic soil with a large amount of litter at the control 
sites (C1 and C2). The fire affected only the top 5 cm of the soil. For 
reference, SBS: level 1 – when the Oa layer is found partially or intact 
and the mineral horizons are undisturbed; level 3 – when the forest floor 
is completely consumed and ash may be found while the mineral hori-
zons are still undisturbed; level 5 – when the forest floor is completely 
consumed leaving no charred residue and the mineral horizons are 
affected: the soil structure is altered, the soil surface color shifts to 
reddish, the roots are burned and the SOM is consumed (Vega et al., 
2013). 

The campaign was carried out seven days after the fire. Four pits 
were dug to a depth of 1 m and soil samples were collected at incre-
mental depths. Two pits were excavated in the burned area, while two 
others were dug in an unburned area. In the burned area, one pit was 
excavated at the top of a hill (B1) where the SBS was level 3, and the 

Fig. 1. Location of the soil pits (C1, C2, B1, B2) and the quarry where the fresh bedrock was collected. The studied burned area is designated by red shading.  
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second was in the middle of a small valley or water line, SBS = level 1 
(B2, Fig. 2a, c). 

Samples of fresh bedrock were collected from a local sandstone 
quarry since the 1 m depth pits were not deep enough to reach the 
bedrock (Fig. 1). Both burned sampling sites had been previously 
affected by two wildfires in 1990 and 2001 (ICNF, 2020). 

2.2. Treatment of samples and analytical procedures 

The samples were stored in PE bags. Later, they were air-dried to 
constant weight and transported to the laboratory, where they were 
sieved to 2 mm particle size and homogenized. Part of the < 2 mm 
fraction was milled to analytical fineness in an agate ball mill (Fritsch, 
Pullverissette, Germany). The granulometry of the sieved soil was 
measured using the hydrometer method (Gee and Or, 2002). 

Digests were prepared for elemental and isotopic analysis using 0.2 g 
of the previously milled samples. These were then dissolved using 0.5 ml 
of HClO4 (70–72 %) and 10 ml of HF (50 %) and evaporated to dryness at 
170 ◦C for two hours. The second dissolution used 0.5 ml HClO4 (70–72 
% v/v) and 5 ml HF (50 %) and was evaporated for the second time. 
Finally, it was again dissolved in 2 ml analytical grade HNO3 (Merck, 
Germany) (v/v), which was additionally purified by sub-boiling distil-
lation, and deionized water (DI) obtained from a Milli-Q Academic 
purifying system (Millipore®, USA). 

The soil pH was measured in a 1:2.5 (m/v) ratio of soil and deionized 
water suspension and 2 M solution of KCl. The cation exchange capacity 
(CEC) was determined using a Ba2+ solution (0.1 M BaCl2 buffered at pH 
8.1) to saturate soil cation exchange sites, followed by Ba2+ exchange 
with MgSO4 (ISO 13536:1995). The crystalline Fe and Al oxide contents 
were obtained by acid oxalate extraction using 0.2 M ammonium oxalate 
at pH 3. The resulting solution was measured using an ICP-OES (Agilent 
5110). Total carbon (TC) and total sulfur (TS) concentrations were 
determined using an ELTRA CS-500 analyzer (1450 ◦C). The accuracy of 
the results was verified using reference materials (SRM) NIST 1635 
(Table 1S). 

2.3. Trace element concentrations and determination of Pb isotopic ratios 

Trace element concentrations and the Pb isotopic compositions of the 
samples were determined using a quadrupole-based inductively coupled 
plasma mass spectrometer (Q-ICP MS, XSeries 2, Thermo Scientific) 
under the recommended conditions. The accuracy of the trace element 
measurements was controlled using a reference material (SRM NIST 

2711a - Montana II soil, Table 2S). The stock solutions were diluted to <
20 μg l−1 Pb for determination of the isotopic composition. Mass bias 
correction was carried out using a reference material (SRM NIST 981, 
Common lead, Table 3S) measured between the individual samples. The 
certified reference material BCR-2 (Basalt, Columbia River; USGS, 
206Pb/207Pb = 1.2007 ± 0.0007, 208Pb/206Pb = 2.0635 ± 0.0016) was 
used to verify the accuracies of the measurements. The standard errors 
for measurement of the 206Pb/207Pb and 208Pb/206Pb ratios were <0.3 % 
RSD and <0.4 % RSD. The Pb procedural blank was below 0.03 μg l−1. 

3. Results and discussion 

3.1. Basic properties 

The soils were sandy loams. The unburned soil C1 was classified as 
Albic Podzol (Loamic), and the unburned C2, burned B1 and B2, all as 
Dystric Cambisol (Loamic). The pH values ranged from 3.99 to 5.01, 
indicating that these were acidic soils (Table 1). An increase in pH can be 
expected for fires with temperatures >450–500 ◦C (Arocena and Opio, 
2003; Santana et al., 2018). No such increase was observed. Excluding 
the organic layers, the TC was low in all the soil horizons (max: 4.12 %, 
Table 1). However, the organic layers of the unburned soil had a higher 
TC value (avg: 22.7 %) than the organic or top layer (if no organic was 
found) of the burned soils (avg: 8.10 %). From the burned soils, only the 
B2 profile contained an organic layer. The organic matter can be ex-
pected to be substantially consumed in fires with temperatures >
200–250 ◦C and total consumption takes place at around 460 ◦C (Gio-
vannini et al., 2001). Very low-intensity fires do not seem to affect the 
TC contents of the topsoil (Varela et al., 2015), while low-intensity fires 
may increase it. Other authors have explained this as the remains of 
burned vegetation and litter being deposited on the topsoil (Certini, 
2005; Strømgaard, 1992). The burning of soil organic layers produces 
ash which contains mostly Ca, K, and Mg carbonates, lime (CaO), quartz 
(SiO2), and P, mainly in the form of apatite [Ca5(PO4)3(Cl,F,OH); 
Yusiharni and Gilkes, 2012]. Excluding in the organic layers, CEC values 
ranged from 1.80 to 17.7 cmol+ kg−1, fitting the soil classification 
(Table 1). The O-horizons of unburned soils C1 and C2 had a CEC of 48.9 
and 77.2 cmol+ kg−1, which was relatively high compared to the lower 
layers. Soil CEC decreases after the burning of the soil (Badía and Martí, 
2003) as the cation exchange sites on organic matter are lost (Oswald 
et al., 1999). 

Fig. 2. a) Dug pit where the B2 samples were collected. The burned topsoil was about 5 cm deep. b) Site where a pine tree burned, leaving white ash. c) “Valley” or 
water line near the B2 profile. d) Unburned analogous site (C1). 
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3.2. Soil and ash Pb content 

The bedrock was classified as sandstone and contained 10.2 mg kg−1 

of Pb (Table 1, Fig. 3a). It is important to note that the quarry is 
approximately 5 km SW from the sampling sites (Fig. 1), which could 
cause a slight difference in properties compared to the bedrock found 
directly under the profiles. 

All the studied soils were uncontaminated according to the 
maximum permitted amount of Pb (70 mg kg−1) in soils for agricultural 
purposes (Canadian Council of Ministers of the Environment, 2007). 

Lead concentrations in the C1 soil ranged from 8.28 to 13.9 mg kg−1 

(Table 1, Fig. 3a). In the topsoil, Pb varied from an average of 11.3 mg 
kg−1 in the organic horizons to 9.83 mg kg−1 in the first mineral horizon. 
The concentration steadily increased to 13.9 mg kg−1 (Fig. 3a) in deeper 
layers. The highest concentration of Pb in the C2 soil was found in the 
organic topsoil and deeper layers at 12.4 mg kg−1. Similar to C1, the 
organic horizons were richer in Pb compared to the top mineral layers, 
with mean values of 12.1 mg kg−1 to 7.37 mg kg−1 (Table 1, Fig. 3a). A 
higher concentration of metals in the organic horizons than the imme-
diate mineral layers can be expected. The forest floor, characterized by a 
mixture of organic matter (OM) and minerals, acts as a metal reservoir 

(Shcherbov, 2012). The same behavior occurred for other elements, 
such as Zn, Ni, Co, for example (Table 2S). The Pb content increased 
with depth to a max of 12.5 mg kg−1 (Table 1, Fig. 3a). A steady increase 
in Pb with depth may be simply due to a richer bedrock or vertical 
migration in the soil. The studies of Miller and Friedland (1994) and 
Ettler et al. (2004) concluded that labile Pb (of anthropogenic origin) in 
soils migrates rapidly (8–20 mm y-1, 30–36 mm y-1, respectively) 
vertically through the mineral profile. This effect might be increased by 
frequent wildfires causing the release of metals accumulated in the 
organic layers of the soils. An increase in the content of total and 
bioavailable forms of heavy metals in soils exposed to fires has been well 
documented (Mitic et al., 2015; Stankov Jovanovic et al., 2011). San-
torufo et al. (2021) reported that the availability of Pb increased after a 
wildfire and was still significant two years later, probably as a result of 
mineralization of the organic matter caused by the fire. Since the soils 
had been exposed to previous fires, faster vertical leaching might be 
occurring. 

The burned B1 soil did not contain an O-horizon (Table 1), possibly 
due to the burning of its original one, implying temperatures ≥ 460 ◦C 
(Giovannini et al., 2001). In the top 65 cm of soil, the Pb content was 
mostly constant (mean: 10.38 mg kg−1; SD = 0.56; n = 4). At 65 cm of 

Table 1 
Description and physicochemical properties of the studied soils.  

Profile Soil / Horizon Depth Granulometry (%) Soil pH H2O pH KCl CEC FeOx AlOx TC TS 
cm Clay Silt Sand Texture std units std units cmol+ kg−1 mg kg−1 mg kg−1 % %   

O −4–−2     4.46 3.43 48.9 1090 1160 21.3 0.099   
−2–0     4.32 3.11 57.6 763 831 22.8 0.105 

C1 Albic E 0–5 7.38 26.8 65.8 Sandy loam 4.06 3.24 11.9 1580 2600 3.34 0.018 
(control) Podzol Bh 5–15 7.65 23.2 69.1  4.25 3.50 12.6 1860 2610 2.27 0.012  

(Loamic) Bs 15–60 4.74 33.6 61.6  4.72 4.24 12.0 7950 4500 2.33 0.018   
60–90 6.11 36.5 57.4  4.77 4.43 5.97 6740 2390 0.99 0.014   

C 90–95 11.0 34.4 54.6  4.73 4.43 5.86 6050 2610 0.74 0.013   
O −4–−2     4.63 3.55 71.2 1390 1310 23.9 0.102 

C2 Dystric −2–0     4.40 3.04 22.4 536 644 8.13 0.035 
(control) Cambisol Ah 0–10 13.7 20.5 65.8 Sandy loam 4.19 3.12 11.8 902 1050 2.80 0.015  

(Loamic) Bw 20–35 8.48 29.1 62.4  4.68 3.98 14.4 5850 8620 2.31 0.016   
35–50 4.41 20.0 75.6  4.89 4.26 17.7 13,100 6610 2.98 0.019   

C 55–65 4.82 20.8 74.3  5.00 4.44 10.8 14,200 3120 1.32 0.008   
Ah 0–10 8.40 21.6 70.0  4.90 3.96 12.3 5880 4940 3.50 0.014 

B1 Dystric Bw 10–25 6.19 29.9 63.9  4.89 4.20 15.0 12,300 6170 3.62 0.019 
(burned) Cambisol 25–40 4.70 30.6 64.7 Sandy loam 4.82 4.29 17.0 17,700 4970 3.63 0.022  

(Loamic) C1 45–60 6.04 28.6 65.4  4.81 4.36 9.06 20,600 2540 1.67 0.010   
C2 65–70 4.02 22.7 73.2  5.01 4.74 1.80 6460 999 0.14 0.002   
O −2–0     3.99 2.95 35.5 1550 1480 12.7 0.053 

B2 Dystric Ah 0–10 4.08 23.7 72.2 Sandy loam 4.10 3.20 12.0 2380 2800 4.12 0.019 
(burned) Cambisol Bw 15–40 4.76 16.1 79.1 Loamy sand 4.51 3.94 10.8 4410 4780 2.02 0.011  

(Loamic) 40–70 9.57 9.39 79.8 Sandy loam 4.69 4.24 14.4 10,760 5340 2.36 0.016   
C 75–80 3.90 1.82 94.3 Sand 4.63 4.30 14.7 12,400 3270 2.13 0.016  

Fig. 3. a) Lead concentrations and b) isotopic 206Pb/207Pb ratios in the soil profiles, ashes, and bedrock.  
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depth, the deepest collected horizon contained only 3.29 mg kg−1 Pb. 
Ashes collected from the B1 profile had Pb concentrations of 10.0 and 
8.89 mg kg−1, similar to the topsoil (Fig. 3a). 

In contrast, what was left of the O-horizon of the burned B2 profile 
contained more Pb (15.3 mg kg−1) than any other layer in any profile 
(Table 1, Fig. 3a). A prediction with 95 % certainty for the concentration 
of Pb that can be expected in unburned topsoils gives an interval of 
[9.34; 13.28] mg kg−1. Hence the accumulation of Pb (15.26 mg kg−1) in 
B2 topsoil is statistically significant. The literature documents increased 
metal concentrations in topsoils affected by wildfires (Bartkowiak and 
Lemanowicz, 2017; Santorufo et al., 2021). Even burned, the CEC of this 
horizon was 35.4 cmol+ kg−1 and TC = 12.7 %. In-situ observations 
determined that the organic horizons were not fully consumed by the 
fire. Ash containing carbonates also lined the surface of the soil, 
contributing to the TC contents. The B1 profile was collected at the top 
of a hill and the B2 profile in the water line next to the same hill. The 
geographical distribution facilitates the accumulation of particles, 
organic matter, and litter visible in the B2 profile (Fig. 2c). Particles tend 
to be washed from the top of the hill to the valley through natural 
processes like wind, water drainage, or simply gravity. Erosion and 
transport of topsoils are facilitated after a wildfire and are a significant 
concern in the European Mediterranean countries, such as Portugal 
(Benito et al., 2014; Depountis et al., 2020; Shakesby, 2011; Varela 
et al., 2015, 2010). 

The B2 ashes had a much higher concentration of Pb than the soil 
(23.6 and 20.0 mg kg−1; Table 1, Fig. 3a). The accumulation of Pb, and 
other metals, in soils through ash deposition after a wildfire can be ex-
pected (Stankov Jovanovic et al., 2011). Ash is often richer in some 
metals (Pb in this case) compared to the original burned litter, organic 
matter, or vegetation (Campos et al., 2016; Kristensen et al., 2014; 
Odigie and Flegal, 2011). 

3.3. Does the 206Pb/207Pb ratio change in burned soils? 

The 206Pb/207Pb signature varied between 1.167 and 1.232 in the 
soil profiles and from 1.163 to 1.183 in the ashes. The local bedrock had 

a ratio of 206Pb/207Pb = 1.210 (Table 2, Fig. 3b). 
The 206Pb/207Pb ratio in the C1 soil was lower in the organic horizon, 

1.174, relative to the top mineral horizon, 206Pb/207Pb = 1.200. The 
ratio value stabilized with depth, between 1.193 and 1.200 (Table 2, 
Fig. 3b). Similarly, the ratio varied in the C2 profile between 1.167 and 
1.178 in the organic horizons and from 1.198 to 1.206 in the mineral 
layers. The ratio increased slightly with depth in both profiles (Table 2, 
Fig. 3b). These ratios can be expected in soils not affected by wildfires in 
this region. In deeper layers, all the profiles ratios tended to the bedrock 
ratio (206Pb/207Pb = 1.210; Table 2, Fig. 3b). 

The top layer of the first burned soil B1 had a ratio of 206Pb/207Pb =
1.197, which increased continuously to 1.204 at −60 cm (Table 2, 
Fig. 3b). The deepest collected layer at −70 cm had a ratio of 
206Pb/207Pb = 1.123 (Fig. 4,*). One possible explanation is that the “1 
m” depth of the profiles were located at different altitudes. A similar 
apparent outlier was noted in the concentration of Pb. On the other 
hand, it may simply be an outlier. For the sake of this work, it is irrel-
evant since forest fires do not directly affect soils that deep. Ashes 
collected near this soil had an average ratio of 206Pb/207Pb = 1.180, 
lower than the ratio in the top horizon (Fig. 3b and 4) but higher than 
the typical unburned top horizons (206Pb/207Pb = 1.173). 

The second burned soil, B2, at the bottom of the valley, retained its 
O-horizon, and it shared a similar isotopic ratio with the unburned ones 
(206Pb/207Pb = 1.174) while having a ratio of 206Pb/207Pb = 1.190 to 
1.206 in deeper layers. These values were also in agreement with the 
unburned soils. Ashes collected near this pit had an average ratio of 
1.166. Ash (B2) had lower ratios than topsoils, suggesting a decrease in 
the lighter 206Pb after burning (Fig. 3b and 4). 

Why was there a decrease in 206Pb/207Pb in the B2 ash? Lead present 
in more volatile compounds, like halogenides from leaded gasoline, was 
released during the burning of the organic layers and litter more quickly 
than Pb in mineral form. Up to 85 % of the Pb can remobilize as airborne 
components during fires: fly ash and dust (Narodoslawsky and Obern-
berger, 1996; Nzihou and Stanmore, 2013). However, this did not seem 
to be the case, as there was an increase in Pb in the topsoils. This Pb must 
have had a lower 206Pb/207Pb ratio than the unburned soil organic 

Table 2 
Total Pb concentrations and 206Pb/207Pb and 208Pb/206Pb ratios in the studied soils, ashes, and bedrock.  

Profile Soil / Horizon Depth Pb 206Pb/207Pb 208Pb/206Pb 
cm mg kg−1 SD Ratio SD Ratio SD   

O −4–−2 10.8 0.34 1.174 0.004 2.102 0.012   
−2–0 11.7 0.13 1.175 0.006 2.104 0.008 

C1 Albic E 0–5 9.83 0.21 1.200 0.006 2.093 0.018 
(control) Podzol Bh 5–15 8.28 0.27 1.193 0.004 2.097 0.012  

(Loamic) Bs 15–60 11.4 0.19 1.198 0.009 2.087 0.012   
60–90 13.6 0.32 1.199 0.003 2.087 0.010   

C 90–95 13.9 0.47 1.200 0.005 2.082 0.005   
O −4–−2 12.4 0.13 1.167 0.003 2.118 0.007 

C2 Dystric −2–0 11.8 0.06 1.178 0.011 2.104 0.015 
(control) Cambisol Ah 0–10 7.37 0.04 1.198 0.007 2.093 0.016  

(Loamic) Bw 20–35 11.1 0.37 1.199 0.005 2.082 0.009   
35–50 12.5 0.31 1.202 0.003 2.076 0.006   

C 55–65 12.4 0.25 1.206 0.008 2.068 0.014   
Ah 0–10 10.4 0.61 1.197 0.007 2.079 0.011 

B1 Dystric Bw 10–25 10.8 0.21 1.204 0.006 2.069 0.013 
(burned) Cambisol 25–40 10.9 0.20 1.203 0.005 2.068 0.010  

(Loamic) C1 45–60 9.45 0.38 1.204 0.009 2.070 0.008   
C2 65–70 3.29 0.23 1.232 0.008 2.026 0.010   
O −2–0 15.3 0.26 1.174 0.008 2.107 0.019 

B2 Dystric Ah 0–10 11.9 0.14 1.190 0.010 2.096 0.011 
(burned) Cambisol Bw 15–40 9.11 0.23 1.206 0.007 2.069 0.008  

(Loamic) 40–70 11.3 0.02 1.203 0.004 2.068 0.007   
C 75–80 14.0 0.01 1.201 0.006 2.070 0.010 

Ash B11  10.0 0.54 1.177 0.006 2.107 0.011 
Ash B12  8.89 0.08 1.183 0.004 2.078 0.038 
Ash B21  23.6 0.22 1.168 0.005 2.116 0.012 
Ash B22  20.0 0.39 1.163 0.004 2.124 0.007 

Bedrock Sandstone  10.2 0.03 1.210 0.009 2.055 0.012  
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layers. Tuhý et al. (2021) showed experimentally that Pb volatilization 
in soils exposed to high temperatures occurs significantly only at tem-
peratures higher than 600–650 ◦C. In low-temperature fires, the 
anthropogenic Pb with lower 206Pb/207Pb is accumulated in the ash, 
lowering its isotopic ratio compared to the source (soil). 

There was a clear linear decrease in 206Pb/207Pb (increase in 
208Pb/206Pb) upwards from the bedrock to the organic horizons at the 
surface (Fig. 4, Table 2). Burned organic horizons were more radiogenic 
than the unburned ones. Ash collected near the B1 profile had higher 
206Pb/207Pb ratios than ash collected near the B2 profile (Fig. 4, 
Table 2). 

The combustion of leaded gasoline accounted for approx. 75 % of 
global Pb aerosol during the second half of the twentieth century 
(Dunlap et al., 2008; Nriagu and Pacyna, 1988). Kristensen et al. (2014) 
found that ash originating in Australian bushfires contained a mixture of 
natural Pb and a legacy of industrial Pb depositions, such as leaded 
petrol combustion. One of the sites they studied was located at a distance 
of 340 km from any important source of contamination. Other studies 
found similar results in the ash produced in the 2012 California wild-
fires; the isotopic composition of the excess Pb found in the ash fell 
between the local natural Pb signature and that of the leaded gasoline 
used in that region in the previous century (Odigie and Flegal, 2014) or 
for Pb released from the combustion of trees in Australian wildfires 
(Isley and Taylor, 2020). Unfortunately, to our knowledge, the specific 
signature of leaded gasoline used in Portugal during the last century is 
not known. However, the literature can suggest a range of values. A 
survey of the Pb ratios in the ocean during the 1980s determined that 
206Pb/207Pb = 1.167 near the Portuguese west coast (Weiss et al., 2003). 
In a study in the Golf of Cadiz (Company et al., 2011), the authors also 
could not find available data from the nearby countries: Morroco, 
Algeria, Portugal, Tunisia. They assumed that an average Western Eu-
ropean leaded-petrol emission ratio would be a good approximation 
206Pb/207Pb ~ 1.093 to 1.141 (ratio calculated; Monna et al., 1997). 
Bollhöfer and Rosman (2001) composed an extensive compilation of Pb 
isotopic ratios of aerosols in the Northern Hemisphere. The closest (and 
relevant) location would be Madrid with: 206Pb/207Pb = 1.097 ± 0.001; 
208Pb/206Pb = 2.162 (calculated ratio, Fig. 4). This data is from 1995 
and, by then most of Western Europe had banned the use of lead addi-
tives in gasoline. The authors admit that these values should reflect a 
mixture of leaded gasoline and industrial Pb. 

The present work assumed that the 206Pb/207Pb ratio of leaded 
gasoline in Portugal fell within the given literature values. Hence, the 
emissions would have had ratios well below the ones we observe today 
in the topsoils. 

The B1 topsoil suffered a higher intensity fire, hence higher tem-
peratures, which consumed all the organic matter. Lead-bearing 

particles originating in leaded gasoline use are more volatile than geo-
genic ones. These must have been mobilized into the atmosphere and 
dispersed, leaving the residual Pb in the soils with a more geogenic, 
higher isotopic signature (206Pb/207Pb = 1.197; Fig. 3b and 4). The B2 
profile suffered a lower intensity fire that would not volatilize as much 
Pb, accumulating the element. Ash isotopic data seems to corroborate 
this finding. Ash collected near the B1 profile had an isotopic signature 
much closer to the geogenic one (Ash: 206Pb/207Pb = 1.177, 1.183 to 
bedrock 206Pb/207Pb = 1.210) when compared to ash collected in the B2 
profile (206Pb/207Pb = 1.168, 1.163), which was similar to, even if 
slightly lower than the signature of the organic layers (206Pb/207Pb =
1.167 to 1.178; Fig. 3b and 4). The B2 topsoil was also richer in Pb 
compared to the other topsoils. A study (Mihaljevič et al., 2011) that 
looked into Pb isotopic ratios in topsoils and trees found little evidence 
for gasoline-induced soil contamination. However, local trees possessed 
Pb with this signature. Knowing that the studied region was often 
affected by vegetation fires, the authors suggested that less radiogenic 
Pb was volatilized. The resulting aerosols were then deposited in tree 
crowns and absorbed into the tree biomass. 

Starting from the assumption that the B1 and B2 soils shared the 
same pre-fire 206Pb/207Pb ratio, much more anthropogenic Pb was 
released from the B1 topsoil during the wildfire. This was indicated by 
the relatively high content of Pb in the B2 topsoil (15.26 mg kg−1) and 
B2 ash (average: 21.78 mg kg−1). However, the presence of more litter in 
B2 must be taken into account, making it difficult to determine which 
effect was more critical: the amount of litter or Pb accumulation post- 
fire. The difference between the isotopic signatures of the ashes 
collected in the two profiles is more revealing than the elemental con-
centration. On average, the ash ratio from the B1 profile (206Pb/207Pb =
1.180) was high and fell between the ratios for unburned topsoil and 
mineral layers. There is an increase in the ratio with the release of the 
more volatile, and less radiogenic Pb. However, because the B2 profile 
was affected by a lower-temperature fire, the ratio in the ash was much 
lower (206Pb/207Pb = 1.166), as the anthropogenic particles were not 
volatilized. Consequently, there was little or no release of anthropogenic 
Pb in the B2 profile. 

4. Conclusions 

The burning temperature plays a major role in Pb volatilization or 
accumulation, which affects the isotopic ratios in the topsoil and ash. 
Anthropogenic, less radiogenic Pb present in the topsoil was preferen-
tially mobilized. Low-temperature fires did not volatilize any Pb and 
instead accumulated it in the topsoil and resulting ash. Our data indi-
cated that the mobilized Pb originated from the deposition of contami-
nated aerosols, probably the legacy of leaded gasoline usage in the last 

Fig. 4. A three-isotope plot (206Pb/207Pb vs. 208Pb/206Pb) showing the Pb isotopic compositions of soils and ash. The Madrid aerosol values were taken from 
(Bollhöfer and Rosman, 2001). *See the text for a comment on this sample. 
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century. Since the preferentially mobilized Pb had a lower isotopic 
signature, Pb in ash resulting from low-temperature fires had a lower 
signature than in the original soil. The contrary was observed in soils 
affected by higher intensity fires where Pb can be mobilized. Here we 
observed an increase in Pb isotopic ratios as the lighter Pb is dispersed 
into the atmosphere. 

Lead isotopic ratios may be used to document fire intensity. How-
ever, sampling must be carried out immediately after a forest fire 
because of the transportable nature of ash and the destruction of the soil 
structure. The studied soil profiles were all uncontaminated according to 
the regulations, but the organic layers held more metals than the mineral 
layers. 
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