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A B S T R A C T

The mineralogical composition of mining wastes and contaminated soils is the key factor that controls the
retention and release of pollutants. Herein, we used bulk analyses, selective extractions, X-ray diffraction,
electron microprobe, and Raman microspectrometry to determine the distribution and speciation of As as a
function of depth in four slightly acidic to near-neutral soil and mining waste profiles at the Smolotely-Líšnice
historical Au district (Czech Republic). The soils there, which have developed from long-term weathering, ex-
hibit As levels as high as 1.87 wt% in the richest area; the 80–90 year old mining waste contains up to 0.87 wt%
As. In the soils and mining waste, the primary As ore (arsenopyrite) has almost completely oxidized to secondary
As minerals such as arseniosiderite, bariopharmacosiderite, yukonite, and Fe (hydr)oxides (ferrihydrite, goe-
thite, and hematite), with variable As2O5 and CaO concentrations (up to 27.5 and 3.8 wt%, respectively). Arsenic
distribution and speciation were found to vary with depth and soil type. Whereas the presence of multiple As-
hosting phases that occurred in the mining waste and cambisol developed over a granodiorite, bar-
iopharmacosiderite was absent in the cambisol overlying gabbrodiorite. Poorly-crystalline phases such as yu-
konite and As-bearing ferrihydrite were not detected in the gleysol. These differences in the secondary As mi-
neralogy were attributed to the different redox conditions and variations in the prevailing chemical systems in
the saprolites/soils. The variable solubility of the secondary As-bearing phases influences the mobility of As in
shallow soils and near-surface mining wastes.

1. Introduction

Arsenic is a trace metalloid element commonly associated with
metallic deposits, which can be naturally enriched to levels ranging
from hundreds to thousands of times above the respective average
crustal abundance (1.8 mg/kg; Mason and Moore, 1982). Natural
weathering of the As-mineralized bedrocks releases As into the surface
environments, reaching As levels of several thousands of mg/kg in the
soil (Bossy et al., 2010; Filippi et al., 2007; Morin et al., 2002; Pfeifer
et al., 2004), and several hundreds of μg/L in the groundwater (Drahota
et al., 2009). Furthermore, mining activity at these sites can aid As
mobilization through the excavation and processing of As-rich ore.
Percolating rainwater can facilitate the oxidation and dissolution of As
from the mine wastes. Dissolved As can then be discharged into the
environment at levels potentially toxic for the biota (Foy et al., 1978;
Hogsden and Harding, 2012; Kelly, 1999; Younger et al., 2002).

The speciation of As in contaminated soil and mine wastes is the key
factor that controls retention and release of this pollutant. Arsenic
speciation is usually determined by means of X-ray diffraction (XRD),
electron microprobe analysis, chemical extraction methods, or spec-
troscopic techniques. The main difficulty in determining As speciation
comes from the fact that it is often at very low concentrations and oc-
curs in a variety of chemical forms within the same sample, including
different mineral phases and surface complexes. Thus, detailed in situ
determination of As mineralogy in complex environmental samples still
remains scientifically challenging. Detailed studies of the mineralogical
composition of such heterogeneous media such as soil and mine waste
(e.g., DeSisto et al., 2016; Drahota et al., 2009; Walker et al., 2009)
document the mineralogical richness of these materials, and may not
only help in understanding those factors controlling As mobility, but
also in designing better remediation strategies.

Arsenopyrite (FeAsS) is the main host for As in metallic deposits,
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such as mesothermal gold deposits in the Czech Republic (Morávek
et al., 1992). Other primary As minerals such as As-bearing pyrite
(FeS2) or löllingite (FeAs2) may be present in smaller amounts. If ex-
posed to the ambient atmosphere, the primary As minerals break down
into a number of As-bearing secondary minerals and phases (Majzlan
et al., 2014). Under the usual oxidizing conditions of most soils and
mine wastes, As is sorbed to or co-precipitated with Fe (hydr)oxides,
clay minerals, and organic matter (Stollenwerk, 2003; Wang and
Mulligan, 2006). It may also be directly substituted into the crystal
structure of a limited number of secondary minerals (Savage et al.,
2005) and precipitated as secondary As minerals (Majzlan et al., 2014).
Despite the variety of arsenate and arsenite minerals documented in the
literature (n=425; IMA, 2016), only a limited number of them have
been repeatedly identified in the mine wastes and soils (Drahota and
Filippi, 2009). Under circumneutral conditions, arseniosiderite
(Ca3Fe4(OH)6(AsO4)4·3H2O), yukonite (Ca2Fe3(AsO4)3(OH)4·4H2O),
and minerals of the pharmacosiderite supergroup
(AxB4(OH)4(AsO4)3·yH2O) (A=K, Na, Ba, Tl, Cs, Sr, H3O; x= 0.5–1;
B=Fe, Al; y= 4–7) are among the most important arsenate mineral
phases occurring in some gold ores, mine wastes, and As-rich soils (e.g.,
Bossy et al., 2010; Cancès et al., 2008; Filippi et al., 2007; Morin et al.,
2002; Paktunc et al., 2004; Walker et al., 2009). The findings of these
observations and the recent experimental results of Paktunc et al.
(2015) suggest that arseniosiderite and yukonite are likely to form from
slightly acidic to alkaline solutions rich in Ca, Fe(III), and As, which
may arise from gypsum- or calcite-saturated solutions in contaminated
soils and mine wastes containing ferric arsenates such as scorodite
(FeAsO4·2H2O), amorphous ferric arsenate, and minerals of the phar-
macosiderite supergroup. In contrast, conditions promoting minerals of
the pharmacosiderite supergroup's formation, transformation, and en-
vironmental stability are not well known (Haffert et al., 2010).

The present study site is located in the Smolotely-Líšnice Au district
(Czech Republic) which is characterized by an elevated geochemical
background of As in the soils (Seidl, 1991). Our primary goal was to
identify the As-bearing secondary mineral phases and to determine
their spatial distribution in different types of naturally contaminated
soil and mining waste, in order to evaluate the fate of As following
pedogenesis and long-term weathering, respectively. Two com-
plementary approaches were employed: (i) bulk chemical analyses and
selective chemical extractions were used to establish the spatial dis-
tribution of the different forms of As, and (ii) a combination of chemical
microanalyses and Raman microspectrometry was used for the char-
acterization of the mineral phases on the microscale.

2. Study site

The Smolotely-Líšnice ore district is located in the central part of the
Czech Republic, 60 km south of Prague (Fig. 1). The ore deposits in the
district are hosted by Variscan granodiorites of the Central Bohemian
Plutonic Complex and regionally metamorphosed rocks formed from a
Neoproteorozoic volcanic and sedimentary complex of the Jílové Belt
(Morávek et al., 1992). The area between Horní Líšnice and Nepřejov
contain vein-type polymetallic mineralization with Ag-bearing galena
(PbS), sphalerite (ZnS), pyrite (FeS2), as well as less common chalco-
pyrite (CuFeS2), pyrrhotite (Fe1–XS), and arsenopyrite in the quartz-
carbonate gangue (Morávek et al., 1992). Probably, the later stages of
hydrothermal mineralization produced the Au ores, which are accom-
panied by abundant arsenopyrite, minor As-bearing pyrite, and traces
of Bi-Te phases, bismuth (Bi), bismuthinite (Bi2S3), kobellite
(Pb22Cu4(Bi,Sb)30S69), molybdenite (MoS2), and galena (Durembergová
and Kratochvíl, 1977). The Au mineralization occurs as quartz veins
(several cm-80 cm thick veins) with minor carbonate and impregna-
tions in the NE endocontact zone of the granodiorites. The ore grade is
highly variable, and the chemical compositions of the Au ores range
from traces to 80 g/t Au (2.1–2.9 g/t average Au grade) and up to 30wt
% As (Ježek, 1929).

Exploitation of the Au mineralization in the district started during
the 14th century (Valta, 1936). Discovery of Ag-rich polymetallic ores
in 1808 led to a revival of the mining activities (until 1857) that also
included small-scale Au mining. Probably the most intensive explora-
tion/mining activities for Au in the district dates back to the short
periods between 1924–1928 and 1934–1938 (Morávek et al., 1992).
Materials from the mining waste dumps, generated at those times, were
studied in this work. Other subjects of our mineralogical study were
different types of naturally developed soils with high concentrations of
As (Fig. 1). Detailed geochemical prospecting (more than 3000 sam-
ples) in the area of the district showed that As formed a relatively large
geochemical anomaly in the soil, with As levels of> 200mg/kg over
approximately 3 km2 (Seidl, 1991).

The ore district is situated in a hilly area (altitude: 350–540m above
sea level). The soils can be defined as cambisols and gleysols, and their
thickness is usually very small (< 50 cm for cambisols). The annual
precipitation over the past 40 years averaged between 600 and
700mm/year, and the average annual temperature was 6–7 °C.

3. Materials and methods

3.1. Materials

Two soil types located at three sites (A, B, C) in the ore district plus
the mining waste (D) were sampled in four profiles (Fig. 1). Solid
samples were collected from excavation pits and composited along a
profile for discrete depth intervals (5–20 cm) on the basis of morpho-
logical transitions (color, consistency). The solids were collected using a
stainless steel hand trowel, stored in a sealed plastic bags, and trans-
ported to the laboratory. In the laboratory, the samples were air- or
freeze-dried (Alpha 1–2 LD plus, Martin Christ, Germany) and sieved to
obtain the<2mm fraction. For bulk chemical analyses and oxalate
extractions, a split subsample was ground in an agate ball mill (Fritsch,
Germany) to analytical fineness. Another part of the<2mm fraction
was used for the mineralogical characterizations.

3.2. Chemical analyses

The colors of the fresh samples were determined in situ using a
Munsell soil color chart. The pH was measured by a WTW multimeter
equipped with a SenTix 41 pH electrode (WTW, Germany), in a 1:2.5
(w/v) soil-deionized water suspension after 1 h agitation (Pansu and
Gautheyrou, 2006). Selected metals and metalloids (Al, Ba, Bi, Ca, Cu,
Fe, K, Mg, Mn, Na, Pb, Sb, and Zn) in the soil and mining waste samples
were determined after digestion in mineral acids (HF-HClO4-HNO3) by
inductively coupled plasma optical emission spectrometry (ICP-OES;
Agilent 5100, USA) and inductively coupled plasma mass spectrometry
(ICP-MS; ThermoScientific XseriesII, USA). The concentration of As was
determined in the pseudo-total digests that were obtained by a stan-
dardized aqua regia extraction protocol according to ISO Standard
11466 (ISO 1995). The content of total sulfur, organic carbon (TOC),
and total inorganic carbon (TIC) were determined using a combination
of Eltra CS 530 and Eltra CS 500 TIC analyzers (combustion with in-
frared detection analyzer; ELTRA, Germany).

The quality of the analytical determinations of the bulk element
concentrations was controlled by replicated digestions/measurements
using standard reference material NIST 2710a (NIST, USA, Montana I
Soil - highly elevated trace element concentrations) and NIST 2709
(NIST, USA, San Joaquin Soil) and was found to be satisfactory (Table
S1). Every fourth digestion/measurement was performed in duplicate,
showing a standard deviation of< 2% for all elements, except for Bi in
two analyses, which each showed a standard deviation of 21%; four
procedural blanks were run during digestion procedures.
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3.3. Mineralogical analyses

The heavy mineral fraction was separated from selected bulk soil
samples (n=4). This fraction was obtained by centrifugation of the
0.05–0.5 mm size fraction of bulk samples in 1,1,2,2-tetrabromoethane
diluted with 1,4-dioxane (specific gravity of 2.70 g/cm3). The miner-
alogical compositions of bulk samples, heavy mineral fractions, and
grain separates were assessed by X-ray diffraction analysis (XRD) using
a PANalytical X'Pert Pro diffractometer (PANalytical, the Netherlands)
equipped with a diffracted-beam monochromator and X'Celerator
multichannel detector, using Cu Kα radiation (40 keV, 30mA). Powders
of the samples were scanned from 3° to 70° 2θ, in steps of 0.02°, with a
200 s count time at each step. The diffraction data were analyzed using
X'Pert HighScore Plus software, version 1.0d, and semiquantitative es-
timates of abundances of major minerals were obtained by comparing
the integrated intensities of the diffraction peaks.

For the chemical and phase compositions of individual grains, po-
lished sections (n=9) were prepared from the heavy-grain con-
centrates as well as the bulk soil and mining waste samples. Back-
scattered images and compositional maps of secondary As mineral as-
semblages were obtained on a scanning electron microscope (SEM;
TESCAN VEGA, Czech Republic) equipped with an energy dispersion
spectrometer (EDS; Link X-Max 50, Oxford Instruments, UK) calibrated
against the SPI set of standards (SPI supplies, USA), operating at 15 kV,
with a beam current of 6 nA. The quantitative chemical analyses of
representative mineral phases were measured by electron microprobe
(EMPA; Cameca SX100, France) in wavelength-dispersive mode under
the operating conditions of: 15 keV, 10 nA, and a beam diameter of
2 μm. For the following X-ray lines, standards and detector crystals
were used for the analyzed elements: Na (Kα, jadeite, LTAP), K (Kα,
sanidine, LPET), Ca (Kα, diopside, LPET), Mg (Kα, periclase, LTAP), Ba

(Lα, barite, LPET), Si (Kα, quartz, TAP), Al (Kα, jadeite, TAP), S (Kα,
barite, LPET), Fe (Kα, hematite, LIF), Mn (Kα, spinel, LIF), P (Kα,
apatite, LPET), As (Lβ, GaAs, LTAP). In total, 235 spot analyses were
performed using EMPA.

Raman microspectrometric (RMS) analyses were performed on the
grains previously explored by SEM and EMPA (locations of RMS spot
analyses in the grains were identical to the microprobe spots) using a
Renishaw InVia Reflex Raman spectrometer (Renishaw plc, UK) cou-
pled with a Leica microscope (Leica Microsystems, Germany) with a 50
× objective. Excitation was provided by the 514.5 nm line of a diode
laser. The spectrum of each mineral was recorded at 5% laser power
(∼5mW) to avoid thermal degradation over the spectral range of
100–1200 cm−1. Scanning parameters were as follows: 20 s accumula-
tion time and 15–20 scans were taken to improve the signal-to-noise
ratio.

3.4. Selective chemical extractions

A 0.2M NH4-oxalate/oxalic acid (pH=3) was used under dark
conditions to release As associated with amorphous and reactive Fe
(hydr)oxides plus Fe arsenates by dissolution of these species (Drahota
et al., 2014; Schwertmann, 1964). A similar solution was used in the
light and at 80 °C to release As incorporated in secondary Fe mineral
phases with higher structural orders such as goethite, jarosite, and
scorodite (Drahota et al., 2014). For all extractions, the solid to solution
ratio was set at 0.5 g of the solid sample in 50mL of solution. After
extraction, supernatant fluids were passed through 0.2 μm nylon
membrane filters and analyzed for As and Fe by ICP-OES. Extractions
were performed in duplicate, showing standard deviations of less than
7% for As and 8% for Fe; several procedural blanks were run during the
extraction procedures. In addition to the oxalate extractions, all

Fig. 1. A schematic map of the arsenic concentration in
soils in the Smolotely-Líšnice ore district (after Seidl, 1991).
The locations of the sampling sites (black circles) are
shown. The inset shows the location of the village within
central Europe.
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samples were analyzed for their contents of exchangeable or readily
soluble As, Ba, Ca, and K using NH4NO3 extraction according to DIN
19730 (1997).

Pure pharmacosiderite, arseniosiderite, and yukonite, the common
secondary arsenate phases in near-neutral As-rich soils and mine wastes
(Majzlan et al., 2014), were used to test the selectivity of the pH 3 NH4-
oxalate solution under both extraction conditions. Arseniosiderite and
yukonite were produced following the synthesis methods described by
Paktunc et al. (2015) and Bohan et al. (2014), respectively. The natural
pharmacosiderite sample was obtained from the greisen deposit at
Krásno near the Horní Slavkov ore district (Czech Republic). Ex-
amination of the synthetic phases by XRD confirmed the identity and
purity of the phases; the natural pharmacosiderite contained quartz and
scorodite impurities. The As content in the phases was measured after
their total dissolution in 7M HCl. In the first dissolution experiment,
the solid to solution ratio was set at 0.05 g of the pure arsenate in
100mL oxalate solution in the dark. The resulting solutions were
sampled with a syringe sampler after 10, 20, 35, 60, 120, and 240min
of reaction time, then filtered and analyzed by ICP-OES. In the second
experiment, the dissolution of pure arsenates was tested in the hot
oxalate solution after 180min of reaction time. The total dissolutions
were performed in triplicate; the dissolution experiments in duplicate,
both showing a standard deviation of less than 5%.

4. Results

4.1. Physical and chemical characteristics

A detailed description and properties of the studied soils and mining
waste are reported in Table S2. The soils, collected from different parts
of the ore district, are classified as cambisols (sites A and B) and gleysol
(site C). The pH of soils and mining wastes ranged from slightly acidic
to near-neutral (5.0–7.0), with the exception of organic-rich topsoil
horizons, which reflected lower pH in the gleysol (∼4.3) and mining
waste (∼3.8). From the profiles studied, only damp gleysol exhibited
slightly reducing conditions as demonstrated from the field Eh data
(50–110mV).

Metal(loid) concentrations reflect the compositions of the parental
bedrock and ores mined; arsenic is by far the most significant metal
(oid) in all samples studied (134–18670mg/kg, x : 3670mg/kg), while
other potential trace metal(oid)s such as Bi, Cu, Pb, Sb, and Zn are
almost insignificant (up to 201mg/kg), and accompany As in the soil
(significant positive correlation of Sb and Zn with As: R2>0.81,
p < .01), or they accumulate in the gold ore (high content of Bi in the
mining waste D). The distribution of As in the profiles is highly variable
(Fig. 2). Its concentration decreases with depth in the cambisol A and
gleysol C; it increases with depth at the cambisol B, and displays an
irregular distribution pattern in profile D (mining waste). The different
trends of these As concentration profiles indicate that the vertical dis-
tribution of As may be due to different factors such as: (i) plowing and
annual crop off-take at agricultural site B, (ii) mobilization of As in the
reducing conditions of gleysol C, and (iii) deposition of mining waste
materials with initial variable proportions of arsenopyrite ore (site D).
The concentration of sulfur, a major compound of sulfide minerals, is
very low (< 2900mg/kg). The highest S contents occurred in the or-
ganic-rich topsoil horizons (Table S2). Surprisingly, the lowest S con-
tents were detected in those materials that had the highest potential
contents of sulfide minerals, i.e., mining waste (48–970mg/kg). The
contents of TIC were always below 0.1 wt%.

The results of readily soluble As, Ba, Ca, and K in the soil and mining
waste samples using 1M NH4NO3 are given in Table S3. The ammonium
nitrate-extractable fractions generally decreased in the order: Ca >
Ba≫ K > As. Very low extractable As (less than 0.03% of the total As)
was particularly found in the oxic cambisols (site A and B) and in the
mining waste samples (site D). This finding can be attributed to the high
ionic strength of the 1 M NH4NO3 solution, which decreases the

electrostatic potential of negatively charged mineral surfaces in the soil
and mining waste, and thus favours adsorption of anions such as the
arsenate anion (Gryschko et al., 2005). The statistical comparison of the
NH4NO3-extractable fractions of As, Ba, Ca, and K with their corre-
sponding total contents showed a significant correlation only between
both variables for Ba (R2=0.70, p < .01).

4.2. Mineralogy

4.2.1. X-ray diffraction
The bulk powder XRD patterns showed that the soils and mining

waste are dominated by quartz, plagioclase, biotite, clay minerals
(chlorite and minor kaolinite); and locally by amphibole (cambisol A,
gleysol C, and mining waste D) or K-feldspar (cambisol A, and mining
waste D). The XRD investigation of the heavy mineral fractions
(> 2.70 g/cm3), which were separated from the richest part of each
profile with respect to As content, indicated concentrations of mineral
phases of high density (biotite, amphibole, magnetite, anatase), and
also identified pharmacosiderite in mining waste D.

More detailed insights into the mineralogy of As was provided by
the XRD investigation of specific grains, separated from the heavy mi-
neral fractions using a binocular optical microscope. The grains of in-
terest displayed a brown color resembling the presence of Fe (hydr)
oxides and arsenates (Filippi et al., 2007). It should be noted here that
these grains were common in the mining waste D as well as in cambisols
A and B. In contrast, they were very rare in gleysol C. Phase composi-
tion of the separated grains revealed the presence of several As-bearing
phases. Separated grains in the cambisol A, gleysol C, and mining waste
D were composed of minerals from the pharmacosiderite supergroup;
but also contained a large proportion of goethite in the gleysol C, and
amorphous phase in the mining waste D, resembling 2-line ferrihydrite
(Fig. S1). In addition, the residual peaks in the mining waste were
tentatively attributed to another arsenate mineral, arseniosiderite.
These mineral phases weren't identified in the cambisol B, although the
concentration of As here (∼1.8 wt%) reached even higher values than
in the mining waste D (∼0.8 wt%). The diffraction pattern of the re-
latively abundant blackish-brown grains from the cambisol B strongly
resembles that of arseniosiderite, but differs in its broader peaks (Fig.
S1). These poorly resolved peaks have been attributed to the poorly-
crystalline Ca-Fe arsenate phase, yukonite.

4.2.2. Electron microprobe analyses and Raman microspectrometry
The chemical compositions of the secondary As-bearing phases in

the soil (n=124) and in the mining waste (n=111) samples indicated
that Fe (hydr)oxides, Ca-Fe arsenates, and Ba-Fe arsenates are the
dominant As-bearing species, forming approximately 95% of the As-
bearing mineral grains in all of the samples studied. The remaining
secondary As-bearing phases, including Fe (hydroxo)sulfates (resem-
bling chemical composition of jarosite) and Mn (hydr)oxides, occur in
trace concentrations. The secondary As-bearing phases essentially occur
as discrete particles displaying zoning and banding (Fig. 3b and 4a, g)
or as complex agglomerations (Fig. 4c), and only rarely as replacement
products of arsenopyrite (Fig. 3a and 4c). The intimate association of Fe
(hydr)oxides and both chemical groups of arsenates in successive bands
and zones (Figs. 3a and b and 4a, c, f, g) is suggestive of precipitation
and co-precipitation at close intervals. Arsenopyrite occurs in minor to
trace quantities in the mining waste D (Fig. 4c) as well as in cambisol B
(identified only in one grain) as relic particles embedded in Ba-Fe ar-
senates (Fig. 3a).

There are apparent differences in the As mineralogy of the four
profiles (Fig. 5). Cambisol A and mining waste D are characterized by
an abundance of Fe (hydr)oxides, with variable levels of As and the
presence of Ca-Fe and Ba-Fe arsenates. Cambisol B contains large
amounts of Ca-Fe arsenates and Fe (hydr)oxides; Ba-Fe arsenates are
not present here. Gleysol C contained very low amounts of As-bearing
phases. Of these, only Fe (hydr)oxides with low levels of As were
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detected using a microprobe.
The RMS analyses were carried out on the spots of all microprobe

analyses (n=235), and 141 analyses were employed for mineral
identification. The remaining part of the analyses (∼40%) was not used
for mineral identification due to high background due to fluorescence,
which overwhelmed any signal that may have been present from a
mineral. According to RMS, all Ba-Fe arsenates belong to the pharma-
cosiderite supergroup (Filippi et al., 2007; Frost and Kloprogge, 2003).
All the spectra exhibit a well-resolved Raman band at 477 cm−1,
broader bands at 392 cm−1, 789 cm−1, and 865 cm−1 with a shoulder
at ∼877 cm−1 (Raman spectrum R2; Fig. 3c). The chemical composi-
tion of these minerals (n=44) corresponds to almost pure bar-
iopharmacosiderite (x ± σ: 9.57 ± 1.05 wt% BaO, 37.98 ± 2.82 wt%
Fe2O3, 39.33 ± 2.36 wt% As2O5), with very low Na, K, and Al con-
centrations (< 0.06 wt%,< 0.11wt%, and< 3.55wt%, respectively).
This average composition is almost identical to the average for the type-
bariopharmacosiderite from Robinson's Reef, Clunes, Australia (Hager

et al., 2010). The Raman spectra of Ca-Fe arsenates allowed for the
distinguishing of two phases: arseniosiderite and yukonite. The yuko-
nite spectra have two well-resolved Raman bands at 392 cm−1 and
863 cm−1 (Raman spectrum R9; Fig. 4h). By contrast, arseniosiderite
exhibits sharper and more intense bands at these positions (Raman
spectrum R3; Fig. 3c), and an additional band at higher wavenumbers
(936 cm−1), indicative of HAsO4

2− units as observed in the infrared
spectra (Gomez et al., 2010; Myneni et al., 1998). Electron microprobe
analyses indicate that the arseniosiderite particles were chemically
homogeneous. The average composition of the arseniosiderite is
13.74 ± 0.37 wt% CaO, 31.26 ± 1.18 wt% Fe2O3, 41.75 ± 0.85 wt%
As2O5, 0.93 ± 0.69wt% SiO2, and 0.57 ± 0.50 wt% Al2O3 (x ± σ),
based on 18 spot microanalyses. This composition is comparable to the
average of those for arseniosiderites from the Ketza River mine
(Paktunc et al., 2004), naturally contaminated soil at Mokrsko (Filippi
et al., 2007), and to the nominal arseniosiderite composition. In con-
trast, yukonite has a relatively variable composition with

Fig. 2. Depth variations in the distribution of arsenic fractions in the cambisols (a: site A; b: site B), (c) gleysol, and (d) mining waste profiles: total arsenic concentrations (grey field),
oxalate-extractable arsenic in the dark (open square) and light (black circle). The Fe/As molar ratio in the oxalate fractions, both in the dark (open square) and light (black circle), could
be indicative of the relative proportion of As bound to Fe (hydr)oxides and Fe arsenates. Red dashed lines represent constant Fe/As molar ratio of 1.0–1.33, indicating congruent
dissolution of Fe arsenates such as pharmacosiderite, arseniosiderite, and yukonite. Most error bars are obscured by symbols. (For interpretation of the references to color in this figure
legend, the reader is referred to the Web version of this article.)
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11.01 ± 1.73 wt% CaO, 36.04 ± 5.31wt% Fe2O3, 36.50 ± 3.97 wt%
As2O5, 2.21 ± 0.68 wt% SiO2, 0.84 ± 0.77wt% P2O5, and
0.76 ± 0.64 wt% BaO (x ± σ), based on 18 spot analyses (Fig. 5). This
average composition is similar to those of the yukonite specimens re-
ported by Dunn (1982) and Paktunc et al. (2015) from the type-lo-
calities in Yukon, Canada. Yukonites from the Grotta Della Monaca cave
in Italy (Garavelli et al., 2009), Sterling Hill deposit in New Jersey,
U.S.A. (Dunn, 1982), and Rędziny deposit in Poland (Pieczka et al.,
1998) appear to be more deficient in Fe.

The RMS results show that the As-bearing Fe (hydr)oxides are re-
presented by three mineral species: ferrihydrite, goethite, and hematite.

Iron-rich Fe (hydr)oxides (x ± σ: 86.06 ± 0.91 wt% Fe2O3) with re-
latively low As concentrations (x ± σ: 2.29 ± 0.56 wt% As2O5) exhibit
sharp Raman bands at 225 cm−1, 293 cm−1, and 407 cm−1 (based on 9
spot analyses), indicative of hematite (Raman spectrum R5; Fig. 3c).
Goethite has a more variable composition with 81.24 ± 5.33 wt%
Fe2O3 and 3.54 ± 4.35 wt% As2O5 (x ± σ), based on 14 spot micro-
analyses. In accordance with previously published data (e.g., de Faria
et al., 1997; Müller et al., 2010; Das and Hendry, 2011), our goethite
spectra have three well-resolved bands at 300 cm−1, 388 cm−1, and
∼551 cm−1 (Raman spectrum R6; Fig. 4h). The spectra of hematite and
goethite also exhibit broad features of moderate intensity located at

Fig. 3. Back-scattered electron images and quantitative AsLα, FeKα, SKα, BaKα, CaKα, AlKα, and PKα X-ray maps showing (a) progressive replacement of arsenopyrite (light grain) by
bariopharmacosiderite and arseniosiderite and (b) replacement of arsenical ferrihydrite (∼17wt% As2O5) by hematite (∼3wt% As2O5). (c) Raman spectra obtained from locations R1-
R5. Microprobe analyses of R2-R5 spots are given in Table S4.
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about 657 cm−1 and 683 cm−1, respectively (which were attributed to
structural disorder). The intensive hematite feature at ∼1315 cm−1 is
assigned to a two-magnon scattering (de Faria et al., 1997). In contrast,
the As(V)-O stretching band at 826 cm−1 (Das et al., 2014) or 866 cm−1

(Müller et al., 2010), previously documented in As-loaded hematite, is
not noticeable in our spectra. The ferrihydrite spectra show two broad
Raman features located at about ∼370 cm−1 and ∼700 cm−1 (Raman
spectrum R7; Fig. 4h). The band in the most As-rich ferrihydrite spectra
located at ∼840 cm−1 (Raman spectrum R4; Fig. 3c) most likely can be
attributed to the As-O stretching vibration of the bidentate-complexed
arsenate on the surface of ferrihydrite (Jia et al., 2006; Müller et al.,
2010; Das and Hendry, 2011). Ferrihydrite has a relatively variable
composition with 68.91 ± 5.28 wt% Fe2O3, 14.60 ± 6.82wt% As2O5,
and 1.52 ± 0.69wt% CaO (x ± σ), based on 34 spot microanalyses. An
interesting correlation in the microprobe analyses of ferrihydrite is the

distribution of Ca and As. The correlation coefficient of the ferrihydrite
grouping (with 34 analyses) is 0.58, and the average Ca/As molar ratio
is 0.24. The highest Ca/As molar ratio is 0.57, which corresponds to
that of yukonite (x : 0.60, n=18), and approaches that of arseniosi-
derite (x : 0.67, n=18).

4.3. Oxalate extractions

4.3.1. Pure arsenates
The dissolution reaction for yukonite was complete after 20min

contact time with pH 3 NH4-oxalate in the dark, whereas the dissolution
of well-crystalline arseniosiderite and pharmacosiderite was much
slower (Fig. S2). After 120min in this leachate, ∼75% of the arsenio-
siderite and ∼12% of the pharmacosiderite were dissolved. In contrast,
complete dissolution of arseniosiderite and pharmacosiderite was

Fig. 4. Back-scattered electron images showing typical habit of (a) As-bearing goethite (∼2 wt% As2O5) and ferrihydrite (∼3wt% As2O5), (b, c) bariopharmacosiderite, (d, e) ar-
seniosiderite, and (f, g) yukonite. (c) Bariopharmacosiderite pseudomorph after arsenopyrite, (e) radiaxial arseniosiderite as a replacement after cubic crystals of bariopharmacosiderite,
and (f, g) pervasive veins and fractures of arseniosiderite filling in yukonite. The mineral identification is based on Raman spectrometry and microprobe analyses (Table S4). Open circles
R6-R9 represent locations of Raman microspectrometry analyses shown in h. Apy – arsenopyrite; Ars – arseniosiderite; Fh – ferrihydrite; Gth – goethite, Phs – bariopharmacosiderite; Yuk
– yukonite.
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obtained within 3 h in the light in hot pH 3 NH4-oxalate (data not
shown). Constant Fe/As molar ratios during the extractions of the ar-
senate phases in oxalate solutions (in both the dark and light) indicated
congruent dissolution of the phases and an absence of re-adsorption of
As that has been observed during the oxalate extractions of As-bearing
Fe (hydr)oxides (Drahota et al., 2014). These findings indicate that pH
3 NH4-oxalate in the dark is fairly specific for poorly-crystalline yuko-
nite, and can be applied for its discrimination from pharmacosiderite or
other well-crystalline As-bearing phases such as scorodite and goethite
(Drahota et al., 2014; Schwertmann, 1964). In contrast, arseniosiderite,
which in natural samples usually occurs in a complex assemblage with
yukonite, pharmacosiderite, and As-bearing Fe (hydr)oxides (Majzlan
et al., 2014; Paktunc et al., 2015), was substantially released in both
oxalate extractions, which is indicative that it is difficult to selectively
extract arseniosiderite using this selective extraction approach.

4.3.2. Soil and mining waste
The results of single oxalate extractions of As from soil and mining

waste profiles are given in Fig. 2 and Table S5. The proportion of As
extractable by oxalate in the dark (targeting ferrihydrite, yukonite, and
a major part of arseniosiderite) varies from one site to another, and also
changes with the profile depths. The highest proportion of extracted As
(x : ∼90% of the total As) occurred in cambisol B, while the lowest
proportion of extractable As (x : ∼40% of the total As) was found in the

mining waste D; the other two profiles (cambisol A and gleysol C)
displayed a similar As-extractable proportion of approximately 60%.
For most of the samples, the amount of As extracted by hot oxalate in
the light (75%–108% of the total As) corresponded to the total As
(Fig. 2). These findings suggest that As in the soils and mining waste
samples is almost exclusively associated with Fe (hydr)oxides and ar-
senates, from which poorly-crystalline and oxalate-reactive forms (fer-
rihydrite, yukonite, arseniosiderite) dominate in the soils (especially at
site B); whereas well-crystalline and less-reactive forms (hematite,
goethite, pharmacosiderite) predominate in the mining waste D.

Theoretical Fe/As molar ratios for the identified arsenate phases
(arseniosiderite, pharmacosiderite, yukonite) are between 1 and 1.33;
whereas these ratios for As-bearing Fe (hydr)oxides in the heavy mi-
neral fractions of soils and mining waste were always higher than 3.0
(calculated from microprobe analyses). If the oxalate-promoted dis-
solution of these phases in complex soil and mining waste samples
congruently releases Fe and As, then their molar ratios may roughly
estimate the relative proportion of As bound to arsenates and Fe (hydr)
oxides. The Fe/As ratio in the oxalate extractions varied from 1.6 to
175, with up to twice higher ratios in the hot oxalate in the light (Fig. 2
and Table S5). The lowest ratios were observed in the deeper horizons
of As-rich cambisol at site B (1.6 and 1.8) and As-rich layer in the
mining waste at site D (2.8). These values correspond to almost ex-
clusive dissolution of amorphous and poorly-crystalline arsenates such

Fig. 5. Variation of As2O5 as a function of Fe2O3 (a, c) and CaO (b, d) in secondary arsenic-bearing minerals from Smolotely soils (a, b) and mining waste (c, d) identified by Raman
microspectrometry. Two colors in one symbol correspond to a mixture of mineral phases identified in the spot Raman analysis. (For interpretation of the references to color in this figure
legend, the reader is referred to the Web version of this article.)
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as yukonite, with a relatively low proportion of poorly-ordered Fe
(hydr)oxides such as ferrihydrite. In contrast, very high Fe/As molar
ratios in the gleysol (> 20) correspond instead to the dominant asso-
ciation of As with Fe (hydr)oxides.

5. Discussion

5.1. Mineralogical evolution

Powder XRD, RMS, SEM-EDS, and electron microprobe data reveal
that As and Fe, released via arsenopyrite weathering, is held in the soils
and mining waste as secondary arsenates (arseniosiderite, bar-
iopharmacosiderite, and yukonite) as well as As-bearing Fe (hydr)
oxides (ferrihydrite, goethite, and hematite). These minerals generally
occur as secondary phases after As sulfide alteration in near-neutral
mine wastes (Paktunc et al., 2004; Cancès et al., 2008; Walker et al.,
2009; Haffert et al., 2010; Foster et al., 2011; Ollson et al., 2016) as
well as in naturally oxidized zones of hydrothermal ores. In contrast,
low concentrations of S and trace amount of secondary (hydroxo)sul-
fates (rare jarosite) in the bulk soil samples indicate high mobility of
this element during weathering of arsenopyrite and other sulfides at
this site. Pharmacosiderite aggregates and As-bearing Fe (hydr)oxides
fill dissolution cavities, likely inherited from arsenopyrite in the soil
overlying the granodiorite with low-sulfide quartz veins at the Saint-
Yrieix-la-Perche gold district (France) (Bossy et al., 2010), or with Li,
Be, Nb, Ta, Sn, and W mineralization at the Echassières geochemical
anomaly (France) (Morin et al., 2002). In the Mokrsko gold district
(Czech Republic), the mineralogical assemblage of pharmacosiderite,
arseniosiderite, As-bearing Fe (hydr)oxides, and probably yukonite
occurs after arsenopyrite in the saprolite and overlying cambisols
(Filippi et al., 2007; Drahota et al., 2009). Quantitative mineralogical
analyses have shown that the proportion of As hosted by the pharma-
cosiderite (Morin et al., 2002; Drahota et al., 2009; Bossy et al., 2010)
or arseniosiderite (Cancès et al., 2008) systematically decreases from
the saprolite to the topsoil, implying that these arsenate minerals are
the initial products of arsenopyrite weathering, and that an increasing
Fe/As ratio and/or decreasing Fe and As concentrations during pedo-
genesis destabilizes pharmacosiderite or arseniosiderite, driving their
transformation into As-bearing Fe (hydr)oxides (Majzlan et al., 2014).

At the Smoletely-Líšnice ore district, there are no primary sulfides in
most samples. If present, only arsenopyrite occurs as relic particles
embedded in secondary arsenate phases (Figs. 3a and 4c), where they
are protected from further oxidative dissolution by limiting the reaction

to diffusion of reactants and/or products. In addition to the presence of
arsenopyrite as a minor primary ore mineral in the 80–90 year old
mining waste, naturally developed soils contain very rare arsenopyrite
suggesting an extremely low weathering rate of the enclosed arseno-
pyrite fragments. The electron microprobe analyses indicated that
bariopharmacosiderite was the first crystalline product of arsenopyrite
alteration in cambisol A and mining waste D (Figs. 3a and 4c). As in-
dicated in other natural As-rich geochemical anomalies (Morin et al.,
2002; Drahota et al., 2009; Bossy et al., 2010), these observations imply
that minerals of the pharmacosiderite supergroup form in deep sapro-
lite, where persistent highly dissolved As, Fe, as well as large cations (K,
Ba, or Na) are maintained due to the slow groundwater flow. This is
probably not valid for site B, where minerals of the pharmacosiderite
supergroup were not detected. In cambisol B, yukonite is likely the
initial secondary arsenate phase, forming as a product of the complete
replacement of arsenopyrite and/or precipitated from solutions that
have circulated through the saprolite/soil. The absence of bar-
iopharmacosiderite in the cambisol B indicates that the chemical en-
vironment of this soil differs from that in the cambisol A as well as in
the mining waste D. The conditions required for formation of bar-
iopharmacosiderite are not known, but one could expect that a high Ba
activity is required for its precipitation. The total chemical analyses
revealed a significantly lower content of Ba in cambisol B than in both
cambisol A and mining waste D (Table S2). The most likely source of
the Ba in these sites is the K-feldspar that is the major mineral in the
granodiorite underlying the cambisol A, and constituting the waste rock
at site D. However, cambisol B and its gabbrodiorite bedrock do not
contain K-feldspar as shown by the XRD analyses. Concentrations of
readily available large cations (Ca, K and Ba), which can be controlled
by and involved in the precipitation of Ca-Fe arsenates or minerals of
the pharmacosiderite supergroup, show nearly identical concentrations
of Ca in all of the studied profiles; however, the concentrations of
available Ba in the cambisol B is significantly lower than in the other
profiles (Fig. 6; Table S3). These findings indicate that bar-
iumpharmacosiderite did not form in cambisol B due to the limited Ba
concentration in the saprolite/soil system. Although the concentrations
of available K are relatively high in cambisol B, these values are ap-
parently low for pharmacosiderite formation (Table S3).

Yukonite is a nanocrystalline and Ca-deficient precursor of ar-
seniosiderite (Gomez et al., 2010; Paktunc et al., 2015). Electron probe
microanalyses of yukonite in the soils and mining waste clearly indicate
a Ca deficiency with respect to the arseniosiderite specimens as well as
the nominal arseniosiderite formula (Fig. 5). This deficiency probably
reflects lower site occupancies in the interlayer components of yukonite
(Paktunc et al., 2015). Development of the interlayer components that
lead to the formation of arseniosiderite is kinetically controlled, with
faster development at neutral to slightly acidic pH, and slower kinetics
under alkaline conditions. The slower kinetics of yukonite transforma-
tion and its persistence at alkaline pH has been attributed to thermo-
dynamic limitations on the activity of Ca, connecting the interlayer
components (Paktunc et al., 2015). However, this finding cannot ex-
plain the obviously long-term persistence of yukonite in the soils and
mining waste at the Smolotely site, which display slightly acidic to
near-neutral conditions (Table S2). We presume that the lowering of Ca
activity in these materials may instead be due to pedogenetic processes:
(i) calcite, a source of high Ca in the initial stage of ore weathering, has
been completely dissolved during pedogenesis and is not currently
present in the soil (TIC< 0.1 wt%.); (ii) unsaturated conditions of
shallow soils and mining waste minimize the contact time of yukonite
with readily available (dissolved) Ca.

Arseniosiderite occurs as leaf-like or flaky aggregates (Fig. 4d), as
well as massive replacement products of bariopharmacosiderite
(Figs. 3a and 4e) or yukonite (Fig. 4f and g). Similar textural features
exhibiting the replacement of pharmacosiderite by arseniosiderite are
common in the naturally As-rich soil at the Mokrsko geochemical
anomaly (Drahota et al., 2009). That study also found that as

Fig. 6. Relationship between readily soluble (NH4NO3-extractable) Ba and Ca in soil and
mining waste samples.
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pedogenesis proceeds the ratio of arseniosiderite to pharmacosiderite in
the soil profiles increases from the saprolite upward. These findings
suggest that the interaction of Ca-rich solutions with saprolite and soil-
containing minerals of the pharmacosiderite supergroup would pro-
mote formation of arseniosiderite. This hypothesis cannot be tested by
thermodynamic calculations since, to our knowledge, no solubility data
for the minerals of the pharmacosiderite supergroup are available in the
literature (Nordstrom et al., 2014). However, recent thermodynamic
data show that arseniosiderite is a stable arsenate between pH 4 and 6
in solutions saturated with respect to scorodite, and soluble Ca minerals
such as calcite and anorthite (Paktunc et al., 2015). Higher Ca activity
is required for the transformation of yukonite and minerals of the
pharmacosiderite supergroup to arseniosiderite. Otherwise, Fe (hydr)
oxides such as goethite would form at the expense of pharmacosiderite
(Morin et al., 2002).

Iron (hydr)oxides are abundant in almost all samples. Grains ex-
hibiting complex textures and mixtures of two Fe (hydr)oxides or ar-
senate phases occur extensively among this group. Ferrihydrite or fer-
rihydrite-goethite mixtures are most commonly observed (Fig. 4a), but
hematite and hematite-ferrihydrite mixtures have also been identified
(Fig. 3b). Most of these Fe (hydr)oxides contain elevated concentrations
of As. Lower abundances of Fe (hydr)oxides and arsenates as well as the
absence of ferrihydrite and yukonite in the gleysol C are indicative of
the reductive dissolution of these phases, with preferential dissolution
of poorly-crystalline phases, and the resultant As releases into the
groundwater. The relatively high proportion of As released in the ox-
alate extraction in the dark (Fig. 2c) from the gleysol are indicative of
the As association with poorly-crystalline phases, but they were not
detected by RMS and EMPA. This may indicate that highly oxalate-
extractable As instead represents an artifact of post-collection oxidation
of reduced As species.

The association of As and Ca, two of the most abundant elements in
the Fe (hydr)oxides, is generally unclear. Enhanced co-adsorption of Ca
and As on Fe (hydr)oxide was described by Paktunc et al. (2004),
Drahota et al. (2009), Corriveau et al. (2011), and Majzlan et al. (2011).
Wilkie and Hering (1996) attributed the enhancement of arsenate ad-
sorption in the presence of Ca to favorable electrostatic effects arising
from the adsorption of Ca. Paktunc et al. (2004) published an extended
X-ray absorption fine structure (EXAFS) study on As- and Ca-rich mine
waste, with similar As mineral associations. They considered that the
presence of Ca atoms around As in Fe (hydr)oxides, as indicated by
micro-EXAFS spectroscopy as well as Ca-As interatomic distances si-
milar to arseniosiderite and yukonite model specimens, suggest the co-
precipitation of Ca-Fe arsenate nanoparticles with Fe (hydr)oxide. In
the present study, the presence of Ca-Fe arsenate co-precipitate would
likely also explain the high Ca/As molar ratio, strong Ca-As correlations
as well as too high concentrations of As in Fe (hydr)oxides (Fig. 5). This
assumption is supported by two microprobe analyses (Table S4) and
Raman spectra (Fig. 5) that identified a mixture of yukonite and ferri-
hydrite in the homogeneous grains (Raman spectrum R8; Fig. 4c, h).

5.2. Mineralogical control on As stability and solubility

The predominance of bariopharmacosiderite, Ca-Fe arsenates, and
Fe (hydr)oxides in the mining waste and soil samples examined implies
there is strong attenuation of As during the weathering of these ar-
senopyrite-bearing materials. Understanding the long-term stability and
solubility of these phases is critical for predicting the mobility of As
under near-surface conditions. In recent years, the solubility and sta-
bility of Ca-Fe arsenates in comparison to minerals of the pharmacosi-
derite supergroup have been the subject of research, driven by the
abundance of Ca-Fe arsenates in mine wastes, which result from the
processing of some Au and base metal ores, and the neutralization of
mine effluents (Paktunc et al., 2004; Bluteau et al., 2009; Walker et al.,
2009; Foster et al., 2011). In contrast, minerals of the pharmacosiderite
supergroup are phases for which no thermodynamic data are available,

most likely due to the unsuccessful synthesis of these phases (Mutter
et al., 1984). Many observations suggest that bariopharmacosiderite is
less soluble than scorodite under oxidizing and near-neutral conditions
(Haffert et al., 2010), but arseniosiderite had formed (at least locally)
instead of bariopharmacosiderite in cambisol A over decades under the
conditions found in the mining waste. Arseniosiderite is stable under
oxidizing conditions at near-neutral pH; exhibiting a relatively low
solubility (< 0.2 mg/L) between pH 5 and 9.5 (Paktunc et al., 2015).
These findings are in agreement with our extractability data that show
very low As mobility (≤0.55mg As/kg) in the samples dominated by
the assemblage of bariopharmacosiderite and arseniosiderite (cambisol
A and mining waste D; Table S3). In contrast, higher As mobility under
oxidizing conditions was observed in cambisol B (≤4.5 mg As/kg),
within which yukonite was identified as the dominant arsenate phase. A
solubility study of synthetic yukonite specimens showed their solubility
minimum at pH ∼7 (Bohan et al., 2014), with As concentrations 1-2
orders higher than those predicted for arseniosiderite (Paktunc et al.,
2015). The higher mobility of As in this oxic soil can thus be attributed
to the higher solubility of the abundant yukonite.

The highest As mobility was found in gleysol C. Despite the fact that
the absolute levels of NH4NO3-extractable As were almost the same as
those in mining waste D; the fractions of mobile As were approximately
an order of magnitude higher than those in the oxidizing conditions of
the mining waste and soils (Table S3). This is not surprising, since
under water-saturated or permanently damp soil conditions, arsenate
phases such as arseniosiderite, pharmacosiderite, scorodite, and yuko-
nite are subjected to biotically-generated reducing conditions, and may
undergo reductive dissolution (Rochette et al., 1998; Weisener et al.,
2011; Drahota et al., 2013). The higher solubility of the poorly-crys-
talline phases and their recrystallization into more highly-crystalline
phases, induced by the appearance of Fe2+ under reducing condition,
may explain the higher proportion of crystalline Fe (hydr)oxides in the
gleysol C (Pedersen et al., 2006). Nevertheless, the amount of As-
bearing crystalline phases with relatively low levels of As (≤2.7 wt%
As2O5) is surprisingly low with respect to total As content in the soil.
This may indicate that As is also sequestered by phases that were missed
by the standard mineralogical methods used in this study. These phases
may include secondary As-hosted sulfides that have recently been
identified in different subsurface environments such as naturally As-
enriched minerothropic peatland at Gola di Lago (canton Ticino,
Switzerland) (Langner et al., 2012), and a gleysol at the Mokrsko
geochemical anomaly (Czech Republic) (Drahota et al., 2017); how-
ever, additional in situ study of arsenic speciation in the gleysol of this
geochemical anomaly is needed in order to prove this hypothesis.

6. Conclusion

Results of the mineralogical analyses (XRD, SEM-EDS, EMPA,
Raman microspectrometry) and selective chemical extractions showed
that As occurs in several secondary forms (arseniosiderite, bar-
iopharmacosiderite, yukonite; and that As is associated with ferrihy-
drite, goethite, and hematite) in the soils and mining waste studied. The
relative proportions and assemblages of these species change with the
studied profiles, and with the disappearance of: (i) bar-
iopharmacosiderite in the soil overlying bedrock with low Ba, and (ii)
poorly-crystalline As phases such as ferrihydrite and yukonite in the
reducing conditions of the gleysol. In light of the detailed mineralogical
analyses, the geochemical behavior of As in the soil and mining waste at
this site can be explained by a series of reactions beginning within the
deep saprolite or unaltered mining waste material, respectively. Under
the oxic condition of these environments, the arsenopyrite is not stable,
and its oxidative dissolution leads to precipitation of bar-
iopharmacosiderite or yukonite, likely depending on the activity of Ba
and Ca. These initial secondary phases are not stable and transform into
arseniosiderite, but the transformation kinetics are probably very low
due to insufficient activity of Ca in the unsaturated soils and mining
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waste. As a result of this kinetic barrier, yukonite surprisingly is the
dominant arsenate phase in the cambisol B. Whereas crystalline ar-
seniosiderite, bariopharmacosiderite, and Fe (hydr)oxides may be
considered relatively stable over the long term, depending on the en-
vironmental conditions, the predominance of highly soluble yukonite
and relatively unstable As-rich ferrihydrite in the natural systems sug-
gest that As will be relatively mobile. These less stable and more soluble
components of the soils and mining wastes are also more likely to be
bioavailable (Meunier et al., 2010), and they may pose a human health
risk to those living near or on contaminated soils and mining wastes.
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Abstract

Microbial sulfidogenesis plays a potentially important role in As biogeochemistry within wetland soils, sediments, and
aquifers. This study investigated the effects of microbial sulfidogenesis on As mineralogy in the As-enriched wetland soil found
at the natural geochemical anomaly of the Smolotely-Lı́šnice (Czech Republic) historical gold district. The distribution and
speciation of As as a function of soil depth, and the metabolic properties of microbial communities in different sulfidogenic
domains were examined by bulk soil as well as pore water analyses, selective chemical extractions, S isotopes, and DNA
extractions. Total solid-phase analyses and selective extractions of the soil samples below �40 cm showed that As (up to
1.16 g kg�1) and Fe(II) are coupled to S and TOC, and had accumulated to a considerable extent in the exterior parts of
NOM fragments (up to 19 wt.% As). Microscale imaging and Raman spectroscopy revealed that As speciation in the
NOM exteriors is a combination of realgar (a-As4S4), bonazziite (b-As4S4) and arsenian Fe sulfides, primarily greigite
(Fe3S4) and framboidal pyrite (FeS2). The sulfide phases were depleted in the 34S isotope by 6.3–29.4‰ relative to pore water
SO4

2�; thus implying their biologically induced formation. Microbial communities associated with sulfidogenic environments
in NOM and bulk soil had variable compositions, although the dissimilative SO4

2� reduction was usually the main metabolic
trait. Relatively low isotopic fractionation in sulfide-rich NOM fragments (6.3–11.6‰) compared to bulk soil (down to
�26.1‰) revealed a reservoir effect that developed probably at mm-scales. This indicates formation of sulfide phases in highly
localized environments depleted in aqueous SO4

2� due to strong microbial sulfidogenesis when compared to the transfer rate of
the solutes. The very high proportion of fermenting microorganisms in sulfide-rich NOM fragments provided further evidence
of strongly reducing conditions, which are a prerequisite for sulfide phase precipitation. We have shown that by the develop-
ment of suitable conditions for sulfidogenesis, NOM fragments play an active role in As immobilization in an As-enriched
wetland soil. Regarding the effectiveness of As sulfidogenesis in shallow wetland soils to remediate groundwater, our findings
imply that As contamination may either be limited by the low content of labile organic matter or by the fast transfer of solutes
(groundwater flow).
� 2019 Elsevier Ltd. All rights reserved.
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1. INTRODUCTION

Wetland soils, by virtue of their periodic or permanent
water saturation (Mitsch and Gosselink, 2007), are charac-
terized by steep gradients in soil redox conditions that sus-
tain a complex pattern of biogeochemical cycling of redox-
sensitive, potentially hazardous metal(loid)s such as As
(Fendorf and Kocar, 2009; Lizama et al., 2011; Zhang
et al., 2017). The effect of changing redox conditions on
the mobility of As in wetland soils has been addressed in
a number of field and laboratory studies, showing that
the fate of As is primarily linked to the biogeochemical
cycling of Fe and S, as well as their relative abundances
(La Force et al., 2000; Roberts et al., 2011; Burton et al.,
2014; Drahota et al., 2017). Under well-aerated (oxic) soil
conditions, As primarily exists in its As(V) oxidation state
as the arsenate oxyanions. The high affinity of As(V) for
metal (oxyhydr)oxides, in particular those of Fe(III), often
leads to very low As concentrations in the aqueous phase at
comparatively high solid phase concentrations (Drahota
et al., 2012). In O2 depleted soils, microbial decomposition
of natural organic matter (NOM) drives the reductive dis-
solution of metal-(oxyhydr)oxides and thus the release of
associated As(V) and its redox transformation into more
mobile As(III) (Nickson et al., 2000; Islam et al., 2004).
Arsenic behavior in anoxic soils may also be affected by
microbial SO4

2� reduction. Microbially produced H2S can
reduce both As(V) and Fe(III), which thereby drives As
release into the aqueous phase (Rochette et al., 2000;
Poulton et al., 2004). Alternatively, in low As(V) and Fe
(III) environments, sulfide can immobilize As by facilitating
its binding to sulfhydryl groups of NOM (Hoffmann et al.,
2012; Langner et al., 2012) or by precipitation of As sulfide
and Fe sulfide minerals (Belzile and Lebel, 1986; Rittle
et al., 1995; O’Day et al., 2004; Lowers et al., 2007;
Langner et al., 2013; Drahota et al., 2017). Most contami-
nated reducing wetland aquifers usually contain elevated Fe
(II) (Smedley and Kinniburgh, 2002), reflecting the role of
Fe(III) (oxyhydr)oxides in the development of high-As
groundwater. Sulfate reduction in these environments
sequesters Fe by facilitating the precipitation of Fe sulfide
minerals, including mackinawite (FeS), greigite (Fe3S4),
and pyrite (FeS2) (Wilkin and Ford, 2006; Rickard and
Luther, 2007). Sequestration of As by co-precipitation with,
or adsorption onto these Fe sulfides is often of minor
importance (Kirk et al., 2010; Kocar et al., 2010; Burton
et al., 2011), except for high As loading and slightly acidic
pH (Gallegos et al., 2008; Burton et al., 2014). In environ-
ments where dissolved Fe(II) is primarily low or trans-
formed to Fe sulfides, free H2S is available for As
complexation, allowing for the formation of thiolated As
species and/or the precipitation of As minerals such as orpi-
ment (As2S3), realgar (a-As4S4), and bonazziite (b-As4S4)
(Rittle et al., 1995; O’Day et al., 2004; Couture and Van
Cappellen, 2011; Langner et al., 2012; Falteisek et al.,
2019). Indeed, the in situ formation of realgar, orpiment,
as well as arsenopyrite (FeAsS) and arsenian pyrite in the
shallow subsurface has been observed in aquifer sediment
from: a former pesticide manufacturing facility near San
Francisco Bay (California, USA) (O’Day et al., 2004;

Root et al., 2009), a naturally As-enriched minerothropic
peatland at Gola di Lago (Switzerland) (Langner et al.,
2012, 2013), a naturally As-enriched wetland soil at the
Mokrsko geochemical anomaly (Czech Republic)
(Drahota et al., 2013, 2017), and in abandoned As-rich
mine wastes in southern New Zealand (Kerr et al., 2018).
These sulfide minerals coexisted with As(III/V)-bearing Fe
(III) (oxyhydr)oxides in the samples, suggesting an authi-
genic formation of the sulfide minerals in highly localized
environments (microenvironments), characterized by
strongly reducing conditions (Langner et al., 2013;
Drahota et al., 2017; Kerr et al., 2018). In our previous
study (Drahota et al., 2017), we found that these soil
microenvironments are strictly anaerobic domains associ-
ated with NOM and dominated by sulfate-reducing and fer-
menting metabolisms. Based on the 34S depletion of realgar
relative to aqueous SO4

2�, we postulated that formation of
realgar deposits in the wetland soil is a consequence of dis-
similatory sulfate-reducing activity (Drahota et al., 2017).

Although microbial sulfidogenesis has been recognized
as a prominent process in the immobilization of As under
different sulfate-reducing conditions in laboratory experi-
ments (Kirk et al., 2010; Battaglia-Brunet et al., 2012;
Omoregie et al., 2013; Burton et al., 2014; Rodriguez-
Freire et al., 2014, 2015; Le Pape et al., 2017; Falteisek
et al., 2019), an understanding of As sulfidation in natural
soils, sediments, and mine wastes in the presence of com-
plex mineralogical assemblages, as well as the heteroge-
neous distribution of NOM is still in its infancy. Herein,
we examine the sulfidation of As and Fe in a naturally
As-enriched wetland soil located at Smolotely (Czech
Republic). In a previous study (Drahota et al., 2018), we
identified an interesting assemblage of As-hosted phases
in oxic soils at this site; however, dominant As solid-
speciation in the slightly-reducing wetland soil remains
unrevealed to us. Here, we seek to: (1) provide information
on the distribution and speciation of As in the wetland soil,
(2) elucidate the role of NOM and soil microorganisms in
Fe–As–S mineral formation, and (3) assess the retention
and reactivity of As-bearing sulfides in soil environments
under changing redox conditions.

2. MATERIALS AND METHODS

2.1. Sampling and sample processing

In a preceding study, we sampled wetland soil at loca-
tion C close to a spring of an unnamed stream in the natu-
rally As-enriched geochemical anomaly (�1.87 wt.% As) of
the Smolotely-Lı́šnice historical gold district (Fig. S1), and
we observed that As was predominantly sequestered by Fe
(III) (oxyhydr)oxides (Drahota et al., 2018). In September
2017, we collected soil samples from two additional soil pits
(locations A and B) located approximately 3 m from each
other as well as from the initial sampling location C
(Drahota et al., 2018). The pits were excavated to a depth
of 100 cm (A) and 110 cm (B). The samples were collected
at 10 cm intervals (n = 21) and split into two subsamples.
The subsamples intended for pH and Eh measurements
were transferred into a 50 mL screw-cap centrifuge vial,
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completely filled (no bubbles or headspace) by a minimum
of deoxygenated deionized water, and sealed in a plastic
bag under an atmosphere of Ar. The subsamples intended
for geochemical and mineralogical characterization were
immediately placed in Ar-purged zip-lock plastic bags and
stored at 4 �C and in anoxic conditions until their return
to our laboratory. The soil material was freeze-dried
(Vargas et al., 2015), processed (sieving < 2 mm and
milling < 50 lm) in an anoxic glove box (pO2 < 1 ppm),
and kept anoxic until the analyses. To concentrate the
As-bearing mineral phases from the soil, heavy minerals
were separated from samples situated at three different
depths (10–20 cm, 40–50 cm, 90–100 cm) of profile A.
Heavy minerals were obtained by centrifugation of the
0.05–0.5 mm size fraction of bulk soil samples in 1,1,2,2-
tetrabromoethane diluted with 1,4-dioxane (specific gravity
of 2.80 g cm�3). After centrifugation and other manipula-
tions of the samples (<12 h), the heavy mineral concentrates
were returned to anoxic conditions in the glove box.

Soil samples were described (i.e., Munsell color, soil
group, mottling, accumulations of NOM), and several par-
ticles of NOM (decomposing tree roots) with a massive yel-
low powdery accumulations in their subsurface were
collected from a depth of 70–100 cm in the soil profiles,
rinsed in deoxygenated deionized water to remove any loose
soil and retained in anoxic conditions in 50 mL centrifuge
tubes under Ar atmosphere. Mineralogical and geochemical
analyses of the yellow powdery accumulations were deter-
mined in two composite samples (R1 and R2) that were
scraped from the exterior parts of the NOM fragments.
In addition, NOM particles (n = 5) with yellow powdery
accumulations and the surrounding soil with visible signs
of yellow sulfide impregnations (n = 3) were collected into
sterile 15 mL tubes for DNA extraction. In the laboratory,
DNA was carefully extracted from the yellow sulfide-rich
exterior parts of the NOM particles, avoiding coarse con-
tamination from loose soil on the surface of the NOM
particles.

Pore-water samples (n = 6) were collected by a tension
lysimeter (SPE 20 with a double 0.2 mm nylon membrane)
that was installed between the excavation pits A and B
(Fig. S1) to monitor the chemical pore water composition
of the wetland soil. The lysimeter was installed at a depth
of �100 cm and allowed to equilibrate with the pore water
for 2 months before the first sampling.

2.2. Solid-phase methods

Particle size distribution was determined by the hydrom-
eter method (Gee and Bauder, 1979). The soil pH and Eh
were determined using a WTW multimeter (within 4 h of
sample collection) by direct insertion of calibrated elec-
trodes into the soil sample under the Ar atmosphere in
the glove box.

Homogenized soil samples were analyzed for total ele-
ment concentrations by energy-dispersive X-ray fluores-
cence (XRF) spectrometry (ARL 9400 XP+, Thermo
ARL). The accuracy for elements was within 7%, based
on the analysis of standard reference materials (NIST
2710a: Montana I Soil - Highly Elevated Trace Element

Concentrations; NIST 2711: Montana II Soil - Moderately
Elevated Trace Element Concentrations), except for Al
(�33%) and P (�20%). Near-total Fe and trace element
(As, Bi, Cu, Mo, Pb, Sb, Zn) contents were determined in
triplicate by Lefort aqua regia digestion (3:1, HNO3:HCl)
on a hot plate and recovered 73% ± 4% and 95% ± 6% of
total Fe and As concentrations, as determined by XRF.
Triplicate digestion of certified reference soils (NIST
2710a and NIST 2711) yielded precision within 9% for all
elements, except for Cr (�29%) and Sb (�32%). The recov-
eries of As, Cr, Cu, Fe, Pb, and Zn were within 90% of the
confidence limits of the certified values. In contrast, the
recoveries of Co, Ni, Mn, Sb, and V were significantly lower
(53–84%). As a further quality assurance measure, the pre-
cision of triplicate digestions were usually within 8% (except
for Bi, Cr, Mo, Sb, and Se, which were within 31%).

The reactive solid-phase Fe(II) was extracted from 0.5 g
of soil with a 15 mL solution of deoxygenated 1 M HCl by
shaking for 1 h (Kostka and Luther, 1994). This procedure
extracts Fe(II) mainly from nanocrystalline mackinawite
and siderite, as well as a small fraction of greigite and pyrite
(Wallmann et al., 1993; Rickard and Morse, 2005). The
concentration of Fe(II) was quantified via the 1,0-
phenanthroline method using a Hach Lange DR3900 spec-
trophotometer. Duplicate extractions showed that precision
was within 15%. Exchangeable As was determined in dupli-
cate (precision within 15%) by extracting samples in deoxy-
genated 0.1 M NaH2PO4 buffered to pH 5.5 for 16 h (Keon
et al., 2001; Paul et al., 2009). Arsenic bound to poorly crys-
talline Fe (oxyhydr)oxides was targeted by a 0.2 M NH4-
oxalate extract (2 h in darkness) (Keon et al., 2001;
Drahota et al., 2014). Duplicate extractions had a precision
within 9% for all elements (As, Fe, Mn). After centrifuga-
tion and filtration (0.2-lm nylon pore filter), all extractants
and digests were analyzed using either inductively coupled
plasma optical emission spectrometry (ICP-OES; Agilent
5100) or quadrupole-based inductively coupled plasma
mass spectrometry (ICP-MS; Thermo Scientific XseriesII).
All extractions were conducted under an atmosphere of
Ar. It should be noted that the selectivity of HCl, oxalate,
and phosphate extractions was tested on two As sulfides:
orpiment (synthetic As2S3; 99.9%, Alfa Aesar) and realgar
(Baia Sprie mine; from collection of the Mineral Museum
of the Faculty of Sciences, Charles University, Prague).
Negligible amounts of As recovered from poorly crystalline
orpiment (0.041% ± 0.001% in HCl, 0.021% ± 0.016% in
oxalate, and 0.25% ± 0.01% in phosphate) as well as crys-
talline realgar (0.056% ± 0.017% in HCl, 0.054%
± 0.014% in oxalate, and 0.48 ± 0.05% in phosphate) are
in accord with the results of Paul et al. (2009) and are
due to the low solubility of As sulfides at an acidic pH
(Wilkin and Ford, 2002).

Total C, N, S, and inorganic C (TIC) were determined in
duplicate (precision within 7%) using elemental analyzers
(Thermo Flash 2000, Eltra SC 500, and CS-530). Total
organic carbon (TOC) was determined by subtracting the
TIC from the total C. Soluble and adsorbed inorganic
SO4

2� was determined in duplicate (precision within 9%)
by shaking the samples under an atmosphere of Ar in
deoxygenated 15 mM NaH2PO4 for an hour (Johnson
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and Henderson, 1979), and then centrifuging the sample for
10 min. After centrifugation, the supernatant solution was
passed through a 0.2-lm nylon pore filter and analyzed
for SO4

2� by ion chromatography.
The mineralogical compositions of the bulk soil samples,

heavy mineral concentrates, and separated yellow powdery
accumulations were assessed by X-ray powder diffraction
(XRD) analysis. The dried samples were exposed to air
for <5 min prior to commencement of XRD in order to
minimize potential oxidation-induced changes in mineral-
ogy. X-ray diffractograms were obtained for randomly ori-
ented powder using a PANalytical X’Pert Pro
diffractometer equipped with a diffracted-beam monochro-
mator and X’Celerator multichannel detector, using Cu Ka
radiation (40 keV, 30 mA). Samples were step scanned from
5 to 80� 2h using a 0.02� 2h step and 200–500 s count times.
The diffraction data were analyzed using X´Pert HighScore
Plus software, version 1.0d., and semiquantitative estimates
of the abundances of major minerals were obtained by com-
paring the integrated intensities of the diffraction peaks.
Samples for examination by scanning electron microscopy
(SEM) were mounted on aluminum stubs, coated with car-
bon, and the elemental composition and morphology of
selected specimens were determined using a JEOL JXA-
8530F electron microprobe analyzer (EMPA) equipped
with a field emission gun source (FEG) for SEM imaging
and energy dispersive spectrometry (EDS) analysis (JEOL
JED-2300F spectrometer). The X-ray maps and quantita-
tive microanalyses of selected elements in the polished sec-
tions of NOM particles as well as heavy mineral
concentrates were acquired using (1) the same EMPA
instrument or (2) a TESCAN VEGA SEM instrument
equipped with an X-Max 50 EDS (Oxford Instruments).
The operating conditions of the SEM were 15 kV, with a
beam current of 1.5 nA for quantitative point analysis,
and 7 nA for compositional mapping. The EMPA was
operated under a 15 kV accelerating voltage and beam cur-
rent of 20 nA in focused beam mode for quantitative anal-
yses; compositional maps were acquired under 20 kV and
50 nA, except those maps including sulfide phases that were
acquired with 10 kV and 15 nA (due to the instability of
realgar under higher probe current). For both EDS and
EMPA analysis, the following standards and X-ray lines
were used for detection and quantification: SiO2 (Si, Ka),
anhydrite (S, Ka), magnetite (Fe, Ka), and GaAs (As, La).

Raman microspectrometric (RMS) analyses were per-
formed on the grains previously explored by EDS or
EMPA (locations of RMS spot analyses in the grains were
almost identical to the microprobe spots) using a Renishaw
InVia Reflex Raman spectrometer (Renishaw plc) coupled
with a Leica microscope (Leica Microsystems, Germany)
with a 50� objective. Excitation was provided by either
the 514.5 nm or 785 nm line of a diode laser for nonsulfide
and sulfide phases, respectively. The spectrum of each phase
was recorded at 0.1–5% laser power to avoid thermal
degradation over the spectral range of 100–1200 cm�1.
Scanning parameters were as follows: 20 s accumulation
time, and 15–20 scans were taken to improve the signal-
to-noise ratio.

2.3. Sulfur isotope analysis

Total S for d34S determination was extracted from the
soil (n = 21) and NOM exterior (n = 2) samples by
Eschka’s procedure in the form of BaSO4 (Novák et al.,
1994). Pore water samples for sulfur isotopes analyses
(n = 3), collected during November and December 2018,
were filtered (<0.2 mm nylon membrane filter), acidified
(pH 3), and brought to the laboratory. After CO2 removal
from a hot water sample (90 �C), aqueous SO4

2� was precip-
itated as BaSO4. All BaSO4 precipitates were analyzed mea-
suring the 34S/32S ratio following online combustion with a
Thermo Delta V Plus coupled with a Thermo Flash 2000
Elemental Analyzer at the Laboratories of Mass Spectrom-
etry of the Faculty of Science, Charles University. Ran-
domly selected soil samples (n = 9) and two samples of
primary arsenopyrite ore from the Smolotely-Lı́šnice gold
district were also analyzed for S isotope ratios using a
MAT 253 stable isotope ratio mass spectrometer coupled
with a Costech ECS 4010 elemental analyzer at the Queen’s
University Facility for Isotope Research (Queen’s Univer-
sity, Canada). All results were expressed as a ‰ deviation
of the 34S/32S ratio in the sample from the Vienna Canyon
Diablo Troilite, with an analytical error of <0.3‰. The iso-
tope data obtained from the same samples in two laborato-
ries indicated good agreement (R2 = 0.986, n = 9), with a
variability of ±1.8‰.

2.4. Pore-water analyses

Pore waters were sampled in the period between Novem-
ber 2017 and May 2018 using a suction lysimeter installed
at a depth of �100 cm, coinciding with increased TOC
and S in the soil profiles.

Samples were immediately analyzed in the field for tem-
perature, Eh, pH, and dissolved H2S, Fe(II), and total Fe
using a portable WTW multimeter and DR3900 spec-
trophotometer (Hach Lange). The concentration of dis-
solved H2S was analyzed by the methylene blue method
(Hach method 8131). An aliquot of pore water was added
to 1,10-phenanthroline solutions for Fe2+ determination.
Total aqueous Fe was also determined using this method,
following pre-reduction of Fe3+ by ascorbic acid. Samples
for major cation and trace element analyses were acidified
with trace-metal-grade HNO3 (Merck); a sample aliquot
for aqueous As speciation analysis was preserved by adding
0.1 M EDTA-Na2 solution to a concentration of 1 mM
(Bednar et al., 2002).

Concentrations of major and minor cations as well as
trace elements were analyzed by ICP-OES (Agilent 5100)
and ICP-MS (Thermo Scientific XseriesII). The major
anions were analyzed by high-performance liquid chro-
matography (HPLC; Dionex ICS-2000). Bicarbonate was
calculated from the alkalinity, measured by microtitration
(Schott TitroLine Easy automatic titrator) with 0.05 M
HCl. The measured concentrations of elements in the certi-
fied standards NIST 1640 (trace elements in natural water)
and NIST 1643d (trace elements in water) were generally
within ±5% of their certified values. The analyses of aque-
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ous arsenite and arsenate were performed by anion
exchange HPLC-ICP-MS (Agilent 1200 Series HPLC iso-
cratic pump, and Agilent 7700x mass spectrometer). The
limit of detection was 0.1 lg As L�1, and the intra-assay
coefficient of variation was better than 5% for all species.

2.5. Molecular biology methods

The fragments containing the V4 region of the 16S
rDNA of bacteria and archaea were amplified by PCR in
triplicate using universal primers U515F and U806R, fol-
lowing the procedure outlined in Caporaso et al. (2012).
Unique sequence tags were placed at the 5‘ end of the pri-
mers, enabling multiplex sequencing. The amplicons were
sequenced on the MiSeq platform (Illumina) at the Labora-
tory of Environmental Microbiology, Institute of Microbi-
ology of the Academy of Science of the Czech Republic
(Prague).

Sequence data were analyzed by the pipeline SEED v.
2.0.4 (Větrovský and Baldrian, 2013). Paired ends were
joined by fastq-join (Aronesty, 2011). All of the sequences
with mismatches in tags were removed from the dataset.
All sequences were clustered into operational taxonomic
units (OTUs), and chimeras were deleted using UPARSE
implementation in USEARCH 8.1.1861 (Edgar, 2013) with
a 97% similarity threshold. The consensus from each OTU
was constructed from a MAFFT alignment (Katoh et al.,
2009), based on the most abundant nucleotide at each posi-
tion. The OTUs were identified, and their environmental
requirements were assessed by megaBLAST and BLASTn
algorithms against the GenBank nt/nr database. A phylo-
genetic tree was constructed using non-singleton bacterial
and archaeal 16S rDNA sequences under the GTRCAT
model in RAxML (Stamatakis, 2014). The tree was used
in phylogenetic dissimilarity calculations performed in
Mothur (Schloss et al., 2009). Affiliation of microbial com-
munities to soil process domains was tested by AMOVA
based on UniFrac distances with 10,000 Monte Carlo
generations.

Selected sequences representing OTUs with abundances
over 1% were deposited in GenBank under accession num-
bers MK703883 - MK703934.

3. RESULTS

3.1. Chemistry and mineralogy of soil

The wetland soils collected from two sites were classified
as Dystric Stagnic Gleysols (IUSS Working Group WRB,
2006). Analyses of the soil samples (n = 21) revealed a near
neutral environment (�x ± r: pH 6.59 ± 0.29) with vertical
and lateral variations in the pedological and geochemical
characteristics between sites A and B (Fig. 1, Tables S1,
S2). Results of grain-size analysis showed that site A was
dominated by sand (�60%). Site A also had an organic-
rich (�4.4% TOC) layer at 30–40 cm depth that probably
resulted in the relatively sharp transition from oxic to
reducing conditions as demonstrated from the Eh drop
from + 549 to �38 mV between the A25 and A35 samples
(Fig. 1). In contrast, site B reflected a gradual decrease of

Eh with depth. Here, an accumulation of organic matter
occurred at the depth of 70–100 cm, and it coincided with
the Eh minimum as well as a finer texture (�42% of sand)
(Fig. 1).

Near-total As concentrations in the bulk soils ranged
from 0.11 to 4.63 g kg�1 (�x ± r: 0.58 ± 0.75 g kg�1). The
highest As concentrations were detected in the uppermost
horizons (especially B5; most likely due to anthropogenic
contamination), but As also concentrated in the deeper soil
layers characterized by an abundance of NOM fragments
(especially A95 at a depth of 90–100 cm). Distribution of
As below �40 cm at both sites A and B resembles the dis-
tribution of S and TOC (Fig. 1), suggesting a possible con-
nection between all three elements in the reducing soil
environment. The exchangeable fraction of As (AsPO4)
was in the range of 5.5–16.6% (�x ± r: 11.2 ± 3.3%) of the
total As, with the highest fractions generally observed in
the deeper parts of the soil profiles (Fig. 1; Table S3). The
fraction of As bound to poorly-crystalline Fe (oxyhydr)ox-
ides (AsOX) is relatively high (�x± r: 50 ± 22%), and either
decreases with depth (from 76% in the topsoil to 8% at
the bottom of profile A) or varies in accordance with the
Eh values (site B) (Fig. 1).

Most of the labile Fe (�x ± r: 27.8 ± 9.7%) was in the
form of (oxyhydr)oxides (FeOX), with the maxima
approaching 37.8% and 61.4% of the near-total Fe in the
A and B topsoil samples, respectively (Fig. 1; Table S3).
Labile Fe(II) (Fe(II)HCl) was frequently less than 5% of
the near-total Fe, and its proportion generally increased
with depth. However, this excludes the notable exception
at site B where the deepest soil samples (�85 cm) contained
a lower TOC and displayed a coarser texture as well as a
higher Eh, consistent with less reducing conditions
(Fig. 1; Tables S1, S3).

The characterization of the bulk soil samples as well as
the heavy mineral concentrates by XRD indicated a similar
mineralogy as a function of depth (Fig. S2). These consisted
mostly of quartz and plagioclase with lesser amounts of
amphibole and phyllosilicate minerals (chlorite and mus-
covite/illite) in the bulk soil samples; and amphibole with
minor amounts of magnetite, quartz, plagioclase, and chlo-
rite in the heavy mineral concentrates. Examination by
SEM and EDS or EMPA of the As-bearing phases in the
heavy mineral concentrates showed that the uppermost soil
sample (10–20 cm) contains abundant Fe (oxyhydr)oxides
with highly variable As concentrations (�x ± r: 3.28 ± 3.39
wt.% As). The examination of these Fe (oxyhydr)oxides
by the combination of RMS and EMPA showed that the
highest As concentrations occurred in ferrihydrite (4.8–
10.0 wt.%), while the crystalline Fe (oxyhydr)oxides identi-
fied by RMS (as goethite and hematite) contained signifi-
cantly lower amounts of As (�1.2 wt.% As) (Figs. 2, 3,
S3). Arsenic-bearing Fe (oxyhydr)oxides were also detected
in the heavy mineral fractions concentrated from the reduc-
ing samples in the deeper parts of the soil profile (�40 cm),
but they were always present in significantly lower
amounts, and contained a lower concentration of As
(�0.6 wt.% As) comparing to the uppermost sample
(Fig. 3). It should be noted that RMS characterization of
Fe (oxyhydr)oxides from the deeper parts of the soil profile
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led to the identification of only crystalline species such as
goethite and magnetite. Moreover, these phases often dis-
played different alteration features (Fig. 2), suggesting the
impact of reductive dissolution processes.

3.2. Chemistry and mineralogy of NOM fragments

NOM fragments with yellow subsurface accumulations
(Fig. S4) occurred in the bottom of the Gleysol profiles
(�70 cm). Analyses of these fragments revealed very high
concentrations of TOC (R1: 27.7 wt.%; R2: 38.8 wt.%), S
(R1: 13.0 wt.%; R2: 4.9 wt.%), As (R1: 19.3 wt.%; R2: 4.5
wt.%), and Fe (R1: 4.7 wt.%; R2: 2.7 wt.%) as well as
enrichment in most trace elements compared to the soil
matrix (Table S4). Enrichment factors (EFs) calculated as
the ratio of trace element concentration in the NOM exte-
rior to that in the surrounding soil matrix, exhibited partic-
ularly high values (EFs > 10) for Cr, Mo, Sb, and Se; and
slightly lower (EFs > 2) values for Co, Cu, Ni, V, and U.
The other trace elements analyzed (Ba, Bi, Pb, Th) were
not enriched, nor revealed depletion with respect to the sur-
rounding soil.

XRD results for two NOM fragments rich in yellow
powdery accumulations indicated realgar (a-As4S4) and
bonazziite (b-As4S4) as the major phases (>80%)
(Fig. S2). Quartz and pyrite occurred in minor amounts.
Despite the fact that XRD confirmed realgar and bonazziite
as the sole AsS phases (Fig. S2), RMS revealed an associa-
tion of these phases with pararealgar (Fig. S5a). The forma-
tion of pararealgar might be attributed to light-induced

alteration of realgar and bonazziite (Douglass et al., 1992;
Bonazzi et al., 1996), which took place between the collec-
tion and mineralogical analyses of the samples. Examina-
tion of NOM fragments with SEM and EDS showed that
realgar and bonazziite occur in the form of feather-like
aggregates or small dispersed particles (Fig. 4; S6a, b),
and also frequently exhibits as filamentous shapes such as
nanowires (Fig. S6c, d) and tubes with a diameter of
approximately 1–4 lm (Fig. 4b, S6e). Raman microspectra
of AsS phases often showed a shift of the realgar bands to
the frequencies characteristic for bonazziite (Muniz-
Miranda et al., 1996; Bindi et al., 2015) and vice versa

(Fig. S5a), indicating a mixture of As4S4 polymorphs at
the micrometer scale (area of analyzed sample �5 lm2).
EDS analyses showed that nearly equimolar AsS contained
no detectable (�0.1 wt.%) trace elements such as Al, Co,
Cr, Cu, Fe, Mo, Ni, Se, Si, or Sb. Realgar and bonaziite
are often associated with Fe sulfides and disulfides, which
usually occur in minor amounts. The combination of
SEM/EDS and RMS allowed us to distinguish three differ-
ent FeS phases: pyrite, greigite, and an unidentified FeS
phase (Fig. S5b). The pyrite always occurred as framboids,
which ranged in diameter from 5 to 40 lm, with an average
diameter of �15 lm (Fig. 4). Crystallites, either spherical or
octahedral, comprising individual framboids differed in size
(0.2–5 lm), averaging 1 lm in diameter. The average As
content of eight pyrite framboids is 0.44 wt.% with an
observed range from 0.31 to 0.66 wt.%. Most nonfram-
boidal FeS grains displayed both Fe:S ratios and Raman
spectra consistent with the mineral greigite, which typically

Fig. 1. Soil properties at sites A and B (median grain size analysis; organic carbon (TOC), Fe, As, and S distribution; Fe fraction in 0.2 M
oxalate extracts; Fe(II) fraction in 1 M HCl extracts; As fractions in 0.1 M NaH2PO4 (AsPO4) and 0.2 M oxalate (AsOX) extracts).
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occurs as �2–8 lm spherical grains filling wood cells of
NOM (Fig. 4d, e). All nine greigite grains we examined
had As, Co, and Ni contents above the level of detection,

averaging 1.69 wt.% As (0.99–2.27 wt.%), 0.51 wt.% Co
(0.23–0.86 wt.%), and 0.17 wt.% Ni (�0.33 wt.%). Within
the wood cells, we also identified rare FeS grains with a
Fe:S ratio consistent with a stoichiometry between Fe5S6
and Fe7S8. Raman spectra of these phases (bands at 318,
335, and 380 cm�1; Fig. S5b) are not indicative of meta-
stable mackinawite or any other known Fe monosulfide
mineral (Bourdoiseau et al., 2008), but are almost consis-
tent with spinel-structured violarite (FeNi2S4) (R060846;
Lafuente et al., 2015). The As (0.70–1.50 wt.%) and Co
(0.25–1.39 wt.%) contents in this metastable FeS generally
overlap with As and Co in greigite, but the metastable
FeS phases have considerably higher concentrations of Ni
(0.68–1.62 wt.%) than greigite. However, these concentra-
tions of Ni are still far from the stoichiometry of violarite.
We assume that our unidentified Ni-rich FeS phase is very
suggestive of a metastable Fe monosulfide phase, which
Wang et al. (2015) and Weber et al. (2017) associated with
the alteration of pyrrhotite and troilite, respectively. Con-
centrations of other trace elements such as Cr, Cu, Mo,
Se, and Sb in Fe sulfides and disulfides were below the
EDS detection limit.

3.3. Pore-water chemistry

Concentrations of dissolved As species and other con-
stituents in pore water sampled from the site monitoring
lysimeter are reported in Table S5. It should be noted that

Fig. 2. Back-scattered electron images and X-ray elemental mapping showing typical habit of Fe (oxyhydr)oxides from the (a, b) uppermost
(HF-A15: 10–20 cm), and (c, d) the deepest sample (HF-A95: 90–100 cm). Arsenic concentrations are expressed in wt.%. Raman spectra
obtained from locations R1-R4 are given in (Fig. S3). Am - amphibole; Fh - ferrihydrite; Gth - goethite; Hem - hematite; Mag - magnetite; Pl -
plagioclase.

Fig. 3. Variation of As2O5 as a function of Fe2O3 in secondary Fe
(oxyhydr)oxides from Smolotely gleysol identified by Raman
microspectrometry. The sample notation indicates the mean
sampling depth in centimeters (HF-A15: 10–20 cm; HF-A45: 40–
50 cm; HF-A95: 90–100 cm). (For interpretation of the references
to color in this figure legend, the reader is referred to the Web
version of this article.)
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direct information on pore water chemistry was restricted
to the screened soil depth of � 100 cm, which was below
the water table. Pore-water pH ranged from 6.90 to 7.27,
and field Eh data demonstrated slightly reducing conditions
(Eh: 87–145 mV). Total dissolved As concentrations were
generally high, ranging from 316 to 634 lg L�1, and
included both As(III) (63–99%) and As(V) (�37%) species.
The pore water concentrations of Fe(II) were always higher
than 94% of the total Fe ( �x ± r: 20.5 ± 3.5 mg L�1), indi-
cating that Fe(III) was negligible compared to Fe(II). Sim-
ilarly, the pore water H2S concentrations (�x ± r: 0.040
± 0.017 mg L�1) were negligible compared to dissolved
SO4

2� (�x ± r: 131 ± 14.9 mg L�1). The dominance of Ca,
Fe(II), SO4

2�, and HCO3
� in the pore water is consistent

with the dissolution of carbonate and sulfide minerals asso-
ciated with the ore accumulations in the bedrock as well as
with iron-reducing conditions in the saturated zone of the
soil. The concentrations of trace metals and metalloids such
as Al, Co, Cr, Cu, Mo, Sb, Se, U, and Zn were always very
low (<3 lg L�1, except for Zn).

3.4. Sulfur isotope analyses

The d34S values generally decreased from primary ore, to
pore-water, and to sulfide-rich NOM fragments, and also
decreased down soil profile A (Table S6). Isotopic data of
primary arsenopyrite-rich ore from the Smolotely-Lı́šnice

gold deposits (+4.0 and +4.2‰) correspond to the d34S val-
ues of primary sulfides from the nearby Mokrsko gold
deposit (+3.0 ± 1.5‰, n = 10) as well as the other Variscan
Au-bearing quartz vein deposits (+5.2 ± 2.3‰, n = 30) in
the central part of the Bohemian Massif (Zachariáš et al.,
2013). The d34S values of SO4

2� in the pore water (+2.6
± 0.9‰) were slightly depleted in comparison to the values
formed by mixing of S isotope signatures of bedrock sul-
fides and atmospheric deposition (e.g., 5.4 ± 0.3‰; Novák
et al., 2005). Thus, changes in the isotopic signature from
lithogenic and atmospheric sources to soil pore water are
due to isotope fractionation processes within the soil such
as S mineralization (Fuller et al., 1986; Alewell and
Gehre, 1999) or oxidation of secondary sulfide phases.
The latter possibility may be due to the drop of groundwa-
ter level that was registered during the sampling period. The
isotopic composition of the sulfide-rich NOM (�8.3 and
�4.7‰) was significantly lower than that of primary sul-
fides in the bedrock as well as SO4

2� in the pore water
(Table S6).

The range of d34S values in the total soil S was between
�26.1 and +5.8‰. Surprisingly, the total soil S at site A
was significantly depleted in 34S (with the range of d34S of
samples �30 cm between �26.1 and �13.3‰) compared
to soil at the nearby site B (with the range of d34S of sam-
ples �30 cm between �7.3 and +5.8‰), and even with
respect to the secondary sulfides measured in the NOM

Fig. 4. Back-scattered electron images and X-ray elemental mapping showing sulfide phases on the fragments of buried natural organic
matter (NOM) in the wetland soil. (a) Framboid texture of As-bearing pyrite with finely dispersed particles of realgar and bonazziite. (b)
Filamentous aggregate composed of realgar tubes (�1 lm in diameter). (c) Relatively massive aggregates of bonazziite with framboidal pyrite.
(d) Association of realgar, greigite, framboidal pyrite, and unidentified metastable FeS phase in wood cells of NOM. (e) Magnified image of
the wood cell with greigite. Elemental concentrations are expressed in wt.%. Raman spectra obtained from locations R5-R10 are given in
(Fig. S4). Bnz - bonazziite; Gr - greigite; Py - pyrite; Rlg - realgar; Un - unidentified FeS phase.
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fragments. The decrease of d34S with increasing depth in
profile A was ascribed to dissimilatory microbial SO4

2�

reduction, a process known to discriminate against the
heavier 34S. The decreasing d34S ratio coincided with a
build-up in the S concentration from 30 to 100 cm below
the soil surface (Fig. 5). The negative d34S values at depths
�70 cm of profile B could also be ascribed to dissimilatory
SO4

2� reduction; however, the depth dependent increase in
the soil layer at depths of 40–70 cm indicate that aerobic
metabolism (assimilatory SO4

2� reduction and S mineraliza-
tion) contributed to the positive d34S signal in this soil
(Fuller et al., 1986; Novák et al., 1996).

3.5. Microbial community patterns

A total of 2957 non-singleton OTUs at the 97% similar-
ity level were determined among 46,043 16S rDNA
sequences from 8 samples of sulfide-rich NOM fragments
and surrounding soil. The communities were dominated
by sulfate-reducing Deltaproteobacteria, both fermentative
and sulfate-reducing Firmicutes, and Chloroflexi that usu-
ally belong to anaerobic groups capable of dehalorespira-
tion (Table S7). Interestingly, the communities of
individual samples were dominated by members of distinct
microbial phyla despite the fact that they originated from
seemingly identical microhabitats.

Thorough characterization of 53 OTUs, representing at
least 1% of at least one sample, revealed heterotrophic
SO4

2� reduction as the most abundant type of energy meta-
bolism (Table 1). The metabolic traits of microbial commu-
nities from the sulfide-rich NOM and surrounding sulfide-
bearing soil were highly similar to the metabolism of micro-
bial communities detected at corresponding habitats at the
realgar-precipitating wetland soil in Mokrsko, as previously
described (Drahota et al., 2017). The communities from
Smolotely differed by their higher aerobicity and decreased
proportion of fermentation, hydrogenotrophy, and
methanogenesis (Table 1). This corresponds well with sev-

eral physico-chemical parameters (higher Eh of pore water,
higher hydraulic conductivity, and lower TOC in Smolotely
compared to Mokrsko), indicating less reducing conditions
in the Smolotely wetland soil comparing to the Mokrsko
wetland soil.

The high similarity to Mokrsko soil was also evident
from the relatively great proportion of shared microbial
genotypes. Among the 53 most abundant OTUs from Smo-
lotely, 28 OTUs (53%) had a similarly abundant counter-
part with a sequence identity over 95% at Mokrsko.
Comparison of the Smolotely samples with microbial com-
munities from various soil process domains from Mokrsko,
by weighted UniFrac metrics, revealed that Smolotely com-
munities cluster with the reduced realgar-bearing domains
from Mokrsko, but differ from the oxidized topsoil hori-
zons (p < 0.0001).

4. DISCUSSION

Arsenic speciation within the Smolotely wetland soil
varies with depth. In the upper parts of the soil profiles
(depth � 30 cm in profile A), defined by oxic conditions
(Fig. 1), As is predominantly bound to Fe (oxyhydr)oxides
(ferrihydrite, goethite, and hematite). These results are con-
sistent with our previous study (Drahota et al., 2018), which
recognized that As above the water table at location C is
bound to crystalline Fe (oxyhydr)oxides (goethite and
hematite), and rarely to bariopharmacosiderite [Ba0.5Fe4
(AsO4)3(OH)4�5H2O]. With increasing depth, arsenic
sorbed to Fe (oxyhydr)oxides persist with decreasing abun-
dances and concentrations (Figs. 1 and 3). Ferric (oxyhydr)
oxides are of lesser importance as an As residence below
�40 cm, especially at site A. Arsenic sulfides (realgar and
bonazziite) as well as minor pyrite and greigite apparently
account for the majority of As in the deeper (�40 cm)
water-saturated soil (Fig. 4). Drahota et al. (2017) similarly
recognized that more than 71% of the total As in the
naturally contaminated Mokrsko wetland soil at depths

Fig. 5. Vertical distribution of sulfur species and sulfur isotopes in the soil profiles. The gray asterisk corresponds to the d34S value of SO4
2� in

the pore water collected by lysimeter.
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of �60 cm is incorporated in newly-formed realgar, with
the remaining portion in As(V)- and As(III)-containing
Fe (oxyhydr)oxides. Although already recognized as impor-
tant, the details of sulfidation of As and Fe in highly hetero-
geneous and complex natural systems, such as soil, have
only been described very generally.

4.1. Sulfate-reducing activity in soil

The main pathway of sulfide phase formation in soil and
NOM fragments was dissimilatory bacterial reduction of
aqueous SO4

2� in the pore water. This is clearly indicated
by the low d34S values (down to �26.1‰ for total S in soil),
which indicate a maximum fractionation of almost 30‰ and
12‰ in sulfide-bearing soil and sulfide-rich NOM exteriors,
respectively (Fig. 5, Table S6), when compared to aqueous

SO4
2�. These figures are within the typical range of fraction-

ation due to bacterial SO4
2� reduction of freshwater SO4

2�

(Novák et al., 1994; Novák et al., 1996). Highly variable S
isotopic fractionation values associated with sulfide forma-
tion in bulk soil at a depth � 40 cm at site A (between
14.9 and 29.4‰), and NOM exteriors (between 6.3 and
11.6‰) indicate some variability in the biological and envi-
ronmental controls on isotopic fractionation. Relatively low
isotopic fractionations, such as those observed in the sulfide-
rich NOM exterior in this study are consistent with levels of
S fractionation in realgar-rich NOM (between 9.5 and
12.5‰) in Mokrsko wetland soil (Drahota et al., 2017) as
well as pyrite- and greigite-bearing NOM fragments
(between 1.4 and 10.7‰) buried in the wetland soil at
Gerolfingen, Germany (Stanjek et al., 1994). We propose
that these low isotopic fractionations are due to reservoir

Table 1
Main metabolic and ecological traits of microbial OTUs with abundance over 1% in at least one sample of sulfide-rich NOM
(NOM) and surrounding sulfide-enriched soil (Soil) from sites A and B (Smolotely). Abundance values are in % and represent
x̅ ± r (minimum-maximum). Similar domains (Soil and NOM) from realgar-bearing gleysols at Mokrsko are given for
comparison (data by Drahota et al., 2017). Values from both sites within a similarity in the 50% range are highlighted in gray
color. Abundances of the analyzed OTUs were recalculated to a 100% sum for each sample.
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effects in a transport-limited system characterized by the
unlimited availability and lability of the organic substrate
(Canfield, 2001; Bradley et al., 2016). In this scenario, a
combination of low SO4

2� concentrations and high microbial
sulfate-reduction rates lead to reservoir effects whereby
SO4

2� concentrations are drawn down, leading to the enrich-
ment of the residual SO4

2� pool in 34S (Gomes and Hurtgen,
2013; Gomes and Hurtgen, 2015). These reservoir effects are
typically thought to develop at the basin-scale, where the
restriction of water movements limits the re-supply of
SO4

2�, but similar reservoir effects may also develop at highly
localized environments such as sulfate-reducing cells or
microbial biofilms (Raven et al., 2016; Louca and Crowe,
2017). Pore-scale mass transfer limitations of microbially
mediated reactions in organic-rich wetland soil are expected
to be fairly common, because soil microorganisms preferen-
tially reside in exterior parts of NOM fragments (Cleveland
et al., 2004), which in wetland soils tend to be associated
with the immobile region of the porous structure
(Rezanezhad et al., 2016). If we consider that combination
of the slow transfer of solutes into or out of the system of
NOM fragments and a high specific rate of SO4

2� reduction
(rate per cell) due to abundant organic matter (Canfield,
2001) results in the consumption of a relatively large frac-
tion of the local SO4

2� reservoir, then newly-precipitating
sulfide phases will have relatively high d34S values, and will
display low isotopic fractionation, such as that in the exte-
rior parts of NOM fragments at Smolotely (between 6.3
and 11.6‰). However, if sulfide minerals are formed in soil
regions characterized by higher solute exchange (by advec-
tion) or lower organic matter content (slower specific rate
of SO4

2� reduction), such as those in bulk soil at a depth
�40 cm at site A (between 14.9 and 29.4‰), then the frac-
tionation values will be higher because neither the SO4

2� or
the H2S reservoirs have evolved to higher values because
the fraction of the SO4

2� reservoir that has been consumed
by microbial reduction is low at this location (Sim et al.,
2011). It should be noted that the positive d34S signal in
the soil layer at 40–70 cm depth in profile B was ascribed
to isotopically selective mineralization of organic S. While
the resulting isotopically light S was solubilized and lost
(Alewell et al., 1999), the residual isotopically heavier
organic S remained in situ (Novák et al., 1994; Mitchell
et al., 2001). Regardless of which S isotope redistribution
mechanism prevailed, the evidence of mineralization and
microbial SO4

2� reduction in one soil profile reflected spatial
inhomogeneities in the intensity of processes of isotope frac-
tionation in wetland soil.

Microbial communities associated with sulfide-
precipitating environments (NOM and surrounding anoxic
soil) had variable compositions (Table S7); nevertheless, the
dissimilative SO4

2� reduction was usually the main meta-
bolic trait (Table 1). Sulfate reducers were significantly
enriched in soils compared to sulfide-rich NOM fragments
at both the Smolotely and Mokrsko wetlands (Drahota
et al., 2017). Thus the NOM fragments mineralized by sul-
fide phases did not appear as the hot spots of SO4

2� reduc-
tion in soils. In contrast, they were substantially enriched
by fermentative microorganisms compared to surrounding

soils (Table 1). These findings are consistent with
Falteisek et al. (2019), who reported formation of realgar
and bonazziite in batch experiments characterized by a sig-
nificant proportion of fermenters (up to 95%) and highly
variable proportion of sulfate reducers (between 2% and
84%). Moreover, the fermenters in realgar-rich NOM frag-
ments in the Mokrsko wetland soil were enriched with
respect to nearby NOM fragments free of sulfides
(Drahota et al., 2017). These findings strongly support the
hypothesis that has arisen from the variable isotopic S frac-
tionation associated with sulfide formation in bulk soil and
NOM fragments, which indicates mass-transfer limitation
on SO4

2� transport in the sulfide-rich exterior parts of
NOM fragments. It seems that the slow diffusional transfer
of solutes in combination with fast microbial reduction in
the NOM exteriors resulted in the development of steep
redox gradients at the mm scale. These highly localized
environments are characterized by the high activity of fer-
menting microorganisms, producing evidence of highly
reducing conditions in the NOM exteriors, in contrast to
only slightly reduced conditions in bulk soil (Fig. 1). Highly
reducing conditions are a prerequisite for As sulfide and Fe
sulfide precipitation (O’Day et al., 2004) and these highly
localized and reducing environments associated with
NOM were evidently suitable for the precipitation of differ-
ent sulfide phases in variable low-temperature environmen-
tal systems (Stanjek et al., 1994; Yoon et al., 2012; Langner
et al., 2013; Stuckey et al., 2015; Drahota et al., 2017; Kerr
et al., 2018). In contrast, pore water collected from bulk soil
fell within the regions where aqueous As(III), As(V), and
either the Fe(II,III) phases (shown as green rust) or the
Fe(III) phases (shown as ferrihydrite) were the predomi-
nant species, based on pH and Eh measurements
(Fig. S7). None of the pore water samples fell within the
calculated stability fields where As sulfides or Fe sulfides
are predicted to be predominant, but this is not surprising
since the contribution of aqueous species from the highly
reducing conditions of NOM to bulk pore water is negligi-
ble (Masue-Slowey et al., 2011; Rezanezhad et al., 2016;
Drahota et al., 2017).

4.2. Sulfide mineral formation and arsenic sequestration in

soil

Chemical analyses and selective extractions from the soil
samples below �40 cm showed that As and Fe(II) are cou-
pled to S and TOC, and they substantially accumulated in
the exterior parts of the NOM fragments (up to 19 wt.%
As and 4.7 wt.% Fe). Microscale imaging and spectroscopy
reveals that As speciation in these domains is a combina-
tion of As4S4 polymorphs, realgar, and bonazziite as well
as arsenian Fe sulfides, primarily greigite, and framboidal
pyrite. It should be noted that to date this is the first report
published on the precipitation of bonazziite in a shallow
subsurface environment at low temperatures. Bonazziite
has recently been characterized and approved as a new min-
eral species (Bindi et al., 2015), and was currently been
identified in an incubation experiment with microcosms iso-
lated from the Mokrsko wetland (Falteisek et al., 2019).
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The results demonstrate that greigite and pyrite were
important Fe sulfidation products within the NOM exteri-
ors. In all samples, pyrites are only present as sub-micron
equidimensional and equimorphic crystals, often aggre-
gated into framboids (Fig. 4). Although pyrite framboids
have been shown to form abiotically at elevated tempera-
tures (60–350 �C) (Sweeney and Kaplan, 1973; Graham
and Ohmoto, 1994), no laboratory studies have yet gener-
ated framboids abiotically at lower temperatures (Ohfuji
and Rickard, 2005). Recent work by MacLean et al.
(2008) provides evidence for the formation of framboidal
pyrite on organic templates within microbial biofilms.
Many studies consider the formation of pyrite and greigite
from Fe monosulfide minerals (e.g., mackinawite) (Benning
et al., 2000; Rickard and Morse, 2005; Rickard and Luther,
2007). Pyrite forms via the reaction of Fe monosulfide with
H2S or zerovalent sulfur (Rickard and Luther, 2007), while
greigite forms by a solid-state transformation of mackinaw-
ite following partial oxidation of structural Fe(II)
(Boursiquot et al., 2001). There is currently no experimental
evidence demonstrating that greigite can precipitate directly
from solution (Rickard and Luther, 2007). As such, the
presence of greigite in the NOM exteriors examined here
implicates the solid-state oxidative transformation of mack-
inawite as an important Fe sulfidation pathway.

Under reducing conditions, mackinawite is the first pre-
cipitate to form following reaction between dissolved Fe2+

and H2S during the initial stages of Fe sulfide formation
(Benning et al., 2000; Rickard and Morse, 2005; Rickard
and Luther, 2007). Although mackinawite was not identi-
fied in our samples by mineralogical methods, its presence
in the water-saturated zone of the soil is highly probable,
as it is the precursor to pyrite and greigite. It appears that
this assumption is supported by the increasing concentra-
tion of non-sulfate S (estimated by subtracting the
sulfate-S from the total S) and HCl-extractable Fe(II) with
increasing depth of soils (Fig. 1). However, the fraction of
mackinawite in the water-saturated soils, whose maximum
amounts can theoretically be linked to HCl-extractable Fe
(II) (between 2.8% and 6.4% of the total Fe), is much lower
than the fraction of oxalate-extractable Fe (�x ± r: 19 ± 4%
and 29 ± 3% of total Fe at sites A and B, respectively;
Table S3), which is a proxy for amorphous Fe(III) (oxy-
hydr)oxides (Schwertmann, 1964). The chemical prediction
of poorly-crystalline Fe(III) (oxyhydr)oxides in the water-
saturated zone of soils is in accordance with equilibrium
modeling showing that almost all pore water samples fell
within the calculated stability field of ferrihydrite
(Fig. S7). As demonstrated by oxalate-extractable As,
poorly-crystalline Fe(III) (oxyhydr)oxides in the water-
saturated soils sequester a high fraction of As (�x ± r: 24
± 14% and 50 ± 14% of total As at sites A and B, respec-
tively; Table S3). These data demonstrate a much higher
fraction of oxalate-extractable Fe and As in water-
saturated soil at site B compared to site A. Higher amounts
of As-bearing Fe (oxyhydr)oxides at site B are broadly con-
sistent with the detection of intensive aerobic metabolism,
which contributed to the positive d34S signal in this soil
(Fig. 5). In view of the facts that the sorptive affinity of
As(III) and As(V) for ferrihydrite is 3–6 orders of magni-

tude greater than mackinawite (Dixit and Hering, 2003;
Wolthers et al., 2005; Couture et al., 2013), and that phos-
phate has no effect on the sorption of As species to macki-
nawite (Niazi and Burton, 2016), the high fraction of
phosphate-extractable As below �40 cm (9–13% and 11–
17% of total As at sites A and B, respectively; Table S3),
which often additionally increases with depth (Fig. 1), can
be attributed to adsorption of As to poorly-crystalline Fe
(oxyhydr)oxides. All of these facts imply an important role
of poorly-crystalline Fe (oxyhydr)oxides in the sequestra-
tion of As, and possibly controlling As mobility in the oxic
and even in the water-saturated zone of wetland soils. As
transportation and laboratory conditions in our study were
strictly anoxic, the occurrence of Fe oxyhydroxides and/or
greigite in the soil samples are not an artifact of post-
collection oxidation. This has been proven by similar results
of As and Fe partitioning in water-saturated soil samples
that (i) have been similarly prepared as mentioned in the
methodology above (freeze-drying, storage, and prepara-
tion under Ar atmosphere), and (ii) have been immediately
analyzed in both their fresh and wet form.

Yet there is scant evidence showing an association
between As and greigite (Wilkin and Ford, 2006). In con-
trast, more conclusive data show the occurrence of As in
pyrite, where it may be incorporated by adsorption
(Farquhar et al., 2002) as well as by chemical substitution
(Savage et al., 2000). The As content of the pyrite (0.44
± 0.09 wt.%) was within the range of values reported for
low-temperature pyrite in both laboratory and field studies.
For example, Lowers et al. (2007) examined authigenic pyr-
ite in the Bengal Basin, and found the As content ranging
up to 1.1 wt.% in framboidal pyrite, with an average con-
centration of 0.27 wt.%. Our results indicate that pyrite
sequestered considerably less As than greigite (1.69 ± 0.47
wt.%). Moreover, greigite also serves as a host for Ni
(0.17 ± 0.13 wt.%) and Co (0.51 ± 0.26 wt.%); whereas
these elements were often below the EDS detection limit
(cca. 0.1 wt.%) in framboidal pyrite. The ability of biogenic
mackinawite and greigite to efficiently trap Ni, Co, and
many other trace elements has been previously documented
by many studies (e.g., Morse and Arakaki, 1993; Huerta-
Diaz et al., 1998; Farquhar et al., 2002; Ikogou et al.,
2017). It should also be noted that sulfide phases may be
slightly enriched in other trace elements (Cr, Cu, Mo, Sb,
Se, V, U), because these elements were significantly accu-
mulated in sulfide-rich NOM exteriors compared to the sur-
rounding soil (Table S4), and generally tend to accumulate
in Fe sulfides and disulfides (Kolker, 2012; Veeramani et al.,
2013). Our findings suggest that Co and Ni as well as a por-
tion of the As sequestered in greigite are mobilized during
the greigite transformation to pyrite. It is also possible that
the way in which trace elements are associated with greigite
could impact the stability of greigite by slowing down (or
inhibiting) its transformation to pyrite (Wilkin and Ford,
2006). Therefore, the in situ rates of greigite replacement
by pyrite may need to be considered when predicting the
long-term behavior of As and some trace metals in sulfido-
genic environments.

The lower solubility of Fe monosulfide compared to As
sulfides at circumneutral pH suggests that Fe monosulfide is
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more likely to form than realgar, bonazziite, and orpiment
in most naturally contaminated environments with elevated
Fe(II) in solutions. Therefore, the availability of Fe(II)
would generally allow Fe sulfide formation to limit H2S
activity to levels below that necessary for saturation of As
sulfides. If As sulfides form in these environments, their
occurrence is likely restricted to zones with a relatively
low Fe(II) concentration. The first in situ formation of real-
gar in low-temperatures environments was documented in a
shallow aquifer sediment approx. 15 years ago (O’Day
et al., 2004). Since that time, authigenic realgar formation
has been evidenced in many sites and variable environmen-
tal systems such as peatland (Langner et al., 2012, 2013),
wetland soil (Gao and Schulze, 2010; Drahota et al.,
2013; Drahota et al., 2017) and lake sediment
(Demergasso et al., 2007; Bentz and Peterson, 2017;
Schuh et al., 2018); contaminated from natural or anthro-
pogenic sources, as well as mine waste (Kerr et al., 2018).
Reaction path modeling indicated that realgar precipitation
is favored under strongly reducing and nearly neutral pH
conditions, in which the H2S activity is buffered by the
coexistence of Fe(II/III) (oxyhydr)oxides and Fe sulfides
(O’Day et al., 2004; Root et al., 2009). Under such condi-
tions, As(III) can be reduced by Fe monosulfides, leading
to the formation of realgar and greigite, or alternatively
green rust (Gallegos et al., 2008; Han et al., 2011; Root
et al., 2013). In this model, it is expected that As sulfide for-
mation is limited by the activity of dissolved As(III), and
inhibited by excess H2S or low pH conditions that have
been reported to favor either formation of soluble
thioarsenite complexes or precipitation of orpiment
(Bostick et al., 2005; Couture and Van Cappellen, 2011).
This hypothesis is consistent with the co-association of
greigite and both As4S4 polymorphs observed in the
NOM exterior (Fig. 4d); however, assemblages of As sul-
fides and Fe sulfides or green rust in other sites have been
lacking (O’Day et al., 2004; Langner et al., 2013; Drahota
et al., 2017; Kerr et al., 2018). It should be noted that scant
evidence of nanometer-sized Fe sulfides or green rust in nat-
ural soils or sediments may be explained by their nanocrys-
talline nature or very fast sulfide oxidation (Burton et al.,
2009). Another proposed mechanism of realgar and
bonazziite formation involves reduction of an amorphous
orpiment precursor driven by H2S (Le Pape et al., 2017).
Their hypothesis is mainly based on microcosm experi-
ments showing an increase in the proportion of realgar
compared to orpiment with incubation time (Lee et al.,
2007; Rodriguez-Freire et al., 2015; Le Pape et al., 2017).
In this model, one might expect the co-association of
As4S4 polymorphs with older orpiment, at least in some
samples; but orpiment was not detected in most sites
(Demergasso et al., 2007; Langner et al., 2013; Bentz and
Peterson, 2017; Drahota et al., 2017; Kerr et al., 2018;
Schuh et al., 2018) including in the Smolotely wetland soil.
All these findings suggest another mechanism of As4S4 pre-
cipitation, or alternatively enable more precipitation path-
ways. Formation of realgar and bonazziite in association
with fermenting microorganisms in organic-rich soil
domains suggests that reduction of As(III) may be due to
reducing products of microbial fermentative metabolism

(e.g., hydrogen, formate). Another mechanism of As(III)
reduction that may be theoretically suggested includes res-
pirative electron transfer to an extracellular acceptor. A
number of extracellular electron transfer mechanisms using
redox-active membrane proteins, conductive pili, and sol-
uble electron shuttles (e.g., quinones, flavines, ferredoxins)
have recently been documented (Lovley, 2012). The reduc-
tive potential of the electron shuttles is generally sufficient
for realgar and bonazziite biogenesis, since it usually
reaches values deeply below �300 mV in strict anaerobes
including clostridia (Stams and Plugge, 2009), which were
abundant in the As4S4-bearing NOM fragments.

4.3. Arsenic retention and reactivity

Arsenic, Fe, and S enrichment in NOM exteriors sug-
gests supply through an aqueous source with precipitation
on the NOM fragments. The Fe and As supply likely came
from reductive dissolution of As-bearing Fe (oxyhydr)ox-
ides and secondary arsenate phases (Drahota et al., 2018)
as well as the weathering of primary silicate minerals
(e.g., amphibole; Fig. S2). The reduction of Fe (oxyhydr)
oxides as a major mechanism for As mobilization in the
groundwater is consistent with proportion of dissolved Fe
(II) (20.0 ± 3.4 mg L�1; 97.3 ± 1.8% of aqueous Fetot)
and As(III) (340 ± 168 lg L�1; 76.2 ± 14.7% of aqueous
Astot) with respect to their total concentrations in the pore
water (Table S5). This is further supported by distinct dis-
solution features of crystalline Fe (oxyhydr)oxides
(Fig. 2c, d) surviving in very low amounts in the bottom
of the soil profile. Although the authigenic As sulfides
and arsenian Fe sulfide phases host appreciable As within
the water-saturated zone of the soil (�40 cm), and micro-
bial reduction has been proposed as the prominent mobi-
lization pathway for As and Fe in water-saturated soil, a
substantial fraction of the As is hosted by poorly-
crystalline Fe (oxyhydr)oxides. Moreover, it should be
noted that poorly-crystalline Fe(III) (oxyhydr)oxides are
more susceptible for reductive dissolution than crystalline
Fe (oxyhydr)oxides (Larsen and Postma, 2001; Bonneville
et al., 2004). These seemingly contradictory findings point
to dynamic redox-cycling in the shallow wetland soils,
which allow simultaneous (i) formation of Fe and As sulfide
phases as a result of microbial SO4

2� reduction, (ii) micro-
bial reduction of Fe(III) (oxyhydr)oxides, and (iii) precipi-
tation of poorly-crystalline Fe(III) (oxyhydr)oxide in
spatially close soil domains. Lateral variations in As and
Fe speciation has been demonstrated between the examined
soil profiles (i.e., variable amounts of oxalate-extractable Fe
and As at sites A and B); but the spatial redox variability in
the soil domains obviously occurs at significantly smaller
scales (lm to cm), as has been suggested by the different
proportions of the main metabolic traits of microbial com-
munities in NOM exteriors and the surrounding soil
(Table 1). A similar close proximity of reduced and
oxidized Fe and As species has been directly observed in
mining waste by Kerr et al. (2018), who found an intimate
association of authigenic realgar with As(III) trioxide and
Fe(III) (oxyhydr)oxides on the scale of a few tens of
microns.
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Realgar and bonazziite appear as the most efficient host
sulfide phase for As scavenging since these phases contain
approximately a two order greater concentration of As than
Fe sulfides. The greigite and pyrite sequestered little As,
containing on average 1.69 and 0.44 wt.%, respectively.
Realgar and probably bonazziite also appear as the most
efficient host phase for As scavenging since they are less
sensitive to oxidative dissolution than Fe monosulfides
and disulfides (Lenkge et al., 2009). At near-neutral pH
and an O2 partial pressure of �0.2 atm, the half-life of
authigenic realgar from the Gola di Lago wetland was
215 days, and a nearly complete oxidation was expected
within 4–7 years (Langner et al., 2014). Under similar con-
ditions, mackinawite was found to oxidize rapidly, with a
half-life from 29 to 60 min (Di Toro et al., 1996; Burton
et al., 2009). Greigite and pyrite are expected to be more
stable at lower pH values in more oxygenated environments
(Rickard and Luther, 2007). Recently, Moon et al. (2017)
demonstrated that there was little correlation between the
pH and the amount of oxidized greigite. They found that
after 4 days, across a pH range of 3.5–6.5, 20–85% of greig-
ite oxidized to Fe (oxyhydr)oxides and native S. Taken as a
whole, short-term falls of the water table in a wetland soil
will probably not cause oxidation of As sulfides, but can
potentially cause an oxidation-induced loss of As from Fe
monosulfides. While our findings imply that a relatively
large fraction of As is sequestered by poorly-crystalline
Fe (oxyhydr)oxides, the efficiency of pre-existing and
freshly formed Fe (oxyhydr)oxides to sequester As can be
limited, partly because of the reduced accessibility of Fe
(oxyhydr)oxide surfaces for As in undisturbed soil, which
may cause As solution concentrations to locally and tem-
porarily rise above the common background levels.

Our results show that effective sequestration of As in sul-
fide phases in the wetland soil is limited by the small pro-
portion and spotty distribution of environments suitable
for As sulfidation (i.e., exterior parts of NOM fragments).
These results further indicate that precipitation of As-
bearing sulfides in complex and heterogeneous environ-
ments such as soils in the Smolotely or Mokrsko natural
wetlands (Drahota et al., 2017) do not control dissolved
As concentrations in pore waters, and thus have a relatively
low potential for remediating As-bearing waters in natural
wetland systems. This finding is in contrast with laboratory
experiments, which have confirmed that As bioprecipitation
as a sulfide mineral phase removes almost all dissolved As
in anaerobic bioreactors (Rodriguez-Freire et al., 2015; Le
Pape et al., 2017). We assume that lowering of the redox
conditions in soil environments by the addition of labile
organic matter and/or deceleration of groundwater flow
(diffusion of solutes slow down) leads to more effective
sequestration of As via formation of As sulfide phases.

5. CONCLUSIONS

We identified extensive precipitation of realgar, bonazziite,
and arsenian Fe sulfides in a naturally As-enriched wetland
soil. Arsenic released during weathering of the granodiorite
bedrock leads to precipitation of secondary arsenate phases
and As-bearing Fe (oxyhydr)oxides in the overlying oxic soils

(Drahota et al., 2018).TheAs supply in thewetland soil results
from reductive dissolution of the oxidized secondary As
phases around the time of changes in the redox conditions
of water-saturated soil due to water table fluctuations.

Microbiological and S isotope results indicate that sulfide
phases were generated by in situ microbial reduction of oxi-
dized forms of S in the deeper (�40 cm), water-saturated soil.
Sulfidation of As is mainly associated with buried NOM
fragments at varying stages of decomposition. These NOM
fragments were primarily characterized by macroscopic yel-
low accumulations in their exterior parts that were composed
of realgar, bonazziite, and two minor and distinct mineral
forms of arsenian Fe sulfides: greigite and framboidal pyrite.
In the bulk soil, the sulfide phases were more diffusely and
sporadically distributed, and were associated with As-
bearing Fe(III) (oxyhydr)oxides displaying reductive disso-
lution textures and containing lowerAs concentrations when
compared to the Fe (oxyhydr)oxides in the uppermost sam-
ples (�40 cm).Microbiological and S isotope results indicate
that buried NOM fragments in the wetland soil represents
highly localized environments with mass-transfer limitations
on solute transport, where microbial sulfidogenesis leads to
SO4

2� depletion and an enrichment in isotopically heavy
SO4

2�, which in turn mutes the fractionation associated with
sulfide formation. It should be noted that the buried NOM
fragments are not the hotspots of SO4

2� reduction in the wet-
land soil, because they are depleted in SO4

2� reducers with
respect to the surrounding bulk soil. Substantial enrichment
of fermenting microorganisms in sulfide-rich NOM frag-
ments strongly indicates development of highly localized
strongly reducing conditions, which are suitable for the for-
mation and long-term persistence of sulfide phases. This
study demonstrated the intricate link between the geochem-
istry and hydrologic dynamics as well as the microbial com-
munity in wetland soils by providing a more sound
understanding of As sulfidation processes, and may poten-
tially lead the way for developing more effective remediation
strategies in constructed wetlands.
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• In situ incubation of organic matter in As-
enriched wetland soils over 15 months.

• As and Fe were observed to precipitate as
biogenic sulfides.

• Realgar and bonazziite were observed as
the main As-bearing sulfides.

• Reduced exchange of solutes caused over-
saturation with respect to AsS minerals.
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Arsenic incorporation into newly formed As sulfides has recently been identified as an important As sequestration
pathway in both laboratory experiments and natural As-wetlands. Here, we used an in situ experimental technique
with double nylon experimental bags (10-μm mesh) to study the effect of low-cost organic materials (sawdust, wood
cubes and hemp shives) on As sulfidation in three naturally As-enriched wetland soils under water-saturated (~1 m
depth) and neutral pH conditions. After 15 months of in situ incubation, all of the organic materials and their corre-
sponding inner bags were covered by yellow-black mineral accumulations, dominantly composed of crystalline
As4S4 polymorphs (realgar and bonazziite) and reactive Fe(II) sulfides (probably mackinawite); while the major frac-
tion of As (~80%) was sequestered as AsS minerals. The amount of As accumulation in the experimental bags varied
significantly (0.03–4.24 g As kg−1) and corresponded with different levels of As (0.23–9.4 mg As L−1) in the ground-
water. Our findings suggest an authigenic formation of AsS minerals in strongly reducing conditions of experimental
bags by a combination of reduced exchange of solutes through the pores of the bag and comparatively fast microbial
production of dissolved sulfide. Arsenic sulfide formation, as an effective treatmentmechanism for natural and human-
constructed wetlands, appears to be favored for As(III)-rich waters with a low Fe(II)/As(III) molar ratio. These condi-
tions prevent the consumption of dissolved As and sulfide by their preferential incorporation into natural organic mat-
ter, and newly-formed Fe(II) sulfides, respectively.

Keywords:
Arsenic
Organic matter
As sulfide
Fe(II) sulfide
In situ biomineralization
Bioremediation

1. Introduction

A high concentration of As in groundwater is widely acknowledged as
an environmental concern, due to its widespread occurrence and threat to
human health (Smedley and Kinniburgh, 2002; Nordstrom, 2002). Themo-
bility of As is closely linked to its speciation, involving both arsenate (As

Science of the Total Environment 819 (2022) 152008

⁎ Corresponding author.
E-mail address: petr.drahota@natur.cuni.cz (P. Drahota).

http://dx.doi.org/10.1016/j.scitotenv.2021.152008
0048-9697/© 2021 Elsevier B.V. All rights reserved.

Contents lists available at ScienceDirect

Science of the Total Environment

j ourna l homepage: www.e lsev ie r .com/ locate /sc i totenv



(V)) and the more mobile (and notably more toxic) arsenite (As(III)) spe-
cies. Under well-aerated (oxic) conditions, As(V) oxyanions are dominant
and tend to be sequestered by metal (oxyhydr)oxides, especially by Fe(III)
(oxyhydr)oxides. Under reducing conditions, soluble arsenic mostly occurs
as As(III) (e.g., arsenious acid), and its high concentration in groundwater is
generally acknowledged to be caused by the combination of (i) the micro-
bial dissolution of As-bearing Fe(III) (oxyhydr)oxides, (ii) the microbial re-
duction of As(V) to As(III), and (iii) a lower sorption affinity of mineral
surfaces for As(III) with the pH of most natural waters (Nickson et al.,
2000; Dixit and Hering, 2003; Islam et al., 2004). Arsenic concentrations
under reducing conditions of groundwater can be increased or lowered
by microbial sulfidogenesis (Kirk et al., 2004; Eberle et al., 2021), which
strongly affects As geochemistry through a variety of processes. Under
sulfate-reducing conditions, the soluble As(III) may either be sequestered
by co-precipitation with or adsorption on Fe sulfides such as pyrite
(FeS2), mackinawite (FeS), and greigite (Fe3S4) (Belzile and Lebel, 1986;
Wilkin and Ford, 2006; Lowers et al., 2007; Kirk et al., 2010; Burton
et al., 2014), precipitated as As-sulfides such as orpiment (As2S3), realgar
(α-As4S4) and bonazziite (β-As4S4) (Rittle et al., 1995; O'Day et al., 2004;
Langner et al., 2012; Drahota et al., 2017; Kerr et al., 2018; Falteisek
et al., 2020; Kumar et al., 2020), or bound via sulfhydryl groups to organic
matter (Langner et al., 2012; Hoffmann et al., 2012; Couture et al., 2013).
On the other hand, reduced S can reduce both Fe(III) and As(V), which
then drives As release into the aqueous phase (Rochette et al., 2000;
Poulton et al., 2004), or can play a key role in keeping As dissolved in the
groundwater by the formation of the highly mobile thioarsenic species
(Besold et al., 2018; Eberle et al., 2020, 2021).

A number of recent studies have proposed that precipitation of As-
sulfides can lead to massive As removal (up to ~100%) from solution
under a wide range of pH (3–8) (Newman et al., 1997; Demergasso et al.,
2007; Ledbetter et al., 2007; Lee et al., 2007; Battaglia-Brunet et al., 2012;
Rodriguez-Freire et al., 2014, 2016; Le Pape et al., 2017; Falteisek et al.,
2019), suggesting a potentially effective As remediation pathway for anaer-
obic subsurface environments (Alam and McPhedran, 2019). Rittle et al.
(1995) presented thefirst evidence that As-sulfides can be products ofmicro-
bial sulfate reduction, and subsequently this piece of information has be-
come the focus of research using microorganisms, instead of chemicals, to
precipitate As from groundwater, and as a suitable option for low-cost and
effective As treatment. For instance, Le Pape et al. (2017) incubated acid
mine drainage water with the indigenous microbial consortium, for
94 days under anoxic conditions, and documented the total removal of dis-
solved As (67 mg L−1) from solution in two of the triplicate batch experi-
ments. The arsenic precipitated as realgar (≤34%) and amorphous
orpiment (33–73%). Similarly, Rodriguez-Freire et al. (2016) observed
91% As removal from slightly acidic contaminated water (~75 mg As/L)
as a mixture of realgar and orpiment in a continuous anaerobic bioreactor.
The bioreactors were inoculated with an anaerobic mixed culture, obtained
from a full-scale bioreactor treating beer brewery wastewater.

Because most bioremediation studies performed under sulfate-reducing
conditions were conducted in laboratory batch and column experiments
(Alam and McPhedran, 2019), in this study we focused on naturally As-
enriched wetlands, resembling systems of artificially constructed anaerobic
wetlands, characterized by sulfate-reducing processes utilizing a passive
bioremediation approach. We used a double bag technique (10 μm mesh)
to simulate long-term (15months) interaction of low-cost organicmaterials
with indigenous sulfate-reducing microorganisms of three wetland soils
with naturally elevated As levels. The objective of this study was to deter-
mine the effect of organic matter incubation on As sulfidation in a natural
wetland system. The specific aims were to (i) quantitatively assess the in
situ accumulation of As in three low-cost artificial organic materials incu-
bated in three different natural geochemical subsurface systems, and (ii)
characterize themajor mechanisms of As sequestration.We took advantage
of well-documented wetland sites in the Czech Republic, which serve as ef-
fective sinks for As under reducing conditions due to the formation two As
sulfide polymorphs and arsenian iron sulfides (Drahota et al., 2017;
Knappová et al., 2019).

2. Materials and methods

2.1. Experimental setup

We used a modified experimental bag technique (Mihaljevič et al.,
2010; Ettler et al., 2012) for in situ incubation of (i) hemp shives, (ii) saw-
dust, and (iii) wooden cubes (5× 1× 1 cm) in the wetland soils. The saw-
dust and the cubes were made from partly decomposed alder trees (Alnus
sp.), which has been documented as a suitable carbon source for microbial
processes (Highley, 1995). Each of the types of organic matter (5±0.005 g
or 5 pieces of the wood cubes) were inserted into double experimental
nylon bags (Sefar AG NITEX, Switzerland; 10 μm mesh opening;
6 × 6 cm inner bag; 8 × 8 cm outer bag), and the bags were sealed by
welding. Chemical characterizations of each of these organic materials is
given in Table S1.

2.2. Field sites and sampling

The in situ incubations were examined from three wetland sites with
naturally elevated levels of As in the central part of the Czech Republic
(Fig. S1). Sites M1 (49°44′43″N, 14°20′01″E) and M2 (49°44′10″N, 14°20′
06″E) were located on the banks of a small creek at the Mokrsko geochem-
ical anomaly (Drahota et al., 2017). Experimental site S3 (49°37′31″N,
14°09′32″E) was situated nearby an abandoned mining site located nearby
the village of Smolotely (Fig. S1). Natural weathering and erosion of the
arsenopyrite-bearing Au mineralization in the bedrock has caused an en-
richment of As in soils (≥0.2 g kg−1) on an area of approx. 1 km2 at
Mokrsko and more than 3 km2 at Smolotely (Drahota et al., 2009; 2018).
Mineralogical and speciation analyses of As in wetland soils revealed that
As was mainly present as realgar at Mokrsko (Drahota et al., 2017) or
As4S4 polymorphs and arsenian Fe sulfides at Smolotely (Knappová et al.,
2019). Our previous studies showed that these authigenic sulfides accumu-
lated to a considerable extent (up to millimeter-scale deposits) in the exte-
rior parts of the particulate organic matter, implying a key role of the
particulate organic matter in As sulfidation.

Approximately one meter deep soil pits were excavated at each site and
the bottom soil was sampled for geochemical and mineralogical character-
ization. The soils were collected using a non-steel trowel, immediately
placed in Ar-purged zip-lock plastic bags, and stored at 4 °C under an
inert atmosphere. The experimental bags, with different types of natural or-
ganic matter, each in three replicates, were alternately inserted at a depth
of 1 m (Fig. S2), and introduced ~10 cm from the soil pit front, in order
to minimize the disturbance of the overlying soil structure. Subsequently,
the soil pits were filled with excavated soil matrix. After 15 months, the
bags were collected and immediately placed in Ar-purged zip-lock plastic
bags, and then stored at 4 °C under an inert atmosphere until their transport
to the laboratory. The external nylon bag, containing traces of the soil ma-
trix was discarded, and the internal bags (IB) with the natural organic ma-
terials (NOM) were freeze-dried and kept in anoxic conditions until their
separate analyses. Groundwater samples were repeatedly collected (n =
4) using tension lysimeters (SPE 20with a double 0.2 μmnylonmembrane)
that were installed at a depth of 1m, approximately 50 cm from the soil pits
(Fig. S2). The lysimeters were allowed to equilibrate with the groundwater
for 2 months before the first sampling.

2.3. Solid-phase characterization

Fresh soil samples were used for measurements of pH, Eh, and color de-
termination using a Munsell soil color chart. The soil pH and Eh were mea-
sured in degassed, deionized water suspensions (1:2.5; w/v) after 1 h of
agitation, using a calibrated pH electrode, Pt electrode, and WTW
multimeter. The particle size distributionwas determined by the hydrometer
method. An aliquot sample, used for geochemical and mineralogical charac-
terization, was freeze-dried, sieved (<2 mm), and milled to analytical fine-
ness and then stored in anoxic conditions. Homogenized soil samples were
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analyzed for total element concentrations by energy-dispersive X-ray fluores-
cence (XRF) spectrometry (ARL 9400 XP+, Thermo ARL).

Near-total chemical composition of the solidmaterials were determined
in three (soil, NOM) or two (IB) replicates by Lefort aqua regia digestion
(3:1, HNO3:HCl) on a hot plate. The digests were then analyzed by induc-
tively coupled plasma optical emission spectrometry (ICP-OES; Agilent
5100) or by quadrupole-based inductively coupled plasma mass spectrom-
etry (ICP-MS; Thermo Scientific XseriesII). The accuracy of the analytical
determinations were checked by triplicate measurements of NIST 2710a
(Montana I soil - Highly Elevated Trace Element Concentrations) and
NIST 2711 (Montana II soil - Moderately Elevated Trace Element Concen-
trations) standard reference materials; and were found to be ≤5% of the
relative standard deviation (RSD) for As, and ≤12% for Fe (Table S2).
Total C, N, S, and inorganic carbon (TIC) were determined in triplicate
(soil, IB) or duplicate (NOM) using elemental analyzers (Thermo Flash
2000, Eltra SC 500, and CS-530). Total organic carbon (TOC) was deter-
mined by subtracting the TIC from the total amount of C present.

Three single chemical extraction procedures were carried out immedi-
ately after the freeze-drying of each of the solid materials (IB, NOM, and
soil). Readily soluble As was determined by extracting samples in deoxy-
genated 0.05 mM (NH4)2SO4 for 4 h (Wenzel et al., 2001), and exchange-
able As was determined by extracting samples in deoxygenated 0.1 M
NaH2PO4 buffered to pH 5.5 for 16 h (Keon et al., 2001). Arsenic bound
to poorly crystalline Fe (oxyhydr)oxides was targeted with an extract of
0.2 M NH4-oxalate (2 h in dark) (Keon et al., 2001). All extractions were
conducted in triplicate (soil, NOM) or duplicate (IB). After centrifugation
and filtration (0.2-μm nylon pore filter), all extracts were analyzed using
ICP-OES or ICP-MS. Tests of the phosphate and oxalate solutions on nano-
crystalline orpiment (synthetic As2S3; 99.9%, Alfa Aesar) and well-
crystalized realgar (Mineralogical Museum of Faculty of Sciences, Charles
University, Prague) revealed the utility of phosphate and oxalate for differ-
entiating As associated with poorly crystalline Fe (oxyhydr)oxides and As
sulfides. The extractions recovered <0.33% of the As from the sulfide
phases, in accord with the results of Paul et al. (2009).

The mineralogical investigations of the soil and incubated materials (IB
and NOM)were assessed by powder X-ray diffraction (XRD), scanning elec-
tron microscopy with an attached energy dispersive X-ray spectrometer
(SEM-EDS), and analysis by Raman micro-spectroscopy (RMS). X-ray
diffractograms were collected on a PANalytical X'Pert Pro diffractometer
(conditions: Cu Kα radiation, 40 kV and 30 mV, 2θ range 5 to 70° or 80°,
step 0.02° and 400 s (IB), (or step 0.01° and 350 s (soils)) using an
X'Celerator detector). The surface of the NOM and the IB were examined
by a TESCANVEGA scanning electronmicroscopy equippedwith anOxford
Link X-Max 50 EDS. The elemental composition of mineral phases in the
NOM (prepared as polished sections) were determined using a JEOL
JXA8530F electron probe microanalyser (EPMA) equipped with a field
emission gun source for SEM imaging and EDS analysis (JEOL JED-2300F
spectrometer). The operating conditions were 15 kV, with a beam current
of 1.5 nA and 20 nA for EDS and EMPA quantitative analysis, respectively.
RMS analyses of the mineral phases were performed using a Renishaw
InVia Reflex Raman spectrometer coupled with a Leica microscope using
a 50× objective. Excitation was either provided by the 514.5 nm or
785 nm line of a diode laser for the non-sulfide and sulfide phases, respec-
tively. The spectrum of eachmineral was recorded at 0.1–5% laser power to
avoid thermal degradation over the spectral range of 100–900 cm−1.

2.4. Groundwater analyses

Groundwater samples were immediately analyzed in the field for tem-
perature, Eh, pH, dissolved S2−, Fe(II), and total Fe using a portable
WTWmultimeter and DR3900 spectrophotometer (Hach Lange). Dissolved
sulfides were analyzed by the methylene blue method (Hach method
8131), and Fe(II) concentrations were determined using the Hach 1,10-
phenanthroline method. Total Fe was determined by the samemethod, fol-
lowing pre-reduction of dissolved Fe(III) by ascorbic acid. Samples for
major cation and trace element analyses were acidified with HNO3

(suprapure, Merck); a sample aliquot for aqueous As speciation analysis
was preserved by adding 0.1 M EDTA-Na2 solution to a concentration of
1 mM (Bednar et al., 2002). The major and minor cations as well as trace
elements were determined using ICP-OES and ICP-MS. The major anions
were determined using a Dionex ICS-2000 ion chromatography system. Bi-
carbonate was calculated from the alkalinity, and measured by
microtitration (Schott TitroLine Easy automatic titrator) with 0.05 M HCl.
The analyses of aqueous arsenite and arsenate were performed by anion ex-
change HPLC-ICP-MS (Agilent 1200 Series HPLC isocratic pump, and
Agilent 7700× mass spectrometer). Recovery of the sums of As(III) and
As(V) in the groundwater, compared to total As content, determined by
ICP-OES, were 89–102%.

3. Results and discussion

3.1. Characteristics of wetland sites

The Eh and pH values were relatively similar, indicating the soil condi-
tions moderately reducing (Eh between −38 and 8 mV) and near neutral
(pH: 6.39 to 6.67) at all of the studied sites. The soils (classified as Dystric
Gleysols) were characterized by different concentrations of As
(110–3320mg kg−1), Fe, S, and TOC (Table 1). The highest concentrations
of As, S, and TOC were detected in the M1; the lowest concentrations of
these elements were documented in the S3. Concentrations of Fe displayed
the exact opposite trend for As, S, and TOC, with the highest content in the
S3, and the lowest in the M1. Concentrations of potentially hazardous
metals (Co, Cu, Ni, Pb, Zn) were always low (≤40 mg kg−1) (Table S3).

The soil samples were mainly composed of quartz, plagioclase, amphi-
bole, and phyllosilicate minerals (chlorite, illite, and/or muscovite). XRD
detected realgar in the M1 soil (Fig. S3), which is in accordance with the
frequent visual detection of yellow sulfide accumulations in this soil, com-
posed primarily of authigenic realgar (Drahota et al., 2017). Sporadic yel-
low accumulations of AsS phases were also detected in the S3 soil, but no
sulfide minerals were detected in the soils using XRD (Fig. S3), indicating
the abundance of AsS phases below the detection limit of the XRD (ca.
0.1 wt% for crystalline compounds). No sulfide minerals were identified
in the M2 soil using XRD nor visually. These findings are in accordance
with the oxalate extraction results, indicating that a high As fraction
(~30% of the total As) in the M2 and S3 soil samples is bound to the
poorly-crystalline Fe(III) (oxyhydr)oxides; in contrast, this fraction is low
(7% of the total As) in the realgar-rich M1 sample (Table S4).

All groundwater samples were near-neutral and suboxic, with similar
SO4

2− (80–159mg L−1) concentrations between the sites; but with different
As (0.36–10.1mg L−1) and Fe (1.7–27.8 mg L−1) concentrations (Table 1).
Corresponding with the bulk soil contents, high As levels in the groundwa-
ter were accompanied by low Fe concentrations (M1 site), and vice versa (S
site), documenting the variable Fe/As molar ratios between the sites: ~0.5

Table 1
Composition of soil and groundwater in the wetlands.

M1 M2 S3

Soil
(g kg−1)

As 3.32 0.46 0.11
Fe 13.0 17.3 38.2
S 2.87 1.10 0.51
TOC 69.6 12.4 4.86

Groundwater
n = 4 (mg L−1)

Eh [mV] 136 ± 8 171 ± 5 135 ± 6
pH 7.14 ± 0.1 7.05 ± 0.1 7.03 ± 0.1
Astota 9.86 ± 0.1 1.00 ± 0.1 0.45 ± 0.2
Fetota 3.3 ± 0.9 7.18 ± 0.5 20.5 ± 4
Ca 66.6 ± 0.6 74.9 ± 2 53.5 ± 3
Na 32.8 ± 14 23.1 ± 1 15.0 ± 0.5
Mg 10.2 ± 0.2 17.3 ± 0.3 17.7 ± 1
Mn 2.2 ± 0.0 0.27 ± 0.01 3.0 ± 0.2
Cl 25.1 ± 1 52.3 ± 5 11.5 ± 3
HCO3 122 ± 42 194 ± 4 137 ± 20
SO4 136 ± 10 84.8 ± 5 135 ± 14
S2− 0.08 ± 0.00 0.03 ± 0.00 0.05 ± 0.00

a As and Fe predominate in their reduced forms (AsIII > 72%, FeII > 95%).
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in M1, ~10 in M2, and ~50 in S3. Arsenic and Fe occurred predominantly
in their reducing forms (As(III) > 72%; Fe(II) > 95%), while the reducing
form of S (aqueous sulfide) only occurred in a negligible fraction of the
total S (<0.2%) (Table S5).

3.2. Chemical characteristics of incubated materials

All experimental bags collected from the soil after 15 months of incuba-
tion were covered by newly-formed yellow and black precipitates (Fig. 1),
which occurred on all inner bags and locally on the surface of the NOM.
During freeze-drying, the black precipitates changed to a rusty brown
color (Fig. S4), indicating oxidation of the highly-reactive initial black
phases to Fe(III) (oxyhydr)oxides. The yellow deposits remained intact
throughout the processing of the samples.

Chemical analyses of both the NOMand IB showed that the deposits are
composed of variable amounts of As, Fe, and S (Fig. 2), which chemically
corresponded to the natural accumulations of authigenic As and Fe sulfides
associated with NOM fragments previously documented in the wetland
soils in this study (Drahota et al., 2017; Knappová et al., 2019) as well as
in differentmine environments (Kerr et al., 2018; Falteisek et al., 2020). Ar-
senic concentrations in the NOM and IB ranged from 30 mg kg−1 in the S3
site to 4320 mg kg−1 in the M1 site (Table S6). While the As accumulation
in the NOM and IB corresponded with the different levels of As in the wet-
lands (M1 >M2 > S3), Fe accumulation in the incubated materials (Fig. 2)
did not follow the increasing Fe levels fromM1 to S3 wetlands (Table 1). In
addition to these elements, Al also displayed a high content in the incu-
bated materials (up to 2700 mg kg−1); its accumulation was ascribed to al-
logenic clay minerals that were transported from the surrounding soil via
the groundwater. The tracemetals exhibited negligible or no accumulations
(IB:≤7.0 mg Cu kg−1, ≤2.7 mg Pb kg−1, and ≤14.5 mg Zn kg−1).

The chemical compositions of the incubated materials indicated some
trends (Fig. 2). Accumulations of As, Fe, and S were usually higher in the
IB (up to 40× for As, 6× for Fe, and 22× for S) than in the corresponding
NOM; with the exception of Fe and S levels in the sawdust incubation in the
M2 and S3 sites, which displayed slightly higher values in the NOM
(≤1.7×). The highest accumulations of As, Fe, and S in the NOMwere al-
ways documented in the sawdust, while the lowest As and Fe increments
were frequently found in the wood cubes (Table S6). Given the fact that
the sawdust and wood cubes were prepared from the same material
(Alnus sp.), the accumulation efficiency for As, Fe, and S is not primarily in-
fluenced by the NOM type, but rather is linked to morphological properties

of the NOM such as specific surface area and porosity. Interestingly, the
chemical compositions with the IB showed almost the opposite trend for
As, with the lowest As concentrations in the sawdust (Fig. 2b). The highest
concentrations of Fe and S were detected in the IB with the shives.

3.3. Mineralogy of incubated materials

Identification of the mineral phases in the As-Fe-S deposits using XRD
analysis was hindered by high background levels caused by cellulose
(NOM) and nylon (IB). The high backgrounds masked all diffraction
peaks in the NOM (spectra not shown), and enabled identification of real-
gar and bonazziite as the major authigenic crystalline phases of the As-Fe-
S deposits on the IB from the M1 and M2 sites (Fig. S5). Quartz, kaolinite,
and muscovite/illite in the XRD patterns probably represent an
allochtonous admixture from the surrounding soils. Occurrence of claymin-
erals corresponded with relatively high Al contents in the IB (Table S6).

Examination of the As-Fe-S deposits using SEM-EDS, EMPA, and RMS
revealed that the mineralogical composition was similar across all samples
and study sites. The deposits were composed of nearly stoichiometric As-S
phases; with Fe (oxyhydr)oxides, and pure sulfur in different proportions.
The yellow deposits were dominated by AsS phases, which were identified
as realgar or bonazziite (Figs. 3, and 4a, b). The AsS polymorphs primarily
occurred as massive aggregates of skeletal crystals (Figs. 3b, d, and S6a);
suggesting their rapid formation from highly saturated conditions. Arsenic
sulfides also created filamentous aggregates (Fig. S6b) that have commonly
been documented in laboratory experiments (Lee et al., 2007; Le Pape et al.,
2017) as well as in field sites (Knappová et al., 2019; Falteisek et al., 2020).
The oxidized rusty brown precipitates that formed from initial black coat-
ings during freeze-drying (cf. Figs. 1 and S4), were dominated by Fe
(oxyhydr)oxide; native sulfur and realgar or bonazziite filaments occurred
as minority constituents (Fig. 3e). Most of EMPA and EDS analyses of Fe
(oxyhydr)oxides detected relatively high contents of S (≤5.4 wt%) and
As (≤2.9 wt%). The RMS analyses of S-rich domains indicated that the S
exists as native S (Fig. 4c), probably occurring in nano-sized coprecipitates
with the Fe (oxyhydr)oxides. Only a few of the RMS spectra contained
bands of pure Fe (oxyhydr)oxides; all of them corresponding to poorly-
crystalline ferrihydrite (Fig. 4d). This finding is consistent with oxalate ex-
traction results (Table S4), revealing poorly-crystalline Fe (oxyhydr)oxides
as the major Fe phase for the NOM (60–97% of the total Fe) and IB
(32–88% of the total Fe). In contrast, high sulfate- and low oxalate-
extractable As fractions (Table S4) indicate that Fe (oxyhydr)oxides seques-
tered a relatively low As fraction (x ̅ ± σ: 11 ± 8%; sulfate fraction
subtracted from oxalate fraction); a relatively high As fraction is mobile
(x̅± σ: 12 ± 4%), and the major As fraction (x̅± σ: 77 ± 10%) is seques-
tered by As sulfides. Examination of the deposits by SEM-EDS showed that
native S was also present as individual orthorhombic crystals (up to 10 μm
long) embedded in a fine Fe (oxyhydr)oxide matrix (Fig. 3e). This mineral-
ogical assemblage has repeatedly been documented as the typical oxidation
product of Fe monosulfides (Burton et al., 2006) including black-colored
mackinawite (Burton et al., 2009). Formation of the oxic Fe and S phases
from the initial black deposits of Fe monosulfides on the bags and OM ma-
terials during the sample processing (freeze-drying) is consistent with the
extremely rapid oxidation kinetics of Fe monosulfides (Di Toro et al.,
1996; Burton et al., 2006, 2009). The newly-formed Fe sulfide phases also
included rare equidimensional and equimorphic Fe disulfide crystals of
~1 μm in size (Fig. S6d). Other rare authigenic mineral phases identified
in the deposits include CuS and FeAs2 (Fig. S6c, e), probably corresponding
to covellite and löllingite, the most common CuS and Fe-As phases formed
in low-temperature conditions (Tazaki et al., 2003; Gramp et al., 2006;
Alsina et al., 2014; Mansor et al., 2019).

3.4. Immobilization of As by sulfide precipitation

TheNOM in the experimental bags sequesteredAs asAs4S4 polymorphs.
This is completely in line with recent studies on microbial sulfidogenesis of
organic matter in soils and mine wastes; with laboratory batches and

Fig. 1. Experimental double bagswith NOM (hemp shives, wooden cubes, sawdust)
after their incubation in the Mokrsko (M1) wetland. Note the characteristic yellow
(AsS phases) and black (FeS phases) precipitates formed on the inner bag and on the
surface of the NOM.
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columns reporting that these species are the primary end products of sulfate
reduction in As-enhanced environments (Rodriguez-Freire et al., 2016;
Drahota et al., 2017; Le Pape et al., 2017; Kerr et al., 2018; Falteisek
et al., 2019; Knappová et al., 2019; Falteisek et al., 2020). It appears that
the abundance of microbially available organic C within the experimental
bags stimulated sulfate reduction within and along the IB to produce aque-
ous sulfide, and fermentation to amplify reducing conditions (Drahota
et al., 2017; Falteisek et al., 2019; Knappová et al., 2019). The sustained

sulfide supply initially drove formation of mackinawite; leading to a de-
crease in the aqueous Fe(II) (Rickard and Morse, 2005), and possibly to
the adsorption of a small As fraction (Wolthers et al., 2005; Vega et al.,
2017). The maximum pool of adsorbed As likely corresponded to the As
fraction recovered frompoorly-crystalline Fe (oxyhydr)oxide (mackinawite
oxidation products) by oxalate (x̅± σ: 11± 8%). The relative lack of aque-
ous Fe(II) in the presence of the relatively high aqueous sulfide and As then
induced the precipitation of AsS mineral phases (O'Day et al., 2004). We

Fig. 2.Concentration of As, Fe, and S in the organic materials and inner bags after 15months of incubation in theMokrsko (M1,M2) and Smolotely (S3) wetlands: (a) natural
organic materials (sawdust, hemp shives, and wooden cubes), and (b) corresponding inner bags. The dashed line represents the background concentrations in the natural
organic materials (a) or inner bag (b).

Fig. 3. SEM analyses of themineral phases in As-Fe-S deposits precipitated on the surface ofNOMand IB over the 15months of incubation in thewetland soil. SEM images of a
typical region with a high concentration of arsenic sulfide (AsS) on the NOM (a) and IB (c) from the M1 site. The detailed SEM images (b, d) and EDS analysis (EDS1) show
aggregates of AsS skeletal crystals. SEM image (e) and EDS spectrum (EDS2) of Fe (oxyhydr)oxide (HFO) and native sulfur (S).
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only found evidence of As4S4 mineral polymorphs (realgar and bonazziite),
which is consistent with the lower solubility of realgar at neutral to alkaline
pH in comparison to orpiment (Wilkin et al., 2003). Additionally, there was
also evidence of low-temperature formation of As4S4 polymorphs in many
natural environments (Langner et al., 2013; Drahota et al., 2017; Kerr
et al., 2018; Knappová et al., 2019; Falteisek et al., 2020).

Formation of AsS mineral deposits in all experimental bags is consistent
with amodel for AsSmineral precipitation on the exterior parts of the NOM
fragments in highly heterogeneous and complex natural systems, such as
organic-rich soil and mine waste (Langner et al., 2013; Drahota et al.,
2017; Kerr et al., 2018; Knappová et al., 2019). In this model, buried
NOM fragments represent highly localized environments with mass-
transfer limitations on solute transport, and where microbial sulfate reduc-
tion and fermentation developed the highly reducing conditions that led to
sufficiently long-term oversaturation with respect to As sulfides. The fact
that AsS mineral deposits formed in all of the experimental bags, including
those from the M2 site (free of AsS phases in the soil) suggests that oversat-
uration conditions developed as a result of the reduced exchange of solutes
through the bag's pores. It is likely that the exchange of solutes gradually re-
duced over the incubation period, as a consequence of FeS precipitation
causing pore clogging (Fig. 3c). The other possible roles of the bags (e.g.,
holder or template) in precipitation of sulfide minerals are implausible, be-
cause formation of sulfide deposits was restricted to inner bags. Outer bags
that limited transport of solutes were free of sulfide minerals.

This model of AsS mineral formation is not fully consistent with the re-
cent findings of Kumar et al. (2020), who documented the formation of

realgar in aquifer sand, around the organic-rich clay lenses, which incorpo-
rated all As into NOM, probably through sulfhydryl groups. It appears that
these contradictory observations are related to a combination of preferen-
tial As incorporation into the NOM, relative to AsS mineral precipitation
(Langner et al., 2012; Couture et al., 2013; Besold et al., 2018) and to differ-
ent As levels in the studied systems. The low concentrations of As in the col-
umn experiments (≤42 μg L−1 in the aqueous phase) of Kumar et al.
(2020) were fully complexed with NOM, while an excess of dissolved As
relative to the number of its binding sites to the NOM in our experimental
sites (450–9860 μg L−1 in the aqueous phase) and several other natural sys-
tems (always≥300 μg L−1 in the aqueous phase) led to AsSmineral precip-
itation (Langner et al., 2013; Drahota et al., 2017; Knappová et al., 2019). It
should be noted that sorption affinity of As(III) to NOM under neutral pH
conditions, such as those in the Mokrsko and Smolotely wetlands
(Table 1), is low; and this affinity is additionally reduced for highly mobile
thioarsenates (Besold et al., 2018; Eberle et al., 2020) that often dominate
in sulfidic waters (Stauder et al., 2005; Stucker et al., 2013; Besold et al.,
2018). These findings would match the surprisingly high fraction of readily
soluble (sulfate-extractable) As in the incubated materials (Table S4), and
very high concentrations of As(III) in the groundwater (Table 1) that even
increased in the soil horizons rich in NOM (Drahota et al., 2017).

3.5. Implications for As remediation

With the example of our in situ experiment, we have been able to show
that the widely investigated process of As sulfidation can specifically be ap-
plied as a passive bioremediation approach at artificially-constructed an-
aerobic wetlands that are often preferred option for the treatment of
contaminated net acid waters with relatively low concentration of solutes
(Lottermoser, 2010). The incubation of low-cost organic materials, such
as wood particles, sawdust, and hemp shives, which act as suitable electron
donors formicrobial metabolism, and represent a redox partner for electron
acceptors like sulfate (Waybrant et al., 1998; Zagury et al., 2006), caused
sequestration of As through the precipitation of realgar and bonazziite on
the NOM exteriors. Precipitation of crystalline As sulfides appears to be a
suitable treatment process for the removal of As from contaminated anoxic
waters, because (i) they contain approximately a two order greater concen-
tration of As than of Fe sulfides, (ii) they are substantially less sensitive to
oxidative dissolution than Fe sulfides are (Di Toro et al., 1996; Burton
et al., 2006, 2009; Langner et al., 2014; Drahota et al., 2021), and (iii)
they can completely remove aqueous As under optimal conditions (Le
Pape et al., 2017). Despite these potential benefits for remediation, this
treatment method has significant drawbacks limiting its extensive applica-
tion in constructed wetlands. The presence of high Fe(II) concentrations in
the water, which is common for anoxic or acidic As-rich waters (Smedley
and Kinniburgh, 2002), is expected to efficiently remove dissolved sulfide
from solution, and thereby minimize direct interactions between dissolved
As and sulfide. Excess sulfide in solution is preferentially incorporated into
the NOM, forming sulfhydryl groups, which provide binding sites for As, es-
pecially at low pH (Hoffmann et al., 2012; Langner et al., 2012). At neutral
to alkaline pH, As is highly mobile due to formation of thioarsenates
(Besold et al., 2018; Eberle et al., 2020). All of these findings indicate
that AsS mineral formation in organic-rich systems is likely limited by dis-
solved As(III) and sulfide concentrations, or inhibited by high Fe(II) in solu-
tion. In practice, immobilization of As as AsS mineral phases in constructed
wetlands would likely only be efficient for sulfide-rich waters with high As
(III) concentrations and a low Fe(II)/As(III) ratio. Nevertheless, our results
demonstrated that AsS minerals can precipitate in natural systems with rel-
atively variable dissolved As(III) concentrations (0.23–9.4 mg L−1) and Fe
(II)/As(III) molar aqueous ratios (0.5–80) that correspond to many natural
waters with elevated As concentrations as well as mine effluents (Williams,
2001; Smedley and Kinniburgh, 2002).

Our results also indicated that the hydraulic properties of the substrate
represent another key parameter for AsS formation inwetland systems. Pre-
vious studies have documented the formation of AsS deposits on the exte-
riors of NOM fragments that are characterized by steep chemical and

Fig. 4.Raman spectra ofmajormineral phases in theAs-Fe-S deposits obtained from
the NOM (a, b) or IB (c, d).
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microbial gradients due to diffusion-limited mass transfer between the mo-
bile (soil) and immobile (NOM fragments) pore water regions (Rezanezhad
et al., 2016; Drahota et al., 2017; Knappová et al., 2019). Precipitation of
AsS mineral phases in the incubated materials, particularly IB, suggests
that the outer bags played a similar role as immobile regions for the NOM
fragments in developing and keeping the redox gradients by pore-scale
mass-transfer limitations. All these findings imply that wetland systems
would (at least locally) achieve oversaturation with respect to AsS minerals
under a specific hydrological and biogeochemical regime, which requires
sufficiently fast microbial production of dissolved sulfide compared to
water flow velocity and related migration of solutes. It seems that not
only the hydraulic properties, but also the organic material source, should
be considered as an important parameter influencing the sulfate reduction
rate in wetland systems. It has been proven by many studies that mixtures
of several natural organic materials, both organic (animal manure, com-
post) and cellulosic (wood chips, sawdust) wastes, display better results in
sulfate reduction and metal removal than a single organic source
(Waybrant et al., 1998; Zagury et al., 2006), such as those used in this
study.

Increasingly detailed information about low-temperature AsS formation
in subsurface environments is becoming available, including the role of mi-
crobial activity, organic-rich domains, and the chemical compositions of
the maternal solutions (Drahota et al., 2017; Knappová et al., 2019;
Kumar et al., 2020). However, additional studies are required to predic-
tively relate this information to effective As sequestration within newly-
formed AsS phases in passive treatment systems such as constructed wet-
lands or peatlands. In particular, our understanding of how the spatial het-
erogeneity and hydraulic properties of the porous structure of soil or peat
affect solute transport, sulfate reduction rate, and accompanying AsS for-
mation remains fairly limited. Furthermore, the initial hydraulic properties
of anaerobic treatment systemsmay decrease over time as a consequence of
physical consolidation, NOM decomposition, and sulfide precipitation
causing pore clogging (Rockhold et al., 2002; Rezanezhad et al., 2016).
Thus, future research should focus on exploring the optimal hydraulic prop-
erties of organic-rich substrates that would provide AsS formation as an ef-
fective and long-term treatment method for As in constructed wetlands.

4. Conclusion

The experimental bag technique was used to simulate the interaction of
natural organic matter with the indigenous sulfate-reducing microorgan-
isms of three As-enriched wetland soils, with a special emphasis on As im-
mobilization by the newly formed sulfide phases. A 15 months in situ
incubation of low-cost organic materials (sawdust, wood cubes, and hemp
shives) in pH-neutral soils with contrasting As and Fe concentrations (As:
0.45–9.9 mg L−1; Fe: 3.3–21 mg L−1) in the groundwater resulted in pre-
cipitation of As and Fe sulfides in all types of organic materials and all of
the studied wetland sites. The newly-formed sulfide accumulations formed
on the surface of organic matter and inner bags, and consisted mainly of
crystalline realgar, bonazziite (both As4S4), and reactive Fe(II) sulfides
(probably mackinawite). Rare authigenic minerals, only detected in one
or two grains, included pyrite, covellite and löllingite. The fraction of As
bound to AsS polymorphswas always high (~80%). The remaining As frac-
tionwas probably bound to Fe(II)monosulfides and correspondedwithmo-
bile thioarsenic species.

We propose that formation of sulfide minerals in the experimental bags
was promoted by reduced exchange of solutes through the pores of the bags
as well as comparatively fast microbial production of dissolved sulfide stim-
ulated by organic matter within the bags. Although the AsS mineral forma-
tion is inhibited by aqueous Fe(II), and limited by dissolved As(III) and
sulfide due to their preferential incorporation into other solid substrates
(organic matter and Fe(II) sulfides), our results documented precipitation
of AsS minerals in organic-rich natural environments with relatively low
As(III) (≥0.23 mg L−1) and high Fe(II)/As(III) molar ratio (≤80) in the
groundwater. These findings indicate that a bioremediation process relying
on the mechanism of AsS precipitation offers the potential to promote

removal of As frommany contaminatedwaters and effluents. However, fur-
ther study of the optimal hydraulic properties of the organic-rich substrates
providing the long-term AsS precipitation is important to better understand
the feasibility of this process in treatment systems such as constructed wet-
lands.
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� Sulfidic wetland soils were flooded
and dried for three months.

� Arsenic is preferentially released
from arsenian Fe sulfides.

� Fe(III) (oxyhydr)oxides sequestered
most of the released As, Co, Cu, Ni.

� Acidification of soils resulted in the
pH-dependent release of the metal(-
loid)s.
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a b s t r a c t

In this study, two Czech wetland soils enriched in authigenic sulfide minerals (especially realgar) were
collected from the saturated zone (60e100 cm), flooded with local groundwater and allowed to dry for
up to 98 days. The objective was to examine the mobility of As, Fe, S and trace metals using selective
chemical extractions, S isotopes and X-ray diffraction through the drying process. During the initial stage
of incubation (~20 days), the re-flooding of the soils triggered a microbially-mediated SO4

2� reduction,
which immobilized the Co, Cu and Ni. The reductive dissolution of As-bearing Fe (oxyhydr)oxides and the
release of As were documented only in the Fe-rich/organic-low soil. Over the next stage of incubation
(~75 days), the exposure and drying of the soils led to the oxidation of the Fe and As sulfides. The arsenic
and trace metals released via oxidation of the sulfide phases (particularly Fe sulfides) were almost
entirely sequestered by the Fe(III) (oxyhydr)oxides, but acidification during the oxidation stage of the
incubation resulted in the pH-dependent release of the As and trace metals (Co, Cu, Ni) (especially in the
Fe-rich/organic-low soil). These findings suggest that sulfidic soils in wetlands can be considered as long-
term sources of As during major drought events.

© 2021 Elsevier Ltd. All rights reserved.

1. Introduction

Wetland soils are sensitive biogeochemical systems that are

characterized by highly variable soil redox conditions that sustain a
complex pattern of biogeochemical cycling of redox-sensitive,
potentially hazardous metal(loid)s like As (Wilkin and Ford,
2006; Root et al., 2009; Langner et al., 2013; Drahota et al., 2017).
The environmental fate and transport of As in these soils is pri-
marily linked to the redox cycling of iron and sulfur (Edenborn
et al., 1986; La Force et al., 2000; Blodau et al., 2008; Weber et al.,
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2010; Yamaguchi et al., 2011; Parsons et al., 2013; Langner et al.,
2014; Huang et al., 2016). In oxic soils, As predominates in its þ5
oxidation state, As(V), in the form of arsenate oxyanions (H2AsO4

�,
HAsO4

2�). The high affinity of As(V) for Fe(III) (oxyhydr)oxides may
effectively immobilize aqueous As. When flooding occurs or a rise
in groundwater table happens, soils become anoxic and aqueous As
concentrations commonly reveal a drastic increase (Hess and
Blanchar, 1977; Blodau et al., 2008; Burton et al., 2008; Weber
et al., 2010). The arsenic behavior here may be also affected by
the microbial SO4

2� reduction. Aqueous sulfide can promote the
mobilization of As through the formation of thioarsenicals (Stucker
et al., 2014). Aqueous sulfide can also immobilize the As by facili-
tating the precipitation of the As sulfide and Fe sulfide minerals
(Belzile and Lebel, 1986; Rittle et al., 1995; O’Day et al., 2004) or its
binding to the sulfhydryl groups of organic matter (Hoffmann et al.,
2012; Langner et al., 2012).

We recently investigated the solid phase speciation of As in two
naturally As-enriched wetlands (3600e21000 mg As kg�1 at
Mokrsko and 110e1160 mg As kg�1 at Smolotely) in central Czech
Republic (Drahota et al., 2017; Knappov�a et al., 2019). The bulk X-
ray absorption spectroscopy (XAS) revealed that the As at Mokrsko
was dominantly (�71%) sequestered by authigenic realgar (a-
As4S4) (Drahota et al., 2017), locally forming monomineralic de-
posits on the fragments of natural organic matter (NOM). Authi-
genic AsS polymorphs (realgar and bonazziite (b-As4S4)) and
arsenian Fe sulfides (pyrite (FeS2) and greigite (Fe3S4)) were also
identified as the dominant As mineral phases associated with the
NOM fragments at the Smolotely wetland (Knappov�a et al., 2019).
Besides the verification of As sulfides in the soil of the wetlands,
microscopic and spectroscopic analyses revealed the presence of
As(III/V) sorbed and/or coprecipitated to Fe(III) (oxyhydr)oxides
(Drahota et al., 2013, 2017, 2018; Knappov�a et al., 2019). The
coexistence of these As phases was attributed to the authigenic
formation of sulfides in strongly reducing microenvironments, and
nonequilibrium conditions induced by a fluctuating water table
(Drahota et al., 2017; Knappov�a et al., 2019).

Summer droughts and associated lowwater tables in freshwater
wetlands lead to strong changes in the redox conditions (Seybold
et al., 2002; Mansfeldt, 2003; Vorenhout et al., 2004). These peri-
odic soil drainages may cause the oxidation of the sulfide mineral
phases (Burton et al., 2006; Langner et al., 2014), providing wet-
lands with As-bearing sulfides potential sources for As. The major
objective was to test whether the medium-term oxidizing condi-
tions in the As sulfide-bearing Mokrsko and Smolotely wetland
soils contribute to mobilization of As, as was shown for a high-As
(�280 mg As kg�1) peatland (Langner et al., 2014), or conversely,
if metal (oxyhydr)oxides cause an As immobilization, as was
documented for a peat soil with low As (�25 mg As kg�1) (Blodau
et al., 2008). The specific aims of this study were to (i) elucidate the
short-term temporal dynamics of the As and trace metals fractions
and their coupling to other redox processes in the soils (ii) assess
the influence of the soil variables (e.g., organic matter content, total
As content, different proportion of Fe sulfides), on the dynamics of
the As and trace metals, and (iii) identify the potential importance
of the sulfide oxidation for the S, Fe and As dynamics.

2. Materials and methods

2.1. Soil sampling

Wetland soils were collected from two naturally contaminated
geochemical anomalies in Czech Republic (Mokrsko: 49�44043"N,
14�20001"E; Smolotely: 49�37031"N, 14�9032"E) known to contain
high levels of As bound in biogenic sulfides (Drahota et al., 2013,

2017; Knappov�a et al., 2019).
In May 2018, 1 m deep soil pits were excavated in both wetland

sites (Fig. S1) to obtain soil samples from the saturated zone
(60e100 cm) affected by thewater table fluctuation. Approximately
17 kg of wet soil from this depth interval was sieved (<2 mm) and
moved to an experimental container (40 cm length, 34 cm width
and 17 cm height), where the samples were thoroughly homoge-
nized bymixing with a plastic spatula. The soils were saturated and
covered with groundwater (water depth 0.5 cm) collected at the
same time by near suction lysimeters (~3 m distance from the pit
and 1 m depth). All these processing operations were performed in
the field immediately after the collection of the samples (within
90 min). The containers were then transported to the laboratory
and kept in the open air at a laboratory temperature (25.5 ± 1.2 �C).

2.2. Laboratory procedures

To examine the As and metal fractionations during gradual
drying of flooded soils, every 3 days of the first month and then
once after the second (day 64) and thirdmonth (day 96),10e20 g of
the triplicate soil sample was collected using a clean 50-mL plastic
tube. The samples were collected throughout the soil depth
(~7.5 cm) in the container in order to include both the oxic and
reduced species in the respective surface and bottom zone of the
soil layer, and split into three subsamples. The first subsample was
dried under a stream of Ar in anaerobic glove box and immediately
analyzed for the reactive solid-phase Fe(II), inorganic SO4

2�, and
chemical fractions of the metals. The soil pH and Ehweremeasured
in the suspension of ʻfreshʼ soil subsample and degassed deionized
water, using a combined pH electrode, a Pt electrode and a WTW
multimeter. The Eh values obtained, therefore, do not represent the
real redox potentials in the undisturbed soil, but should be
considered only as the relative indicators for the evolution of the
soil redox conditions. The water content of another ʻfreshʼ sub-
sample was estimated as the weight loss after heating the sample
for at least 8 h at 105 �C.

To assess the reactivity of the dominant biogenic As sulfide
under the oxic conditions of the wetland soil, a small amount (ca.
3 mg) of nanocrystalline realgar was deposited on a silicon single-
crystal zero-background sample holder and placed for one month
into a desiccator with stable relative humidity (97%) maintained by
a saturated K2SO4 solution. The nanocrystalline realgar sample was
scraped from the NOM particles buried in the wetland soil at
Mokrsko. The sample was analyzed by powder X-ray diffraction
(XRD) analysis at the start, and after 15, 33, 64 and 96 days expo-
sure to the oxic atmosphere.

2.3. Analytical methods

The particle size distributionwas estimated by a combination of
a sieving and hydrometer method (Gee and Bauder, 1979). The
mineralogy was investigated by powder XRD analysis (PANalytical
X’Pert Pro diffractometer, Cu Ka radiation, 40 keV, 30 mA), and the
total sulfur, organic carbon (TOC), and inorganic carbon (TIC) con-
tents were measured using an Eltra CS 530 and Eltra CS 500 TIC
analyzers (ELTRA, Germany). The selected metals (Co, Cu, Fe, Mn,
and Ni) were quantified after digestion in mineral acids using ICP
OES (Agilent 5100) or ICP MS (Thermo Scientific XseriesII) as
described previously (Drahota et al., 2018). A reactive solid-phase
Fe(II) was determined following the method of Kostka and Luther
(1994). The inorganic SO4

2� was determined by shaking the sam-
ples in deoxygenated 15 mM NaH2PO4 (Johnson and Henderson,
1979). After centrifugation and filtration, the supernatant solution
was analyzed for SO4

2� by ion chromatography (HPLC; Dionex ICS-
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2000, USA).

2.4. Arsenic determinations and fractionation

The As concentration was determined in triplicate in the
pseudo-total Lefort aqua-regia digests using ICP MS. Arsenic par-
titioning was quantified using three chemical extractions outlined
by Keon et al. (2001) and Wenzel et al. (2001). A deoxygenated
0.05 M (NH4)2SO4 (4 h) was used to remove the readily mobile As
and other metals, which may potentially be used for estimating
their aqueous concentrations in the soil solutions (Wenzel et al.,
2002). The average relative standard deviations (RSDs) of the
triplicate extractions were 9% for the As (max. 24%) and always
lower than 7% for the metals analyzed (Co, Cu, Fe, Mn, Ni). The
exchangeable As was determined (average RSD 6%; max. 17%) by
deoxygenated 0.1 M NaH2PO4$2H2O buffered to pH 5.5 for 16 h
(Keon et al., 2001; Paul et al., 2009). The As and metals bound to
poorly crystalline Fe (oxyhydr)oxides were targeted by a 0.2 M
NH4-oxalate extract (2 h in the dark) (Drahota et al., 2014) at the
start and after 9, 21, 33, 64 and 96 days of drying. The average RSDs
were 5% for the As (max. 10%) and less than 8% for the metals. The
relatively high RSDs of some wetland sample extractions could be
solely ascribed to the wetland soil heterogeneity, which seems to
increase during the incubation experiment (graphs below). This
finding has been inferred from the investigation of the single
extraction reproducibility in the NIST 2710a soil standard, which
revealed high precision (RSD�3.1%) for all the extraction proced-
ures (Table S1).

2.5. Sulfur isotope analysis

The authigenic sulfide phases in the wetland soils are signifi-
cantly depleted by 34S (Drahota et al., 2017; Knappov�a et al., 2019).
Sulfur isotope analysis can be therefore used as an indicator of a
sulfide oxidation progress. For the d34S analyses, soil samples from
the start and after 9, 21, 33, 64 and 96 days were pooled to produce
a composite sample. Fifty grams of dry soil were extracted with a
deoxygenated 200 mL solution of 15 mM NaH2PO4$2H2O, and the
fraction of inorganic SO4

2� was precipitated as BaSO4 (R�ev�esz et al.,
2012). The BaSO4 was analyzed measuring the 34 S/32S ratio with a
Thermo Delta V Advantage coupled with a Thermo Flash 2000
Elemental Analyzer at the Laboratory for Stable and Radiogenic
Isotopes of the Faculty of Science, Charles University.

3. Results and discussion

3.1. Initial properties of the soils

The soils collected from the Mokrsko and Smolotely wetlands
were described as Dystric Gleysols (IUSS Working Group WRB,
2006). The measured Eh and pH values were almost similar, indi-
cating moderately reducing (Mokrsko: 3±8 mV; Smolotely:
8±5mV) and near neutral (Mokrsko: pH 6.60 ± 0.07; Smolotely: pH
6.41 ± 0.05) conditions at both wetland sites. The soils contained
very high As levels at 5890 mg kg�1 (Mokrsko) and 433 mg kg�1

(Smolotely) (Table 1). There were also large differences in the Fe, S,
TOC as well as the particle size distribution and water content
between the soils (Table 1). The concentration of other potentially
hazardous metals (Co, Cu, Ni) were low (�30 mg kg�1), with the
oxalate extraction results suggesting their minor association
(10e40%) with Fe (oxyhydr)oxides.

In a previous study, we found that 65% of the total As in the
depth range of 60e100 cm in the identical site of the Mokrsko
wetland soil was sequestered by nanocrystalline realgar and 35% of

the total As was bound to Fe(III) (oxyhydr)oxides (Drahota et al.,
2017). The fact that nanocrystalline realgar was identified in the
XRD pattern of the bulk soil (Fig. S2) indicates that its content
should be relatively high, because the lowest detection limits of the
XRD for crystalline compounds has been set at approx. 0.1%
(Sanchez and Gunter, 2006).

Yellow accumulations of As sulfides associated with the NOM
fragments were also visually identified in the sample of the Smo-
lotely wetland soil (Fig. S1), but no sulfide mineral was identified in
the bulk sample using the XRD (Fig. S2). The results of the oxalate
extraction indicated that ~48% of the total As was sorbed and/or
coprecipitated with the Fe (oxyhydr)oxides (Table 1).

It should be noted that the concentrations of Fe(II) extracted in
HCl, which is a proxy for nanocrystalline mackinawite (FeS)
(Cornwell and Morse, 1987; Wallmann et al., 1993), were very low
and comprised less than 0.03% of the total Fe in both wetland soils
(Table 1). These low values are in accordance with our previous
mineralogical observations (Drahota et al., 2017; Knappov�a et al.,
2019), which were not able to detect the reactive Fe(II) minerals
(mackinawite or green rust) and suggested their negligible content
in the wetland soils under study.

3.2. Changes in the major geochemical parameters during drying

Fig.1 shows the evolution of themoisture content, pH and redox
potential (Eh) over time. During the first 6 days of incubation, the
moisture contents remained almost constant because the soils
were fully saturated due to the excess groundwater in the con-
tainers. Then the moisture contents decreased gradually in both
samples. After 33 days of incubation, the Smolotely sample dis-
played the complete loss of the soil water while the Mokrsko soil
lost approximately 80% of the total soil water. This difference
cannot be ascribed to different rates of drying, but may be attrib-
uted to the almost twice as much water holding capacity of the
Mokrsko wetland soil, which is due to finer texture and signifi-
cantly higher content of organic matter compared to the Smolotely
soil (Table 1). The changes in the pH and Eh were negligible within
the first 18 days of incubation in both samples. After 18 days of
incubation, the pH and Eh in the Mokrsko soil changed rather
slowly and gradually (by 0.9 units pH and 410 mV Eh) over 15 days,
while the Smolotely soil displayed a rapid decrease in the pH (by 1.5
units) and increase in the Eh (by 490 mV) over 6e9 days. The

Table 1
The selected initial properties of the soils used in the drying experiment.

Mokrsko Smolotely

water content (w w�1) 63.0 ± 0.5 35.1 ± 0.3
Sand 39 64
Silt 54 26
Clay 7 7
TOC (g kg�1) 79.7 ± 0.2 11.0 ± 0.1
total S (g kg�1) 5.83 ± 0.06 1.62 ± 0.15
total Fe (g kg�1) 24.1 ± 0.1 43.4 ± 0.5
total Mn (mg kg�1) 632 ± 45 688 ± 5
total As (mg kg�1) 5890 ± 370 433 ± 7
total Co (mg kg�1) 6.8 ± 0.1 14.1 ± 0.1
total Cu (mg kg�1) 29.0 ± 0.1 21.5 ± 1.1
total Ni (mg kg�1) 12.4 ± 0.3 13.6 ± 0.1
sulfate As (mg kg�1) 124 ± 11 (2.1) 6.0 ± 0.6 (1.5)
phosphate As (mg kg�1) 440 ± 23 (7.5) 33 ± 3 (7.7)
oxalate As (mg kg�1) 1630 ± 23 (28) 206 ± 26 (48)
oxalate Fe (g kg�1) 11.7 ± 0.9 (49) 19.6 ± 1.2 (45)
HCl Fe (mg kg�1) 6.0 ± 0.3 (0.02) 8.0 ± 0.6 (0.02)

The data are the mean ± standard deviation of the triplicate determinations; the
extractability values in parentheses are calculated as a percentage of the total
concentration.
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periods of intensive oxidation were caused by a loss of 23e80% of
the water in the Mokrsko soil (days 18e33) and a 47e79% loss of
the water in the Smolotely soil (days 18e24).

3.2.1. Sulfate and S isotopes
The phosphate-extractable SO4

2� dropped by 26 mg kg�1 of S
(29% of the total soluble SO4

2�) and 15 mg kg�1 of S (35% of the total
soluble SO4

2�) within 6 days of the incubation in the Mokrsko and
Smolotely soil (Fig. 2), respectively. The removal of the soluble SO4

2�

was accompanied by a significant increase in the d34S values in the
phosphate-extractable SO4

2� (Fig. 2). These data indicate that
around a third of the soluble SO4

2�, which was immobilized within
the first 6 days of the incubation, was depleted in 34S by 18.3‰ in
the Mokrsko soil and 24.9‰ in the Smolotely soil relative to initial
isotopic composition of the phosphate-extractable SO4

2�; thus
implying a dissimilatory SO4

2� reduction (Canfield, 2001) during the
initial stage of incubation.

The concentrations of the phosphate-extractable SO4
2� in the

Mokrsko and Smolotely soil began to gradually increase after 6 days
and 24 days of incubation, respectively, and coincided with the
decrease in the d34S values indicating the oxidation of the
microbially-reduced sulfide depleted by 34S (Fig. 2). The increments
of the phosphate-extractable SO4

2� values over the full experiment
duration corresponded to 49mg kg�1 of S (55%) in theMokrsko soil
and 40 mg kg�1 of S (96%) in the Smolotely soil; the respective
depletions in the 34S isotope corresponded to 4.5‰ and 1.8‰. The
d34S values of the phosphate-extractable SO4

2� increments,

estimated from the mass balance approach, correspond to �10.9‰
in the Mokrsko soil and �6.6‰ in the Smolotely soil. These values
almost fit the range of the isotopic composition of the authigenic
sulfide minerals (between �8.3 and �4.5‰) in the wetland soils of
both sites (Drahota et al., 2017; Knappov�a et al., 2019), indicating
the release of SO4

2� from the oxidation of the authigenic As and Fe
sulfides. This is in agreement with the findings of Rigby et al.
(2006), who found that soluble SO4

2� concentrations in organic-
rich soils are not affected by side reactions or precipitation and
could be successfully used as an indicator of a sulfide oxidation
progress.

3.2.2. Iron
The sulfate-extractable Fe, which likely involves dissolved Fe(II)

and perhaps organic Fe complexes, was very low and remained
almost constant (6e10 mg kg�1) for the full experiment duration in
the Mokrsko soil (Fig. 2). These values are in accordance with the
low concentration of Fe in the porewater of the reducing wetland
(Drahota et al., 2017) as well as in the oxic environments at the site
(Drahota et al., 2009). The reasons for low soluble Fe concentrations
in the Mokrsko wetland are not clear but very low Fe/TOC ratio
(~0.07) in the soil may suggest formation of Fe complexes bound to
organic matter (Mikutta and Kretzschmar, 2011; Bhattacharyya
et al., 2018; Vantelon et al., 2019). The initial concentration of the
soluble Fe in the Smolotely soil was more than an order higher
(100 mg kg�1) and began to increase substantially (up to
237 mg kg�1) during the initial reducing stage of incubation. This is

Fig. 1. The changes to the soil quality during the drying experiment: (a) the content of the water, pH and Eh in (b) the Mokrsko soil and (c) the Smolotely soil. The data are the
mean ± standard deviation of the triplicate samples. Note that Eh values should be considered as the relative indicators for the progress of the oxidation.

Fig. 2. The changes to the S, Fe and As concentrations and the sulfur isotope compositions (d34SPO4) of the operationally defined phosphate (SPO4, AsPO4), sulfate (FeSO4, AsSO4) and
oxalate (Feox, Asox) fractions during the drying experiment. The data points are the mean of the triplicate samples and the error bars are ± the standard deviation.

P. Drahota, M. Pe�rest�a, J. Truba�c et al. Chemosphere 277 (2021) 130306

4



attributable to the microbial reductive dissolution of the relatively
abundant Fe(III) (oxyhydr)oxides present in the soil. In contrast to
Mokrsko soil, the soluble Fe concentrations were not controlled by
the organic matter due to substantially higher Fe/TOC ratio (~0.85)
in the Smolotely soil (Vantelon et al., 2019).

The decrease of the sulfate-extractable Fe in the Smolotely soil
during the oxic stage of incubation (between days 18 and 21)
coincided with a notable change in the soil color from greenish gray
to rusty-brown and a marked decrease in the pH and an increase in
the Eh (Fig. 1), indicating the oxidation of Fe(II) and hydrolysis of
Fe(III). Consequently, the Fe(II) oxidation is likely a primary driver
of the acidification in the Smolotely soil. It should be noted that the
corresponding formation of the Fe(III) precipitates is not notably
reflected in the oxalate-extracted Fe concentrations (Fig. 2). The
increments of the final oxalate-extractable Fe values were esti-
mated at 0.5 g kg�1 in the Mokrsko and 1.5 g kg�1 in the Smolotely
samples. The contribution of newly-precipitated phases to the pool
of pre-existing Fe(III) (oxyhydr)oxides is therefore low and corre-
sponds to 2% and 3.5% in the Mokrsko and Smolotely samples,
respectively.

3.3. Changes in the arsenic fractionation

Similarly to sulfate-extractable Fe, mobile As concentrations
remained relatively constant (2.3 ± 0.4% of the total As) over the full
experiment duration in the Mokrsko soil (Fig. 2), implying that the
change in the redox conditions and associated variations in the pH
values have a negligible effect on themobility of As. The phosphate-
and oxalate-extractable As concentrations displayed increasing
trends with the time of the oxic stage of the incubation (after 24
days of incubation) and corresponded to the increase of the
phosphate-extractable SO4

2� (Fig. 2). In contrast, oxalate-
extractable Fe during the oxic stage of incubation revealed the
imperceptible, rather decreasing, trend. These findings indicate
that the As released during the As sulfide oxidation is more likely
sequestered by the pre-existing Fe(III) (oxyhydr)oxides. They
sequestered approximately 400 mg kg�1 of As, which roughly
correspond to 570 mg kg�1 of realgar. This value is higher than the
amount of oxidized As sulfide (160 mg kg�1 of realgar) that has
been estimated from the phosphate-extractable SO4

2� concentra-
tions, implying that all the As released from the oxidation of realgar
is effectively sequestered in the Fe(III) (oxyhydr)oxides. These
conclusions are in accordance with the findings of Langner et al.
(2014), who documented complete sequestration of the As
released during the oxidation of realgar and As(III)-NOM complexes
by Fe (oxyhydr)oxides in the contaminated peatland.

In the Smolotely soil, the initial sulfate-extractable As of
6.0 mg kg�1 (1.4% of the total As) increased by 50% and peaked
between 9 and 15 days. The increased concentrations of the soluble
As during the initial reducing stage of the incubation (the first 15
days) may be attributed to the reduction of As(V) to As(III) which is
more mobile compared to As(V) (Burton et al., 2008). In addition,
the reductive dissolution of the Fe(III) (oxyhydr)oxides can release
the co-associated As and decrease the mineral surface area and,
thus, its ability to retain As (Pedersen et al., 2006). During the
reducing stage of the incubation, the sulfate-extractable As posi-
tively correlated to the sulfate-extractable Fe(II) (r¼ 0.52, P < 0.05).
Although the soluble As and Fe correlated well overall, they indi-
cated the decoupling during the initial 9 days and at day 18 (Fig. S3).
Mobilization of As was delayed by 9 days relative to Fe(II) (Fig. 2)
suggesting changes in As speciation and sorption affinity (Islam
et al., 2004; Pedersen et al., 2006; Burton et al., 2008) or precipi-
tation of As and/or Fe phases (O’Day et al., 2004; Burton et al., 2013).
The latter explanation is unlikely, because AsS phases precipitate
after the formation of FeS phases (Gallegos et al., 2008; Han et al.,

2011) and FeS precipitation was not supported by low and rela-
tively constant HCl-extractable Fe(II) for the full incubation dura-
tion (Fig. S4).

A significant increase in the sulfate-extractable As up to
14.5 mg kg�1 (3.5% of the total As) during the oxic stage of the
Smolotely soil incubation was associated with the marked increase
in the phosphate- and oxalate-extractable As concentrations as
well as with phosphate extractable SO4

2� (Fig. 2). These findings
indicate that after the 24 days of the incubation, the Aswas released
from the sulfide mineral phases and subsequently immobilized
with the Fe(III) (oxyhydr)oxides via adsorption and coprecipitation.
The increasing trend in the soluble As is not consistent with the
adsorption of As(V) as a function of the pH, because a decrease in
the pH (here from 5.19 to 4.86) is related to the higher adsorption of
the As(V) species (Manning and Goldberg, 1997; Dixit and Hering,
2003; Goh and Lim, 2004; Kim, 2010). Arsenic(III) has a less
negative charge characteristic than As(V) and conversely its
adsorption decreases with a decreasing pH (Manning and
Goldberg, 1997; Dixit and Hering, 2003; Goh and Lim, 2004). The
high sulfate-extractable As concentrations in the Smolotely soil
during the oxic stage of incubation thus likely correspond to the
As(III) that is released from the reactive sulfide phases. These
phases do not primarily include authigenic AsS phases, because
their complete oxidation in the similar conditions is expected
within 4e7 years (Langner et al., 2014). In contrast, Moon et al.
(2017) found that after 4 days, 20e85% of greigite oxidized, and
about 20% of the sedimentary pyrite typically oxidizes during the
first week (Morse, 1991). Highly reactive sulfide phases in the
Smolotely wetland thus likely include Fe sulfides such as greigite
and framboidal pyrite, which are abundant here and contain up to
2.7 wt% As (Knappov�a et al., 2019).

3.4. Changes in the trace metal fractionation

The observed decrease from the start to day 24 in the Mokrsko
sample or day 18 in the Smolotely sample (reducing stage of in-
cubation) in the soluble Co, Cu, and Ni (except for the Cu in the
Mokrsko sample) occurred at the same time as the onset of the
microbial SO4

2� reduction (cf. Figs. 2 and 3). It may indicate that the
microbial SO4

2� reduction resulted in the immobilization of a
portion of the Co, Cu, and Ni in spite of the fact that relatively large
fraction of Cu and Co (only in Mokrsko sample) was solubilized
from the reductive dissolution of the Fe(III) (oxyhydr)oxides as
demonstrated by their concentrations in the oxalate extracts
(Fig. 3). This is consistent with trace metal speciation in sulfate-
reducing environments, where S(aq)eII plays an important role in
controllingmetal mobility through a several reactions (Huerta-Diaz
et al., 1998; Morse and Luther, 1999; Burton et al., 2008). The in-
teractions of Co, Cu and Ni with S(aq)eII can include the sorption to, or
the coprecipitationwith, the Fe sulfide or can include the formation
of the discrete nonferrous sulfide phases (Huerta-Diaz et al., 1998;
Morse and Luther, 1999). CoS (linnaeite), CuS (covellite and chal-
cotite) and NiS (millerite) are less soluble than the Fe sulfides
(Huerta-Diaz et al., 1998). Hence, the soluble Co, Cu and Ni can
precipitate with S(aq)eII preferably to Fe and, thereby, be immobilized
as linnaeite, covellite/chalcotite and millerite, respectively.

Increasing the concentrations of the oxalate-extractable Co, Cu
and Ni during the oxic stage of the incubation (Fig. 3) indicate the
sequestration of these metals in the Fe(III) (oxyhydr)oxides. The
soluble concentrations of the trace metals also begin to increase
(except Cu and Ni in the Mokrsko soil) suggesting the noneffective
sorption of the metals. The increasing trends in the soluble trace
metals are consistent with their desorption as a function of the pH,
because a decrease in the pH is related to the higher desorption of
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Co, Cu and Ni (Kinniburgh and Jackson, 1981; Bibak, 1994). The
imperceptible trends in the soluble Cu and Ni during the reductive
dissolution and subsequent oxidative precipitation of the Fe(III)
(oxyhydr)oxides in the Mokrsko soil sample demonstrate their
different behavior in the organic-rich system. These results are in
agreement with findings of Grybos et al. (2007), who found that the
Co in wetland soils is solely bound to the Fe(III) oxyhydroxides,
while the Cu and Ni could be bound to both the organic matter and
Fe(III) (oxyhydr)oxides. This may suggest that organic matter can
retard the Cu and Ni mobility in the organic-rich Mokrsko wetland
soil during all remobilization processes (Fe(III) (oxyhydr)oxide
reduction or pH-dependant desorption).

3.5. Oxidation of the realgar

The XRD data for the nanocrystalline realgar exposed to the oxic
conditions over 96 days did not reveal a notable change in the
diffraction intensity of the realgar with respect to the minor
admixture of quartz (Fig. S5a), supporting the presumption the
high realgar stability and its resistance towards oxidative dissolu-
tion (Lengke and Tempel, 2003). Moreover, Langner et al. (2014)
found that the oxidation kinetics of nanocrystalline realgar in an
environmental system characterized by stagnant groundwater
were several orders of magnitude slower compared to systemswith
an advective flow. This suggests that the oxidation kinetics of the As
sulfide in the wetland soil are very slow and controlled by the
diffusion of O2 to the arsenic sulfide surface and/or the removal of
the oxidation products.

The XRD data did not identify the presence of realgar oxidation
products, which always include well-crystalline arsenolite (As2O3)
with intensive diffraction peaks at 13.9� and 27.9� 2q along with
small quantity of X-ray amorphous AseS phase (Ballirano and
Maras, 2006; Pratesi and Zoppi, 2015). The first tiny arsenolite
peaks in the XRD pattern of the nanocrystalline realgar-rich
concentrate were confirmed after 180 days of the exposure to air
(data not shown). The only oxidation product of the sulfide
oxidation already identified after 15 days of realgar exposure to air
was gypsum (Fig. S5b). Gypsum is a typical initial weathering
product of Fe sulfide weathering (Hayes et al., 2014) and can be,
thus, attributed to oxidation of pyrite that has been detected as a
rare component of the realgar-rich NOM fragments from Mokrsko

wetland (Drahota et al., 2017). This supports our presumption that
As is preferentially released from the oxidation of the reactive
arsenian Fe sulfides (especially in the Smolotely soil). These find-
ings imply that short-term declines in the water table in wetlands
will probably not cause the oxidation of authigenic realgar in soil,
but can potentially lead to the oxidation-induced loss of the As
bound to the Fe sulfides.

3.6. Implications regarding As mobility in wetlands

Groundwater-re-flooded wetland soil subjected to drought
simulation showed changes in the rate and magnitude of As, Fe and
trace metal fractionation during the incubation. The results
revealed differential behavior among the soils that can be attrib-
uted to different contents of Fe and NOM as well as solid phase
speciation of As. In agreement with other studies (e.g., Hess and
Blanchar, 1977; Blodau et al., 2008; Burton et al., 2008), re-
flooding of Fe-rich and NOM-low Smolotely soil caused the onset
of microbially-mediated Fe(III)-reduction, which released Fe(II) and
was associated with mobilization of As. In contrast, the reducing
stage of incubation of NOM-rich and Fe-low Mokrsko soil had low
effect on As and Fe mobility. It is likely that As-bearing Fe(III)
(oxyhydr)oxides in the Mokrsko soil are substantially protected
from the reductive dissolution as a result of NOM chemical pro-
tection via sorption onto the mineral surface and by the formation
of Fe coprecipitates with organic molecules (Kaiser and
Guggenberger, 2003). Physical protection from reductive dissolu-
tion might also occur if Fe(III) (oxyhydr)oxides are embedded
within the organic matrix. Furthermore, low concentrations of
sulfate-extractable Fe (i.e., �0.04% of total Fe) over the full incu-
bation duration are probably controlled by formation of both Fe(II)-
and Fe(III)-NOM complexes, which have been shown as a pre-
dominant Fe species in Fe-low peats and organic-rich soil
(Bhattacharyya et al., 2018). Mobility of Fe in the oxic stage of
Smolotely soil incubation was also low, but was likely controlled by
Fe(II) oxidation and precipitation of Fe(III) (oxyhydr)oxides. Oxalate
extractions indicated formation of only low amounts of newly-
formed Fe(III) species (�3.5% of the oxalate-extractable Fe). How-
ever, these values might be underestimated due to enhanced sol-
uble Fe(II) in the initial soil samples that significantly catalyze the
oxalate extraction of highly crystalline Fe(III) oxides such as

Fig. 3. The changes to the Co, Cu and Ni concentrations of the operationally defined sulfate (CoSO4, CuSO4, NiSO4) and oxalate (Coox, Cuox, Niox) fractions during the drying
experiment. The data points are the mean of the triplicate samples and the error bars are ± the standard deviation.
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goethite and hematite (Suter et al., 1988; Phillips et al., 1993). This
explanation is plausible especially for Smolotely wetland soil,
which contains high concentration of Fe(II) (20.5 ± 3.5 mg L�1) in
the groundwater (Knappov�a et al., 2017). In accordance with pre-
vious studies (Burton et al., 2006; Langner et al., 2014), As released
by oxidation of sulfide phases is almost completely sequestered by
these newly-formed and/or pre-existing Fe(III) species. It is likely
that As is preferentially released from arsenian Fe sulfides, because
of their significantly higher oxidation kinetics in comparison to
realgar (Morse, 1991; Lengke and Tempel, 2003; Langner et al.,
2014; Moon et al., 2017).

4. Conclusions

In the present study, we studied the partitioning of As, Co, Cu, Fe,
Ni and S between the different chemical fractions during the
experimental drying of two naturally As-enriched wetland soils
(Mokrsko and Smolotely) containing authigenic As and Fe sulfide
minerals. The results revealed the different behavior between the
wetland soils containing variable concentration of Fe (Mokrsko:
24 g kg�1, Smolotely: 43 g kg�1) and organic matter (Mokrsko:
80 g kg�1, Smolotely: 11 g kg�1). The initial re-flooding (first ~20
days) triggered the microbially-induced SO4

2� reduction in both
wetland soil samples, while the reductive dissolution of the Fe
(oxyhydr)oxides and As mobilization was documented only in the
Fe-rich system of the Smolotely soil. During the oxic stage of the
incubation (next 74 days), most of the As and trace metals (Co, Cu,
Ni) released from the sulfide (primarily reactive Fe sulfides)
oxidationwas sequestered by the Fe(III) (oxyhydr)oxides. However,
the sulfate-extractable As concentrations remained relatively high
and constant (~130 mg kg�1 at the organic-rich Mokrsko soil) over
the full experiment duration or even increased substantially in the
oxic stage of the Smolotely soil incubation. The increase in the
soluble As as well as trace metal concentrations during the acidi-
fication in the Smolotely soil was ascribed to the pH-dependent
release of the As(III) and trace metal cations. In contrast, low and
almost constant concentrations of soluble Fe, Cu and Ni in the
organic-rich Mokrsko soil seem to be controlled by their affinity to
organic matter. Although our results document the relatively low
As mobilization potential under relatively short droughts (several
weeks), the preservation of the anoxic conditions must be regarded
as a fundamental management strategy of these and other sulfidic
wetlands enriched in As.
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