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Topsoils near active and abandoned mining and smelting sites are highly polluted by metal(loid) con-
taminants, which are often bound to particulates emitted from ore processing facilities and/or wind-
blown from waste disposal sites. To quantitatively determine the contaminant partitioning in the soil
particulates, we tested an automated mineralogy approach on the heavy mineral fraction extracted from
the mining- and smelting-polluted topsoils exhibiting up to 1920 mg/kg As, 5840 mg/kg Cu, 4880 mg/kg
Pb and 3310 mg/kg Zn. A new generation of automated scanning electron microscopy (autoSEM) was
combined and optimized with conventional mineralogical techniques (XRD, SEM/EDS, EPMA). Parallel
digestions and bulk chemical analyses were used as an independent control of the autoSEM-calculated
concentrations of the key elements. This method provides faster data acquisition, the full integration of
the quantitative EDS data and better detection limits for the elements of interest. We found that As was
mainly bound to the apatite group minerals, slag glass and metal arsenates. Copper was predominantly
hosted by the sulfides/sulfosalts and the Cu-bearing secondary carbonates. The deportment of Pb is
relatively complex: slag glass, Fe and Mn (oxyhydr)oxides, metal arsenates/vanadates and cerussite were
the most important carriers for Pb. Zinc is mainly bound to the slag glass, Fe (oxyhydr)oxides, smith-
sonite and sphalerite. Limitations exist for the less abundant contaminants, which cannot be fully
quantified by autoSEM due to spectral overlaps with some major elements (e.g., Sb vs. Ca, Cd vs. K and Ca
in the studied soils). AutoSEM was found to be a useful tool for the determination of the modal phase
distribution and element partitioning in the metal(loid)-bearing soil particulates and will definitely find

more applications in environmental soil sciences in the future.
© 2020 The Authors. Published by Elsevier Ltd. This is an open access article under the CC BY-NC-ND
license (http://creativecommons.org/licenses/by-nc-nd/4.0/).

1. Introduction

(Camm et al., 2003; Power et al., 2009; Pérez-Barnuevo et al., 2013;
Hrstka et al., 2018), the characterization of mine tailings (Redwan

The understanding of modal composition (i.e., the relative
abundance of individual phases/minerals in %) in a solid sample is
of key importance for the quantitative information about the
element partitioning (called “deportment”) between the individual
phases (Pirrie and Rollinson, 2011; Hrstka et al., 2018 and refer-
ences therein). Scanning electron microscopy (SEM)-based auto-
mated mineralogy using QEMSCAN® or MLA (mineral liberation
analysis) instruments were originally developed for the mining
industry (Fandrich et al., 2007; Lastra, 2007; Rollinson et al., 2011;
Gu et al.,, 2014; Warlo et al., 2019; Meima and Rammlmair, 2020),
but have also found applications in mineralogy and petrology
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et al, 2012; Pooler and Dold, 2017), slag materials and slag-
derived particulates (Morrison et al., 2016; Pietranik et al., 2018),
particulate matter (Williamson et al., 2013) and soils (Kelm et al.,
2014; Entwistle et al., 2017; Harvey et al., 2017).

Soils in the vicinity of mining and smelting industries exhibit
high concentrations of inorganic contaminants contained in the
deposited metal(loid)-bearing particulates with complex mineral-
ogical compositions, which originate from the smelters and/or are
windblown from the mine tailing ponds or smelting waste disposal
sites (Ettler, 2016 and references therein). Knowledge of the solid
speciation and partitioning of metal(loid) contaminants in the
heavy mineral fraction (predominantly composed of metal(loid)-
bearing particulates) is necessary for understanding their fate and
the environmental risks related to their potential mobilization (e.g.,
during wildfires; see example of Hg in Tuhy et al., 2020 and of Pb in
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Kristensen et al., 2014 and references therein).

The standard approach for visualization and analysis of indi-
vidual particulates by SEM is extremely time-consuming and
generally only up to a few hundred analyses are collected (Knight
and Henderson, 2006; Lanteigne et al., 2012; Ettler et al., 2016;
Tyszka et al., 2016). When transmission electron microscopy (TEM)
is used for the visualization and analysis of nanoparticles in
polluted soils, an even lower number of particles are generally
analyzed (Schindler and Hochella, 2017; Mantha et al, 2019).
Another problem might be related to the analyst/operator bias,
because he/she selects the particles for the subsequent analysis by
electron microscopy. Especially heavy particles, presumably con-
taining heavy elements like metals and metalloids, attract his/her
eyes. As a result, even when hundreds of particles are being
analyzed, the resulting statistics might not be representative for the
entire studied sample.

Automated mineralogy could overcome these difficulties and its
application to highly polluted soils near mining and smelting op-
erations is the major baseline for this article. Here, a new genera-
tion of automated SEM was optimized by the quantitative data from
an electron microprobe analysis (EPMA) and validated by a parallel
bulk chemical analysis. A novel “dot mapping” approach was
adopted to provide fast, quantitative and statistically robust data on
the complex samples. This approach uses a combination of back-
scattering electron (BSE) imaging and energy dispersion spectros-
copy (EDS) at different resolutions to overcome some common
problems related to the analysis of particles with a complex
chemistry and fine textures. The main aim was to verify the
robustness of this approach and to check whether this new gen-
eration technique can really be used for obtaining quantitative data
on the partitioning of metal(loid)s in the heavy mineral fraction of a
mineralogically complex soil system.

2. Materials and methods
2.1. Soil samples and sample processing

The tested topsoil samples originate from a highly contaminated
area near the Tsumeb copper smelter (19°15’S, 17°42’E) in the semi-
arid north of Namibia. The smelter has been operating for more
than 100 years and is currently processing imported Cu concen-
trates from all around the world. In July 2013, three biomass-rich
topsoil samples (topsoil layer with litter/grass fragments) were
collected in a pollution hotspot near the smelter and flotation
tailing/slag disposal sites. The three experimental topsoil samples
developed under the most common vegetation in the studied area:
A - Acacia spp., AM - Acacia spp. and the marula (Sclerocarya birrea)
and G - grass (Aristida stipitata). The samples were disaggregated in
a cutting machine (Fritsch Pulverisette 14) and sieved to <2 mm.
Previous investigations have shown that the metal(loid)s in soils
affected by the mining and smelting activities are bound to the
metal-rich heavy particulates (Ettler, 2016; Ettler et al., 2016;
Lanteigne et al., 2012; Tyszka et al. 2016). Therefore, the heavy
mineral fractions from the <2 mm fraction of each sample were
obtained using 1,1,2,2-tetrabromoethane (density 2.96 g/cm?),
centrifuged at 1800 rpm (Janetzki S70D, Germany) and were
further used for the automated mineralogy investigation. The
aliquot parts of the original samples and heavy mineral fractions
were milled in a planetary agate mill (Fritsch Pulverisette, Ger-
many) to an analytical fineness and were further used for the
determination of the bulk chemical compositions and phase com-
positions using X-ray diffraction analysis (XRD) (see below).

2.2. Bulk chemistry

Both the topsoil samples and heavy mineral fractions were
digested in mineral acids. The weighed amount of the sample (0.2 g
of the topsoil and 0.05 g of the heavy mineral fraction) was dis-
solved in Teflon beakers (Savillex®, USA) in 10 ml of HF (49% v/v)
and 0.5 ml of HCIO4 (70% v/v) overnight on a hot plate (130 °C). The
mixture was carefully evaporated to near dryness and the proced-
ure was repeated with an additional 5 ml of HF (49% v/v) and 0.5 ml
of HClO4 (70% v/v). The residue was then dissolved in 2% HNOs3 (v/v)
and diluted to 100 ml. The obtained digests were analyzed (As, Ca,
Cd, Cu, Fe, Pb, Sb, Zn) either by quadrupole-based inductively
coupled plasma mass spectrometry (ICP-MS; Thermo-Scientific
Xseries'!, USA) or, in the Fe and Ca case, by flame atomic absorp-
tion spectroscopy (FAAS; Varian SpectrAA 280 FS, Australia).

The accuracy of the digestion procedures and the subsequent
analytical measurements (QC/QA: quality control/quality assur-
ance) was continuously controlled by the addition of blank samples
and the following certified reference materials: zinc concentrate
(CZN-4) and copper concentrate (CCU-1e), both certified by the
CCRMP-Canadian Certified Reference Materials Project (CANMET,
Canada). A good agreement between the measured and certified
values was observed (Table S1).

2.3. Mineralogical investigations

The specimens were analyzed using an X-ray powder diffraction
analysis (XRD; Bruker D8 Advanced diffractometer, Germany)
equipped with a LynxEye Xe detector, operating with Bragg-
Brentano geometry and CuKo. radiation (Ags; = 1.540598 A) at
40 kV and 40 mA over the range of 4—80° 20, with a step size of
0.015° and a counting time of 0.8 s per step. X'Pert HighScore Plus
3.0.3 software coupled with Crystallography Open Database (COD)
(Grazulis et al., 2012) was used for the phase determination.

The heavy mineral fractions were prepared as polished sections.
To exclude the unwanted dissolution of potentially unstable phases,
the specimens were polished in alcohol. The samples were firstly
examined under a Leica DM LP (Leica, Germany) polarizing mi-
croscope. A TESCAN Integrated Mineral Analyzer (TIMA) (TESCAN
VEGA3 GMH, Czech Republic) automated scanning electron mi-
croscopy (autoSEM) equipped with energy dispersion spectroscopy
(EDS; 4 detectors PulseTor 30, USA) was used for scanning all the
surfaces of the polished sections, the analysis of the modal com-
positions, the automated search and identification of metal(loid)-
bearing phases and metal(loid) quantitative deportment. Using
the TIMA software v1.6.68, the modal and texture analyses were
performed using the specifically designed “dot mapping mode”
called TIMA DotMapping (TDM) (Hrstka et al., 2018). This method
combines a high-resolution (0.4 pm in our case) back-scattering
electron (BSE) imaging and a lower resolution (2.5 pm in our
case) EDS mapping. The initial BSE scan is used to discriminate
particles from the background (epoxy resin) and the grain borders,
between the individual phases in the heterogeneous particles. The
“lower-resolution” EDS measurements/mapping provides addi-
tional elemental information for the phase identification of each
segment and helps to detect different phases with the same BSE
signal (the detailed parameters of the autoSEM measurements are
given in Table S2).

Based on the preliminary autoSEM results, we used an electron
probe microanalyzer (EPMA; JEOL JXA-8530F, Japan) equipped with
a field emission gun electron source (FEG) for SEM imaging and
energy dispersion spectrometry (EDS; spectrometer: JEOL JED-
2300F) on the selected sample areas. The same instrument
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equipped with five wavelength dispersion spectrometers (WDS)
was used for the quantitative chemical analysis of the individual
phases (program for the measurement of silicates and oxides with
an accelerating voltage of 15 kV and a beam current of 10 nA;
program for sulfides, sulfosalts and metallic phases with an accel-
erating voltage of 20 kV and a beam current of 4 nA) (the standards
and detection limits are given in Tables S3 and S4). A total of 250
EPMA spot analyses were acquired. The quantitative EPMA data
were used for the optimization of the chemical compositions of
individual phases used in the autoSEM software for the phase
distribution and element deportment calculations.

The final cross-check of the element partitioning was performed
by comparing the autoSEM-calculated results with the bulk
chemical compositions of the heavy mineral fractions obtained by
the acid digestion.

3. Results and discussion

3.1. Metal(loid)s-bearing particles in mining- and smelter-polluted
topsoils

In mining and smelting areas, the majority of contamination is
generally concentrated in the topsoil layers (Ettler, 2016 and ref-
erences therein; Podolsky et al., 2015; Mihaljevic et al., 2019) often
in the form of contaminant-bearing particles (Ettler et al., 2016;
Lanteigne et al., 2012; Leguédois et al., 2004; Schindler and
Hochella, 2017). Our samples were collected at <1 km distance
from the Tsumeb smelter and the adjacent tailings and slag disposal
sites, and the concentrations of the metal(loid) contaminants in the
topsoils are very high (mg/kg): As (1020—1920), Cu (4630—5840),
Pb (3270—4880), Zn (2410—3310). Cadmium and Sb were found in
much lower concentrations (57—81 and 146—266 mg/kg, respec-
tively) (Table S5). Generally, one order of magnitude higher
metal(loid) concentrations are found in the heavy mineral fractions
indicating that the majority of the contaminants are likely bound to
phases of high density. The metal(loid) concentration in the heavy
mineral fractions were in the following ranges (mg/kg): As
(8800—11100), Cd (99.4—232), Cu (17400—23800), Pb (14100-
21200), Sb (2400—2900), Zn (20100—22900). Therefore, for the
purpose of understanding the contaminant distribution and parti-
tioning in the particulates, we only used the heavy mineral frac-
tions to be consistent with the previous investigations (Ettler et al.,
2016; Tyszka et al., 2016; Harvey et al., 2017).

The XRD analysis indicated that the heavy mineral fractions are
composed of both geogenic minerals and phases related to the ore
processing. Sample A is predominantly composed of quartz (SiO,),
pyroxene group mineral (diopside; MgCaSi;Og) and dolomite
[(Ca,Mg)CO3),], sample AM mainly contains diopside, quartz and
olivine (fayalite; Fe,SiO4) and sample G contains dolomite and
pyroxenes (Fig. S1). However, the phase compositions of the heavy
mineral fractions are very complex (also see the other minor phases
in Fig. S1), and the diffractograms typically exhibit an elevated
background between 15 and 40° 2theta, corresponding to the
amorphous and nanocrystalline phases formed at high tempera-
tures during the smelting and refining processes (such as slag
glass).

The particles in the studied topsoils exhibit large variability in
shapes, sizes and compositions. The typical mineral/phase associ-
ations observed in the heavy mineral fractions of the studied top-
soils by SEM are shown in Fig. 1. The representative EPMA analyses
of the metal(loid)-bearing phases are reported in Tables S6—S11 in
the Supplementary Material. The geogenic particles originate from
the geological environments, but also correspond to the particles
produced by the mechanical processing of the ores (ore and gangue

minerals, mine tailing fragments windblown from disposal sites).
Dolomite (Fig. 1d, e, f, 1), calcite (Fig. 1h), barite (Fig. 1a, c) and quartz
(Fig. 1g) belong to the most frequently observed gangue minerals.
Anhedral fragments of ore minerals, especially sulfides and sulfo-
salts, originating from the mineral processing plants are also pre-
sent: pyrite (FeSy; Fig. 1b, k, 1), chalcopyrite (CuFeS,; Fig. 2d) and
enargite (CusAsS4) are common, because of their high content in
the processed ore (Tuhy et al., 2020; Kribek et al., 2018). Sulfides/
sulfosalts usually exhibit well-developed alteration rims composed
of metal-bearing Fe oxides (Fig. 1e) or metal rich carbonates
(Fig. 1i). Unweathered euhedral grains of pyrite and sphalerite are
rarely seen. The EPMA indicates that the primary sulfides/sulfosalts
are key metal(loid)-bearing phases among the topsoil particles
(Table S6). Arsenates belonging to the adelite mineral group and
corresponding to the primary minerals or in-situ weathered prod-
ucts are also commonly detected: duftite [PbCu(AsO4)(OH)] and
conichalcite [CaCu(AsO4)(OH)] (Fig. 1h, k). Other unidentified Pb-
arsenates, phosphates (pyromorphite-like phase) and vanadates
(mottramite [(Cu,Zn)Pb(VO4)(OH)]) also occur (Fig. 1h) in agree-
ment with previously published data on metal(loid)s in the Tsumeb
soils (Ettler et al., 2016). Secondary carbonates such as azurite
[Cu3(CO3)2(0OH);2], malachite [Cuy(OH),COs], smithsonite (ZnCO3)
and cerussite (Table S10) are often associated with primary min-
erals (e.g., geogenic silicates; Fig. 1a, g) and can also be related to
the original mineralization or formed during the weathering pro-
cess. As indicated by SEM/EDS, common carbonates (calcite, dolo-
mite) forming alteration rims around the primary ore minerals are
Pb, Cu, Zn-rich (e.g., Fig. 1i). However due to the grain size and
porous texture of the objects, it was not possible to quantitatively
analyze them by EPMA.

At Tsumeb, the smelting slags are reprocessed by milling and
flotation and the obtained slag tailing is used as a cover of old mine
tailings to limit the dust dispersion in the area (see the techno-
logical details in Ettler et al., 2009 and Jarosikova et al.,, 2017).
However, the studied topsoils contain large amounts of slag frag-
ments, which have been windblown from the nearby disposal sites
(Kribek et al., 2016; Ettler et al., 2016). These heterogeneous grains
are predominantly composed of glassy matrix enclosing spinels,
silicates and small-size metallic/intermetallic/sulfidic droplets
(Fig. 1c, f, h-1). Droplets are formed due to the immiscibility of the
sulfidic and silicate melts during the slag quenching (Fig. 1c, f, j)
(Piatak et al., 2015 and references therein; Harvey et al., 2017).
Some of these droplets correspond to digenite (CugSs), covellite
(CuS), bornite (CusFeSy), an intermediate solid solution (iss) in the
system Cu—Fe—S or other complex intermetallic phases as
commonly observed for other slags (Vitkova et al., 2010; Piatak
et al., 2015; Ettler et al., 2016) (Table S6). Due to their micro-
metric sizes, these droplets are often difficult to quantitatively
analyze by EPMA (e.g., Fig. 1f). Glass is a ubiquitous phase in the slag
particles (Fig. 1f, h, j). Despite the high variability in compositions
(even within a single slag particle), the glass is usually metal(loid)-
rich with up to 33.9 wt. % PbO, 6.61 wt. % ZnO, 3.2 wt. % CuO,
0.26 wt. % CdO and 2.18 wt. % As,0s (Table S11). Euhedral or skeletal
grains of spinels (mainly of magnetite composition, Fe304) and
high-temperature silicates (olivine- and melilite-type phases),
frequently found in slags (Piatak et al., 2015 and references therein),
are embedded in the glass and indicate a relatively quick crystal-
lization from the melt (Fig. 1c, f, j-1; Table S8). Interestingly, no
weathering features are developed on the slag grains in contrast to
other studies focused on the slag-like particulates in the smelter-
affected soils (Leguédois et al, 2004; Knight and Henderson,
2006; Lanteigne et al., 2012; Lanteigne et al., 2014). This phenom-
enon can be related to the fact that the slag fragments are contin-
uously windblown from the disposal sites and deposited into the
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Fig. 1. The back-scattered electron (BSE) micrographs of the typical particle/mineral assemblages in the heavy mineral fraction (a-f: sample AM; g-1: sample A; scale bar represents
10 um). (a) Cerussite aggregates embedded in muscovite crystals; (b) Spherical smelter-derived maghemite particle; (c) Slag particle composed of skeletal fayalite crystals enclosed
in a glassy matrix with sulfidic inclusions and spinels; (d) Chalcopyrite ore grain in association with dolomite, apatite and Fe oxides; (e) Cu-Fe sulfide grain with alteration rim
composed of Fe oxide associated with the tourmaline, apatite and dolomite grains; (f) Slag particle composed of melilite, spinels and intermetallic compounds occurring in the glass
matrix; (g) Cerussite grains intergrown with Cu-bearing carbonates and quartz; (h) Slag glassy particle with a spherical Cu-S inclusion in association with geogenic calcite
intergrown with conichalcite and mottramite; (i) Enargite grain with microcrystalline carbonate rim enriched in Pb; (j) Polyphase slag particle composed of spinel crystals and
metal-rich glass; (k) Pyrite and conichalcite grains; (I) Zoned dolomite fragment. Abbreviations: Ap - apatite [Cas(PO4)3(F,C,OH)], Brt — baryte (BaSOy), Cal — calcite (CaCOs), Cb —
carbonate (variable composition), Ccp — chalcopyrite (CuFeS;), Cer — cerussite (PbCO3), Con — conichalcite [CaCu(AsO4)(OH)], Dol — dolomite [CaMg(CO5),], Eng — enargite
(Cus3AsSy), Fa — fayalite (Fe;Si04), Mel — melilite [Cay(Mg,AlFe,Zn)Si;07], Mot — mottramite [PbCu(VO4)(OH)], Ms — muscovite [KAl»(AlSi3010)(F,OH),], Py — pyrite (FeS,), Qtz —
quartz (SiO), Spl — spinel (variable composition), Tur — tourmaline (variable composition).

soil system, whereas they have been residing in the soil for a long
time at other sites (e.g., Mortagne-du-Nord, France; Leguédois et al.,
2004). The observed Fe(IIl) oxides and hydroxides can have variable
origins. Maghemite (Fe;Os3) typically forms rounded particles
(Fig. 1b), similar to those observed at other smelting sites
(Lanteigne et al., 2012; Ettler et al., 2016). They presumably origi-
nate from the roasting/smelting process and were emitted from the
smelter as flue dust particles (Walker et al., 2015; Bromstad et al.,
2017; Jarosikova et al., 2018); the EPMA indicates that maghemite
does not contain significant amounts of metal(loid)s (Table S7).
Other Fe(Ill) oxides and hydroxides as well as Mn oxides are of
various origins (geogenic/pedogenic, mine tailings, weathering
products) and usually form anhedral grains (Fig. 1d) or porous ag-
gregates (Fig. 1e and f). Some of them are important carriers of

metal(loid)s (Pb, Cu, Zn, As) (Table S7).

3.2. Automated mineralogy

3.2.1. Phase distribution

AutoSEM performed between 29 and 75 million analyses and
analyzed between 33 and 72 thousand individual particles per
sample (Table S2). Fig. 2 shows the comparisons between the BSE
images obtained by SEM and the autoSEM phase maps, which
indicate the ability of the latter method to even detect sub-
micrometric grains (see, e.g., the tiny droplets of Cu sulfides within
the slag fragment in Fig. 2e). The quantitative phase distributions
including both particles of geogenic and anthropogenic origin are
reported in Table 1. The proportion of the individual phases
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Fig. 2. Comparison of the BSE micrographs of the topsoil heavy mineral fractions and the autoSEM (TIMA) phase maps (a,b: sample AM; c-e: sample A). (a) Cerussite aggregates
enclosed in the muscovite crystals; (b) Cu-Fe sulfide grain with altered rim composed of Fe oxide associated with tourmaline, apatite and dolomite; (c) Slag particles in association
with carbonates (cerussite, dolomite), spherical slag particles with spinels and glass, conichalcite and intermetallic Cu-As-Pb inclusions (d) Slag glassy fragment with a spherical Cu-
S inclusion in association with geogenic calcite intergrown with conichalcite and mottramite; (e) Slag particle composed of spinel crystals embedded in a glass matrix containing Cu
sulfide inclusions in association with apatite, ilmenite, Fe oxide, azurite, unspecified Al silicate mineral (Al,SiOs) and baryte. For phase abbreviations, see Figure 1. Additional
abbreviation: IIm — ilmenite (FeTiO3), Azr — azurite [Cu3(CO3)2(OH)y]..
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Table 1
Phase composition of the heavy mineral fractions of the studied topsoil samples (%).

Class Mineral/phase Composition A AM G

Carbonates Azurite/malachite Cus(CO3)2(0OH),/Cuy(0OH)>CO3 0.6 228 0.74
Calcite/dolomite CaC0s3/CaMg(CO3), 421 10.71 535
Cerussite PbCO3 0.57 0.98 0.24
Smithsonite ZnCO5 0.81 0.05 0.72

Silicates Glass Si—Ca—Fe—Al-Pb—Zn 45.84 474 40.65
Olivine (Mg,Fe,Mn),Si04 0.47 0.42 0.51
Quartz Si0y 1.1 1.72 0.59
Other silicates Variable composition 3.79 10.79 3.87
Zircon ZrSiO4 0.22 1.09 0.16

Oxides and hydroxides Spinel series (Zn,Mg,Fe,Cu)(Fe,Al,Cr),04 0.28 0.27 0.21
Fe (oxyhydr)oxides Fe—O 2.67 28.06 3.15
Fe (oxyhydr)oxides metal-rich Fe—O—Pb—Zn—As—Cu 25.74 8.2 2298
Rutile/ilmenite TiO,, FeTiO3 1.78 5.02 0.92
Mn oxides Mn—0-(Pb—Cu—As) 0.04 3.54 0.05

Arsenates/vanadates/phosphates Apatite group Cas(P0O4)3(F,C1,0H) 0.86 12.37 1.36
Conichalcite CaCu(AsO4)(OH) 035 0.01 0.59
Duftite PbCu(AsO4)(OH) 0.56 0.19 1
Monazite (REE)PO4 0.05 0.1 0.03
Mottramite PbCu(VO4)(OH) 0.22 0.71 0.22
Unidentified arsenates Variable composition 0.2 0.09 0.36

Sulfides/sulfosalts/metals Cu sulfides Cu-S 127 1.02 227
Enargite Cu3AsSy 0.49 0.03 1.14
Galena PbS 0.15 0.12 0.15
Metallic Cu Cu 0.03 0.02 0.05
Pyrite FeS, 1.61 0.41 3.1
Sphalerite ZnS 0.19 0 0.35

Others 5.90 7.06 9.24

corresponds to the % of the area in the polished section (epoxy resin
excluded). Based on the huge amount of data recorded and the
individual particles analyzed per sample (34—72 thousands;
Table S2), we might assume that this value corresponds to the
volume % in the sample. The topsoils developed under Acacia spp.
(sample A) and in the grassland (sample G) are similar in the modal
phase composition, with the predominant slag glass (40.7—45.8%),
(oxyhydr)oxides (23—25.7%) and calcite/dolomite
(4.21-5.35%). The proportion of the other phases in samples A and
G is less than 4%. In contrast, sample AM is depleted in the slag glass
(only 4.74%) and is mainly composed of Fe (oxyhydr)oxides (28.1%),
apatite group minerals (12.4%) and calcite/dolomite (10.7%). The

metal-rich

residue of the other phases ranged from 5.90 to 9.24% (Table 1),
which is relatively low in comparison with other studies (Pietranik

et al, 2018).

3.2.2. Deportment of metal(loid) contaminants

The results of the deportment of the major contaminants (As,
Cu, Pb, Zn) are reported in Table 2. In this case, the percentage
corresponds to the fraction of a given element bound within the
individual phases/group of phases.

Arsenic is mainly bound to the apatite group minerals
(5.6—23.7%), the slag glass (10.4—15.3%) and metal arsenates (duf-

tite,

conichalcite, unidentified Pb arsenates;

20.6—-28.9%). A

Table 2
Deportment of the major contaminants (As, Cu, Pb, Zn) in the heavy mineral fractions of the topsoil samples (%).
As Cu Pb Zn

Phase Composition A AM G A AM G A AM G A AM G
Apatite group Cas(PO4)3(F,Cl,0H) 2090 5.56 2373 132 0.09 1.64 1.27 0.11 2.07 243 0.94 3.88
Azurite/malachite Cu3(CO3),(OH)2/Cus(OH),CO5  — - - 18.77 6642 1583 012 056 013 — - -
Calcite/dolomite CaC0s/CaMg(CO3), 243 4.15 2.56 189 092 2.29 2.95 260 448 3.50 1044 547
Cerussite PbCO3 - - - - - - 1853 39.72 6.51 0.29 336 0.08
Conichalcite CaCu(AsO4)(OH) 1113 1.00 1142 3.90 0.10 449 - - - - - -

Cu sulfides Cu-S - - - 3498 1769 36.68 — - - - - -
Duftite PbCu(AsO4)(OH) 1226 1417 1348 430 143 531 10.06 4.23 1630 042 0.80 0.67
Enargite CusAsSy 6.75 1.38 8.81 1086 0.59 17.55 215 0.13 5.09 - - -

Fe (oxyhydr)oxides Fe—0 033 11.35 0.23 - - - - - - 0.12 6.78 0.12
Fe (oxyhydr)oxides metal-rich  Fe—O—Pb—Zn—As—Cu 1069 1442 571 7.68 2.60 5.15 2163 851 2305 2293 3246 1852
Galena PbS 0.79 2.10 0.47 - - - 2.00 2.09 2.00 - - -
Glass Si—Ca—Fe—Al-Pb—Zn 16.73 1528 1042 1270 1.36 7.73 31.10 1216 27.09 3824 3032 363
Metallic Cu Cu - - - 137 1.14 1.70 - - - - - -

Mn oxides Mn—0-(Pb—Cu—As) 0.04 6.59 0.04 0.05 2.02 0.05 0.17 9.26 0.23 - - -
Mottramite PbCu(V04)(OH) 1.07 11.19 0.65 1.82 5.49 1.24 441 16.84 3.96 - - -

Pb oxides/sulphates Pb—S—0 - - - - - - 0.38 0.13 0.74 — - -
Sphalerite ZnS - - - - - - - - - 541 0.09 8.78
Smithsonite ZnCO3 — — - — — - — — — 18.71 6.06 14.65
Unidentified Pb-arsenates Pb—As—0O 3.62 539 4.00 - - - 4.85 263 791 0.26 0.63 0.41
Other As phases 1291 7.16 1834 — - - - - - - - -
Other Zn phases - - - - - - - - - 6.79 745 10.09
Residue 0.35 0.26 0.14 0.36 0.15 0.34 0.38 1.03 044 0.9 0.67 1.03
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significant amount of As is also bound to Fe and Mn (oxyhydr)ox-
ides, which exhibit relatively low As concentrations, but are present
in the samples in a relatively high proportion (Tables 1 and S7).
Sulfosalts (enargite) and mottramite (where As" substitutes for VY,
Table S9) are also key As hosts (Table 1). A relatively high amount of
As (7.16—18.3%) has not been attributed to any phase group and was
assigned as “other As phases. The unclassified As might occur in the
autoSEM-undetectable mining- or smelter-derived nanoparticles
(Mantha et al.,, 2019) or in phases not assigned to any group. It is
important to recall that the Tsumeb Cu smelter processes As-rich
concentrate and the emitted flue dust contains tiny particles of
arsenolite (As;03) (Jarosikova et al., 2018). These submicrometric
arsenolite crystals have often been detected at the vegetation sur-
faces in the Tsumeb area (Kribek et al., 2016, 2018; Tuhy et al., 2017)
and could also be deposited into the soil, mainly from leaf litter.

Copper is mainly bound to Cu sulfides and sulfosalts and in the
secondary Cu-bearing carbonates, but also occurs to a minor extent
in other phases: arsenates and vanadates, the slag glass, Fe and Mn
(oxyhydr)oxides (Table 2).

The deportment of Pb is similar for samples A and G in agree-
ment with the similarity in the phase distribution (Tables 1 and 2).
Here, the Pb is mainly bound to the slag glass (27.1-31.1%), metal-
rich (oxyhydr)oxides (21.6—23.1%) and arsenates (14.9—24.2%). In
contrast, the Pb in sample AM is predominantly found in cerussite
(39.7%), mottramite (16.8%), slag glass including (sub)micrometric
Pb-bearing metallic droplets (12.2%) and Mn oxides (9.26%).

Zinc is mainly hosted in the slag glass particles (30.3—38.2%),
metal-rich Fe (oxyhydr)oxides (18.5—32.5%), smithsonite
(6.06—18.7%) and primary sphalerite (0.09—8.78%) (Table 2). The
zinc is also found in the geogenic or mining-derived carbonates
(calcite/dolomite) (up to 10.4%).

Unfortunately, it was not possible to obtain results for Cd and Sb
due to their much lower concentrations in the samples compared to
the other contaminants. In the case of Cd, there is also an overlap of
Cd La (3.133 keV) with K Ka (3.314 keV) in the EDS spectra; in
addition, Cd La overlaps with Ca K (3.692 keV) in Ca-rich spots.
However, based on the test measurements performed, we assume
that the Cd is predominantly bound to arsenates (ca. 7%; Table S9),
sphalerite (ca. 2%), slag particles (ca. 0.1%; Table S11) and carbon-
ates (ca. 0.1%; Table S10). In the case of Sb, there is also an overlap
between Sb La (3.604 keV) and Ca Ka (3.692 keV). However, most of
the Sb content was detected in intermetallic droplets of (sub)
micrometric size entrapped within the slag glass particles (Fig. 1f).
These droplets cannot be readily analyzed by EPMA and, thus, the
Sb deportment cannot be quantified. The overall deportment of the
studied contaminants (As, Cu, Pb, Zn) was quite successful as
indicated by the low % in the residues (corresponding to the un-
identified phases).

3.3. Advantages and limitations of the automated mineralogy in
soil science

Automated mineralogy is a very convenient method to obtain
large numbers of spot analyses in a short period of time (hours) and
with a relatively high resolution. This is especially valuable in the
mining industries, where information pointing to the process gains
that can be made is of crucial importance (Lastra, 2007; Fandrich
et al,, 2007; Gu et al,, 2014). A clear advantage is that the method
analyzes the entire sample surface. The typical situation, when an
operator makes a series of spot analyses using conventional SEM/
EDS and/or EPMA and overlooks some of the important minerals/
phases due to his or her fatigue or bias, is overcome (Pirrie and
Rollinson, 2011). In this context, instead of analyzing small
numbers of grains (up to several tens/hundreds of spot analyses),

the autoSEM approach is definitely more suitable and robust for the
sample description from the statistical point of view (Pirrie and
Rollinson, 2011; Hrstka et al., 2018 and references therein).

The quantitative phase compositions and element deportments
calculated by the autoSEM software are more reliable when the
software database of mineral compositions is optimized by the
EPMA. This approach is often necessary for complex environmental
samples, such as contaminated soils. However, this requires several
steps of analysis: (1) pre-screening by autoSEM; (2) the EPMA-WDS
analyses of the phases selected on the basis of the autoSEM pre-
liminary data; (3) a final evaluation using an EPMA-optimized
autoSEM database. This is a time-consuming procedure especially
in the early stages of the investigation and is strictly based on the
experience and set of skills of the autoSEM operator, who is
responsible for the data acquisition and final processing.

Pirrie and Rollinson (2011) define the conditions for the statis-
tical validity of the autoSEM measurements based on the number of
particles analyzed within one sample, which is, in turn, related to
the grain size of the sample prepared as a standard 30-mm polished
resin block. Moreover, it also depends on the abundance of the
phases of interest in a given sample. The main issue is the sample
preparation, because a density-dependent segregation of particles
in an epoxy resin might appear. This problem can be overcome by
sample replication, re-polishing and re-analyzing (e.g., Hrstka,
2008; Pirrie and Rollinson, 2011). Mixing the sample with
laboratory-grade graphite of a small grain size can also solve the
density-related problems during the sample preparation; this
approach will reduce the differential settling of the heavier parti-
cles (Pirrie and Rollinson, 2011). Vertical transverse sectioning is
also a suitable approach, which could be applied to solve this
problem (Pooler and Dold, 2017).

In this study, we checked the accuracy of the autoSEM-
calculated results by comparing them with the bulk chemical
analysis of the sample (Table 3). Despite the fact that our polished
sections were prepared in a standard way (without preventing the
differential settling of the particles), a very good agreement was
achieved (Table 3) and the obtained autoSEM data can be consid-
ered accurate. This indicates that the parallel digestion and bulk
chemical analysis of the sample is a good way to verify the
autoSEM-calculated element deportments and might reduce the
cost of the analyses and data processing time of any additional
replicates. Measurement mode optimization can play an important
role in providing the best data in a reasonable timeframe and with
reduced costs. The newly developed TDM (applied in the present
study) or other novel measurement techniques provide significant
benefits compared to the original QEMSCAN® and MLA analysis
routines. Apart from the speed improvements related to TDM, the
major benefits of the TIMA system is the full integration of the
quantitative EDS analysis and the use of a patented segmentation
algorithm, which allows for the automated summing of the spectra
from the homogenous areas of the individual grains and provides

Table 3

Comparison of the bulk metal(loid) concentrations calculated by autoSEM with the
bulk chemical analyses obtained by the acid digestion of the heavy mineral fractions
of the studied topsoils (in wt.%).

Code A AM G

Element autoSEM Digestion autoSEM Digestion autoSEM Digestion
As 0.82 111 0.25 0.88 1.34 0.94

Ca 4.76 5.80 7.84 5.49 4.75 592

Cu 2.07 238 217 1.74 3.03 1.98

Fe 30.66 27.12 28.16 29.10 28.37 26.80

Pb 2.16 212 1.79 141 240 1.96

Sb - 0.25 - 0.29 - 0.24

Zn 225 229 0.41 2,01 2.56 215
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better detection limits for the elements of interest (Hrstka et al.,
2018). While similar detection limits can be reached under spe-
cific settings on the QEMSCAN® system resulting in an increased X-
ray counts per pixel, this comes with a huge time penalty and limits
the real-life applications of such an approach (Andersen et al.,
2009).

There are numerous limitations of using autoSEM for contami-
nated soil investigations. Our contaminated topsoils are specific
because they contain a large number of grains of variable grain size
and very complex phase compositions compared to standard (ore)-
geology samples which generally have much larger crystals and
smaller phase diversity (Fandrich et al., 2007; Pirrie and Rollinson,
2011; Hrstka et al.,, 2018). In addition, soil heavy mineral fractions
probably do not correspond to the overall contamination of the soil
samples. The mass of the heavy mineral fraction separated from the
contaminated soils is rarely reported and it is, thus, impossible to
make quantitative calculations. According to our own measure-
ments (experimental topsoils; n = 3), the heavy mineral fraction of
the <2-mm sieved topsoils accounted for 4.31 + 1.81% of the total
mass. However, when the amounts of metal(loid)s bound to the
heavy mineral fractions are calculated, they correspond to
24.3 + 8.44% of the total content in the topsoil (median: 21.5%),
which is a relatively modest amount of the total metal(loid)s con-
tained in the samples. It means that part of the contamination can
be bound to a less dense soil fraction, such as metal(loid)-bearing
phases embedded/locked in larger crystals of quartz, calcite and
other geogenic minerals. Moreover, contaminant-bearing particles
might be attached to the plant surfaces (e.g., leaf cuticle) in the form
of (nano)particles (Kribek et al. 2014, 2016; 2018; Tuhy et al., 2017;
Uzu et al. 2009) or absorbed by the plants’ roots (Kribek et al. 2014;
Mihaljevic et al. 2015; Uzu et al. 2009) and end up in the soil
organic matter (Mantha et al., 2019), which is finally not a part of
the heavy mineral fractions that were examined.

In complex soil systems, there is also a problem with the soft-
ware setting of the concentration boundaries in the individual
phases, where element substitutions may occur. In smelter-
polluted areas, where slag fragments are frequently found in
soils, glass can exhibit large variability in contaminant concentra-
tions (Table S11; see Ettler et al., 2009). Subsequently, the classifi-
cation and clustering of phases according to the variability in their
compositions is highly dependent on the experience of the operator
and/or the other persons, who are processing the data. Applications
of machine learning/artificial intelligence (ML/AI)-assisted clus-
tering are under development to overcome these limitations
(Hrstka et al., 2017a,b).

4. Conclusions

Heavily polluted soils in the vicinity of mining and smelting
industries contain numerous metal(loid)-bearing particulates,
which exhibit very complex mineralogical compositions. Risk
element partitioning in these phases cannot be quantitatively
evaluated using conventional techniques, such as the standard
SEM/EDS and/or EPMA, which provide relatively low numbers of
analyses and can be affected by operator bias. For this purpose, a
new generation of automated mineralogy was applied to the heavy
mineral fractions of the topsoil samples polluted by emissions from
a Cu smelter and the particulates from the nearby waste disposal
sites (tailings, slags). The deportment of the metal(loid)s, occurring
in high concentrations (thousands of mg/kg) in the studied topsoils,
was quantitatively performed: As, Cu, Pb and Zn were predomi-
nantly found in the slag glassy particles, sulfides/sulfosalts and Fe
and Mn (oxyhydr)oxides. For the studied soils, limitations still exist
for contaminants found in lower concentrations (less than the
lower hundreds of mg/kg, such as Sb and Cd), which cannot be fully

determined due to the spectral overlaps with the major elements
and/or nugget effects. Nevertheless, when combined with tradi-
tional mineralogical techniques (XRD, SEM/EDS, EPMA), autoSEM
with the novel “dot mapping” mode is a useful tool for the deter-
mination of the modal phase distribution as well as the textural
relations (e.g., liberation, association, exposure). This technique
provides a valuable insight into element partitioning, which is of
key importance for the assessment of the metal(loid)s’ environ-
mental fate in soils.
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Wildfires can be responsible for significant mercury (Hg) emissions especially in contaminated areas.
Here, we investigated the Hg distribution in topsoils and vegetation samples and temperature-
dependent Hg mobilization from biomass-rich topsoils collected near a copper (Cu) smelter in Tsumeb
(semi-arid Namibia), where Hg-rich Cu concentrates are processed. The thermo-desorption (TD) ex-
periments conducted on representative biomass-rich topsoils (3.9—7.7 mg Hg/kg) indicated that more
than 91% of the Hg was released at ~340 °C, which corresponds to the predominant grassland-fire
conditions. The mineralogical investigation indicated that the Hg comes mainly from the deposited
smelter emissions because no distinct Hg-rich microparticles corresponding to the windblown dust from
the nearby disposal sites of the technological materials (concentrates, slags, tailings) were found. A
comparison with the TD curves of the Hg reference compounds confirmed that the Hg in the biomass-
rich topsoils occurs as a mixture of Hg bound to the organic matter and metacinnabar (black HgS), which
exhibits similarities with the TD pattern of smelter flue dust residue. Despite the installation of a sulfuric
acid plant in the smelter in 2015 and a calculated drop in the estimated Hg emissions (from
1301 + 457 kgly for the period 2004—2015 to 67 + 5 kg/y after 2015), the Hg legacy pool in the smelter
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Smelter pollution
Semi-arid Namibia

surroundings can potentially be re-emitted back to the atmosphere by wildfire. Using the Hg spatial
distribution data in the area (184 km?), the estimates indicate that up to 303 kg and 1.3 kg can be

remobilized from the topsoils and vegetation, respectively.

© 2020 Elsevier Ltd. All rights reserved.

1. Introduction

Mercury (Hg) is a global pollutant and understanding its cycling
on Earth is of key importance (Driscoll et al., 2013), especially
because of the predicted increase in Hg emissions (Streets et al.,
2009). Biomass combustion significantly contributes to the Hg
flux into the atmosphere (Campos et al., 2015; Friedli et al., 2003,
2009; Navrdtil et al, 2009; Pirrone et al., 2010; Selin, 2009;
Wiedinmeyer and Friedli, 2007), with an estimated annual release
of 675 + 240 tons of Hg, which represent 13% of the natural
contribution (Friedli et al., 2009; Pirrone et al., 2010). Combustion
processes during wildfires have significant effects on soil (Pereira
et al, 2019), which is an important pool responsible for Hg
sequestration on the continents (Giesler et al., 2017; Smith-Downey
et al., 2010). Despite the temperature- and speciation-dependence
of Hg release (Hojdova et al., 2009; Navarro, 2008; Reis et al., 2015;
Rumayor et al., 2017), wildfires cause almost complete Hg remo-
bilization from the vegetation cover, litter and topsoil (Abraham
et al.,, 2018a; Campos et al., 2015; Engle et al., 2006; Friedli et al.,
2001, 2003), with Hg emissions mainly in the form of gaseous
elemental Hg (Hg”) (Friedli et al., 2001). The risk of wildfire-driven
Hg remobilization can be magnified in the proximity of single
pollution sources (e.g., mines and smelters), where soils exhibit
elevated Hg concentrations (Abraham et al.,, 2018b; Ettler et al.,
2007).

About 80% of the world’s refined copper (Cu) today is produced
by pyrometallurgical technologies (Schlesinger et al., 2011). How-
ever, due to the long-term decrease of the Cu ore grade (Mudd and
Jowitt, 2018) and the depletion of the Cu reserves suitable for such
pyrometallurgical processing, the treatment of low-quality Cu ores,
especially arsenic-bearing concentrates has now come to the
forefront (Safarzadeh et al., 2014). Copper ores containing enargite
(Cu3AsS4) and tennantite (Cuj2As4S13) exhibit elevated concentra-
tions of As, but also other deleterious elements (Sb, Bi, Hg), which
complicate the technological process itself and can also be harmful
for the environment. Understanding the fate of the Hg in the
environmental compartments affected by the Cu smelting is the
main motivation for our study, which focuses on (i) the Hg spatial
distribution in the vegetation and topsoil samples near an oper-
ating Cu smelter in the semi-arid north of Namibia and (ii) the
experimental evidence of Hg release from contaminated biomass-
rich topsoils using a thermo-desorption analysis (TD) to simulate
wildfire conditions. The obtained results, combined with the re-
ported Cu smelter production rate and calculated smelter-related
Hg annual emissions, were used to estimate the Hg emissions
potentially generated by wildfires in this semi-arid area.

2. Materials and methods
2.1. Field sampling

The samples were collected in the vicinity of the Tsumeb Cu
smelter (19°15'S, 17°42’E) in northern Namibia. Tsumeb is situated
1310 m above sea level, approximately 375 km NNE of Windhoek,
the capital of Namibia. The area exhibits a subtropical semi-arid
climate with average annual temperatures of 25 °C, 470 mm of
rainfall and 30% relative humidity. South-easterly winds are the

most frequent in the area (Figs. 1 and S1). Easterly winds also occur
during the winter months, whereas during summer (January) and
autumn (April), north-easterly winds are more frequent (Ettler
et al,, 2016; Kribek et al., 2016). The smelter has been operating
for more than 100 years and is currently processing imported Cu
concentrates containing enargite and tennantite from all around
the world (the historical and technological details are contained the
Supplementary Material). The mining and smelting activities at this
site left huge amounts of various waste (tailings, slags) (Jarosikova
etal.,, 2017) and caused the substantial contamination of the nearby
soils (Kiibek et al., 2016; Podolsky et al., 2015). Previous screening
of the smelter-affected soils at this and other smelting sites (Ettler
etal., 2007; Podolsky et al., 2015) indicated that Hg is mainly bound
in the uppermost soil horizons, but it has been experimentally
documented that the fires severely affect only the first cm of the soil
(Badia et al., 2017; Girona-Garcia et al., 2018). For this reason, in
order to understand the spatial distribution of the potentially
remobilizable Hg by wildfires around the Tsumeb smelter, topsoil
samples (depth 0—1 cm; n = 28) and vegetation samples (mainly
grass species Aristida stipitata and Eragrostis porosa; n = 30) were
collected in 2004 to cover the area of ca. 184 km? (the details on the
sampling/sample processing are given in Kiibek et al., 2016). In July
2013, three larger biomass-rich topsoil samples (topsoil with litter/
grass fragments) were collected in the most contaminated zone
near the smelter and flotation tailing/slag disposal sites. They
developed under the commonest vegetation in the studied area: A -
Acacia sp., AM - Acacia sp. and marula [Sclerocarya birrea] and G -
grass (Aristida stipitata) (Fig. S1) (Ettler et al.,, 2016; Kribek et al.,
2016). These samples (denoted as the “experimental samples”
below) were disaggregated in a cutting machine (Fritsch Pulveri-
sette 14), sieved to <2 mm, milled in a planetary agate mill (Fritsch
Pulverisette) to an analytical fineness and were further used for
wildfire simulation experiments. To decipher the role of dust
generated by mining and smelting in the contamination of the
topsoils and vegetation, waste materials from the historical
disposal sites (tailings, n = 5; slags, n = 4) and technological
samples originating from the smelter (feed concentrates, n = 2; flue
dust cleaning residues, n = 4) (Table 1) were collected in June 2012
and July 2013.

2.2. Bulk chemical and mineralogical analyses

The total Hg concentrations in all the samples were determined
using cold-vapor atomic absorption spectrometry (CV-AAS; Leco-
Altec AMA 254). Mercury spatial distributions and surface area
calculations around the Tsumeb smelter were plotted and calcu-
lated using the Surfer software, version 10 (Golden Software Inc.)
(Kribek et al., 2016). The total sulfur (Stot), the total, the organic and
the inorganic carbon (Ceot, Corg and Cinorg) contents were deter-
mined using the combination of the ELTRA CS 530 and CS 500 TIC
analyzers. The analytical details and quality control/quality assur-
ance data (QC/QA) using certified reference materials are given in
Table S1.

The phase composition of the samples was determined using X-
ray diffraction analysis (XRD; PANalytical X'Pert Pro). The selected
technological and all the experimental samples were further
investigated using scanning electron microscopy (SEM) and a field-
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Table 1
Chemical and mineralogical characteristics of the samples.

Samples Characteristics Hg [ng/g] Crot [%] Stot [%] Mineralogy (XRD)"
Experimental topsoils A — acacia litter [Acacia spp.] 7660 17.59 0.547 Qtz, Ms, Kfs, Cal, Dol, Mag
AM — acacia [Acacia spp.] 6300 2247 0.614 Qtz, Ms, Kfs, Cal, Dol, Mag
+ marula [Sclerocarya birrea] litter
G — grass fragments 3880 15.18 0.256 Qtz, Ms, Kfs, Cal, Dol, Mag
Spatial distribution Vegetation (n = 30) 2.97-186 NA NA NA
Topsoil (n = 28) 23.3-3790 NA NA NA
Technological C1 — Cu concentrate (Bulgaria) 20,700 0.200 37.2 Py, Cpy, Tn, Enr, Qtz
C2 — Cu concentrate (Chile) 39,900 0.462 352 Py, Enr, Ccp, Pn, Qtz
Flue gas residues (n = 4) 3330 - 219 000! 4.15° 3.00° Ars, Cla, Gp, Qtz, Gn?
Tailings (n = 5) 306—35,10" 7.25-8.52 0.059-2.21 Dol, Ms, Kfs, Qtz, Gp, Cal?
Slags (n = 4) 193-844! 0.056—0.889 0.421-6.27 Gl, Spl, Ol, Qtz, Cpx*

NA - not analyzed.
References: 'Podolsky et al. (2015), 2Ettler et al. (2019), 3Jarosikova et al. (2018).

2 Abbreviations: Ars — arsenolite (As;03), Cal — calcite (CaCO3), Ccp — chalcopyrite (CuFeS,), Cla — claudetite (As;03), Cpx — clinopyroxene (CaFeSi,Og), Dol — dolomite
(CaMgCOs), Enr — enargite (CusAsSy), Gl — glass, Gn — galena (PbS), Gp — gypsum (CaSO4-2H,0), Kfs — K-feldspar (KAISi3Og), Mag — magnetite (Fe304), Ms — muscovite
[KAL,(SizAl)010(OH,F),], Ol — olivine (Fe,Si0), Pn — pentlandite [(Fe,Ni)oSg], Py — pyrite (FeS,), Qtz — quartz (SiO,), Spl — spinel [(Fe>*,Mg,Zn) (Fe>*,Al,Cr),0,], Tn — tennantite

[(Cu,Fe)12As4S13].

emission gun electron probe microanalyzer (FEG-EPMA; JEOL JXA-
8530F). The X-ray absorption near-edge structure (XANES) and the
extended X-ray absorption fine structure (EXAFS) spectra of the
powdered experimental and technological samples and reference
compounds were collected at the SUL-X beamline at the Ang-
stromquelle Karlsruhe (ANKA, Eggenstein-Leopoldshafen, Ger-
many). The spectra were measured either in the transmission mode
(for the standards) or in the fluorescence mode (for the samples) at
the Hg Ly (14.84 keV) and L3 (12.28 keV) edges. Micro-X-ray fluo-
rescence (i-XRF) spectroscopy (Bruker M4 TORNADO) was used on
the polished sections prepared for the experimental samples to
check the sample homogeneity and verify the potential presence of
Hg-rich hotspots. The analytical details related to the mineralogical
investigations are given in the Supplementary Material.

2.3. Simulation of Hg remobilization during wildfires

The thermo-desorption (TD) experiments were applied to the
experimental samples to simulate the temperature-dependent Hg
release (Leco-Altec AMA 254 CV-AAS; temperature range:
75—670 °C regulated using the software modification). An experi-
mental sample was placed into a heating cell (quartz) throughout
the experiment for all the temperature steps. At each temperature
step, Hg captured on amalgamator was released and quantified
according to the calibration common for bulk Hg measurements.
Despite the fact that the TD experiments are often carried out in an
inert atmosphere (N3) to avoid interferences and undesired re-
actions (Rumayor et al.,, 2017), our experiments were conducted
under an O gas flow to better simulate the wildfire conditions.
However, selected runs were also performed under an N, atmo-
sphere to avoid an uncontrolled O,-driven biomass burning. In
total, each TD curve was constructed from 16 data points. The TD
experiment was conducted in 3 replicates for the experimental
samples (n = 3), for the Hg-bearing Cu concentrates (n = 2), the
other selected technological samples (tailing, slag, flue gas residue)
(n = 1) and the following reference compounds: Metranal®3
Strawberry Leaves reference material (produced by Analytika Ltd.,
Czech Republic, representing the Hg bound to the organic matter,
OM) and synthetic compounds such as metacinnabar (black HgS),
cinnabar (red HgS), red HgO and Hg(ll) adsorbed to goethite
(FeOOH). All the mineral reference compounds were prepared ac-
cording to the methodology described by Hojdova et al. (2009) by
diluting with quartz powder or alumina before the TD analysis. The
experimental samples were also studied using thermogravimetry

(TG; SDT 650, TA Instruments) to determine the temperature-
related mass loss (25—1000 °C; step: 10 °C/min; air).

3. Results and discussion
3.1. Mercury concentration and solid speciation

The dust particles from the waste disposal sites and emissions
from the Tsumeb smelter are thought to be major sources of
contamination in the area (Ettler et al., 2019; Jarosikova et al., 2017;
Kribek et al., 2016; Podolsky et al., 2015). At the time of sampling
(2012—2013), the smelter processed Hg-rich copper concentrates
imported from Bulgaria and Chile grading 21—-40 mg Hg/kg
(Table 1) (dundeeprecious.com; Jarosikova et al., 2017). Despite
quite variable Hg concentrations in Cu concentrates worldwide (up
to 6000 mg/kg; median: 4 mg/kg, mean: 62 mg/kg) (Hylander and
Herbert, 2008), the mean Hg concentration (30.3 mg/kg) in the
concentrates processed at Tsumeb is far above the world median
value. Mercury in the concentrates is mainly bound in sulfosalts (up
to 0.27 wt% Hg) and sulfides (up to 0.18 wt% Hg) (Tables 1 and S3;
Fig. S2). Given the volatile behavior of Hg during the high-
temperature smelting process (Hylander and Herbert, 2008;
Wiederhold et al., 2013), its concentrations in the flue gas residues
are much higher than in the slags (3300—219,000 ng/g and
193—844 ng/g, respectively) (Table 1). Mercury occurs in the Tsu-
meb smelter flue dust in residual and newly formed sulfides, sul-
fosalts, (inter)metallic phases and unidentified complex phases
(Fig. S2) (Jarosikova et al.,, 2018). Mercury concentrations in the
tailings (306—3510 ng/g) are slightly higher than in the slags,
however, no specific Hg-bearing phases were identified (Table 1).

Mercury in the vegetation samples collected around the Tsumeb
site is significantly lower (2.97—186 ng/g) than in the topsoils
(23.3—3790 ng/g) (Table 1), but the two datasets exhibited a sta-
tistically significant correlation (Pearson correlation coefficient:
r = 04075, P = 0.0314). The Hg spatial distribution patterns indi-
cate that the prevailing wind direction has a significant role in the
Hg transport (Fig. 1). Nevertheless, the shape of the Hg hotspot in
the topsoils is less elongated likely due to the limited transport
distance of the particles from the smelter and the nearby disposal
sites. In contrast, Hg in the vegetation probably reflects the ability
of plants to uptake the gaseous Hg (Lodenius et al., 2003; Millhollen
et al., 2006), which can be transported over larger distances from
the source (Wu et al.,, 2014; Yin et al,, 2009). The experimental
samples exhibit higher concentrations (3880—7660 ng/g) than the
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Fig. 1. Mercury spatial distribution in the topsoils (A) and the vegetation (B) around the Tsumeb smelter. The sampling points are marked by the black dots.

topsoils sampled in 2004, which can be attributed to an increase in
the smelter production and the Hg emissions over time (Table S4).
No specific Hg-bearing phases were detected in the experimental
samples (Table 1). Despite numerous attempts to optimize the XAS
measurements, the resulting data did not yield the desired infor-
mation about the Hg speciation in our experimental and techno-
logical samples due to the low Hg concentrations for this method
and overlaps of the Hg L3 edge with a more intense As K edge. The
w-XRF did not reveal any Hg hotspots (Hg-rich particles) in the
experimental samples preventing the application of u-XANES and
w-EXAFS (more details given in the Supplementary Material).

3.2. Thermo-desorption and Hg released during a simulated
wildfire

The thermo-desorption curves for the experimental samples are

(a) Experimental samples
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similar and show a sharp peak at ~340 °C, indicating that more than
91% of Hg was remobilized at this temperature (Fig. 2a). The TG
measurements show a massive weight loss (17—30%) of the sam-
ples between 250 and 450 °C (Fig. S6a), which might be related to
the combustion processes under the oxygen-rich atmosphere.
Nevertheless, the same TD results were obtained under the Nj-
atmosphere (Fig. S6b) and confirmed that, in this case, the Hg
release is not influenced by the O,-driven uncontrolled biomass
burning in the instrument furnace. The TD curves of the techno-
logical materials indicated that the peak of the Hg release occurred
in the temperature interval of 210—480 °C (maximum: ~260 °C) for
the flue gas residue, in the interval of 260—550 °C (maximum:
~420 °C) for the slag and the mine tailing and in the interval of
260—550 °C (maximum: ~480 °C) for both concentrates (Fig. 2b).
The TD patterns of the reference compounds are reported in Fig. 2c.
Mercury bound to the organic matter exhibited an Hg release in the

(c) Reference compounds
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Fig. 2. Mercury thermo-desorption curves for (a) the biomass-rich topsoils (experimental samples), (b) the technological samples (Cu concentrates, flue gas residue, slag, tailings)

and (c) the reference compounds indicating a temperature-dependent Hg release.
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temperature interval of 140—260 °C (peak maximum: ~240 °C)
followed by metacinnabar (black HgS) exhibiting a rather flat
release pattern in the interval of 210—480 °C (maximum: ~260 °C)
very similar to the flue gas residue (Fig. 2b and c). Cinnabar (red
HgS) and Hg bound to the goethite exhibited an Hg release in the
temperature range of 340—550 °C, but had maximum peaks at
~420 °C and ~480 °C, respectively. The TD curve of HgO indicated
that the Hg release in the temperature interval of 420—550 °C with
the peak at ~500 °C. A comparison of the TD curves for the refer-
ence compounds with the literature data show some differences,
which might be caused by the variability of the experimental
setups used; however, the temperature-dependent sequence is
similar to those reported in other TD studies (Hojdova et al., 2009;
Reis et al., 2015; Rumayor et al., 2017). Given the fact that it was not
possible to determine the exact Hg speciation in the experimental
samples using a combination of mineralogical and spectroscopic
techniques, based on the TD curves of the reference compounds, it
can be hypothesized that the Hg in the experimental samples oc-
curs as a mixture of Hg bound to the organic matter and meta-
cinnabar, which presumably originates from the flue gas stream in
the smelter. Metacinnabar can be formed by the roasting/smelting
of the ores (Kim et al., 2004) and it is more stable than cinnabar at
more than ~400 °C (Ballirano et al., 2013). We assume that, if pre-
sent, the metacinnabar in our biomass-rich topsoils is probably
associated with nm-sized particulates, because no distinct Hg-
bearing particles were found in the experimental samples by the
conventional techniques (Fig. S5). The occurrence of ultra-
micrometric particles is quite common in flue dust residues from
smelting (Jarosikova et al., 2018; Fig. S2c¢) and the similarity be-
tween the TD patterns of the metacinnabar and the flue dust res-
idue supports this hypothesis (Fig. 2b and c).

3.3. Environmental implications

The temperatures during wildfires range from 50 °C up to
1500 °C (Neary et al., 1999), but for grassland fires they generally
reach their maximum at ~350 °C for a short period of time (Ryan,
2002). Friedli et al. (2007) demonstrated that Hg was completely
released from organic soils at 300 °C after 5 min heat exposure,
which is in agreement with our TD result showing an almost
complete Hg remobilization at ~340 °C (Fig. 2a). The potential Hg
remobilizations were calculated to estimate a wildfire event
affecting all the studied area. For this prediction, we used the Hg
spatial distribution data from 2004 (Fig. 1) and measured the mass
of the grass and topsoil per area (grass: 256 + 70 g/m?, height of
40—45 cm during the dry season, n = 9; topsoils: 6050 + 2330 g/m?,
depth 0—1 cm, n = 10). Based on the previous investigations
showing that the burning is mainly limited to the first cm and the
temperatures beneath the burned soil surface rapidly decrease
with the depth (Badia et al., 2017; Girona-Garcia et al.,, 2018), we
assume that our spatial Hg distribution data for the vegetation and
topsoil (0—1 cm) can be used to predict the “worst-case scenario” of
the wildfire-driven Hg remobilization in the studied area. The
predictions were calculated for the hotspots and the entire studied
area (Fig. 1) and indicate that up to 1.3 kg of Hg from the vegetation
cover (grass) and 303 kg of Hg from the topsoil can be remobilized
during such a wildfire event (Table 2). The amounts of

Table 2
Model calculations of the potential Hg remobilization by wildfire.

remobilizable Hg for the entire studied area (vegetation: 0.07 g/ha,
topsoil: 16.45 g/ha) are in the same order of magnitude as those at
other sites (Europe: 1.1-75.1 g/ha; North America: 0.36—30 g/ha)
(Campos et al., 2015; Engle et al., 2006; Navratil et al., 2009;
Webster et al., 2016). The remobilizable Hg in the hotspots is much
higher and corresponds to 0.5 g Hg/ha for the vegetation and 229 g
Hg/ha for the topsoil (Table 2).

Our study site cannot compete with the much larger area of
boreal forests of the northern hemisphere, where wildfires have
been identified as significant sources of atmospheric Hg pollution
(Friedli et al. 2007, 2009; Wiedinmeyer and Friedli, 2007). However,
it represents a significant source of Hg contamination due to high
fire frequency in the area and due to the continuous Hg enrichment
of the vegetation, litter and topsoil derived from an operating Cu
smelter. The emissions from Cu smelters are dependent on the
adopted flue gas cleaning technologies. The Tsumeb smelter
commissioned a sulfuric acid plant (SAP) in 2015, but the flue-gas
cleaning technology before this was only based on simple dust
collectors (DC) and fabric filters (FF; bag-house units). We esti-
mated the Hg emissions from the Tsumeb smelter for the time
period of 2004—2018 based on the Cu production, the mean Hg
concentration in the concentrates (30.3 mg/kg) and the Hg removal
efficiencies of the individual flue-gas cleaning technologies
[DC + FF: 66% (Wu et al., 2016); DC + FF + SAP: 99% (Hylander and
Herbert, 2008; Wu et al., 2016)]. The estimated Hg emissions for the
period 2004—2015 were 760-2022 kg Hgly (average:
1301 + 457 kg Hg/y) (Table S4). After the installation of the SAP, the
Hg emissions dropped to 61—73 kg Hg/y (average: 67 + 5 kg Hg/y)
for the period 2016—2018 (Table S4). Despite high uncertainties in
these calculations (e.g., the changing composition of feed concen-
trates and their Hg concentrations) (Wu et al., 2016), our estimates
are in a good agreement with the predictions of Hg emissions for
Namibia (AMAP/UNEP, 2013). For instance, 1836 kg Hg resulting
from non-ferrous metal production were predicted for year 2010
(AMAP/UNEP, 2013), while our calculation yielded 1225 kg Hg for
the Tsumeb smelter, which is currently the only smelting facility in
Namibia (Table S4). It has been nevertheless reported that only 14%
of the Hg emissions from smelters are deposited locally and most
emissions go into the global pool (Wu et al, 2014). Thus, the
calculated Hg deposition in the local ecosystem corresponded to
106—283 kg Hg/year for the period before the installation of the
SAP; this amount roughly agrees with the total Hg pool in the
vegetation and topsoil calculated for our 2004 data (Table 2).

Apart from wildfires, spontaneous Hg re-emissions from the
contaminated soils can occur (Agnan et al., 2016; Briggs and Gustin,
2013; Eckley et al., 2016; Zhu et al., 2016, 2018). The review papers
indicate that the highest soil Hg fluxes were observed at abandoned
Hg mining sites and also in naturally enriched soil environments
(up to thousands of ng/m?/h; Agnan et al., 2016; Eckley et al., 2016;
Zhu et al, 2016 and references therein). Elevated Hg soil fluxes
were also reported near Cu smelters; for example, Eckley et al.
(2015) found that after the closure of a Cu smelter in Canada, Hg
emissions from the polluted soil increased and accounted for
108 ng/m?/h. At this rate, the Hg re-emissions can last for hundreds
of years before the background Hg concentration is re-established
in the soil. Spontaneous Hg flux from soil to atmosphere is highly
dependent on soil Hg concentrations (Agnan et al., 2016; Eckley

Code Area [ha] Remobilizable Hg [g] Remobilizable Hg per area [g/ha]
Vegetation Hotspot 433 205 0.50

Entire map 18,418 1310 0.07
Topsoil Hotspot 213 48,847 2293

Entire map 18,418 302,975 16.45
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et al.,, 2016; Zhu et al., 2018). Using the linear regression relation-
ship between Hg fluxes and substrate Hg concentrations deter-
mined by Agnan et al. (2016) and assuming the Hg concentration
range in our experimental samples (up to 7.7 mg Hg/kg), the
calculated Hg flux for the Tsumeb topsoil would be less than 65 ng/
m?/h. Assuming this Hg re-emission rate, the model calculation for
our Hg-rich hotspot (213 ha) would give Hg emissions of less than
1.2 kgly, which is significantly less compared to the potential
wildfire-driven Hg remobilization (Table 2).

4. Conclusion

Polluted vegetation and topsoils near a Cu smelter in Tsumeb
(semi-arid Namibia), where Hg-rich Cu concentrates are processed,
are vulnerable to burning. Using the thermo-desorption experi-
ments on the representative biomass-rich topsoils with a high Hg
content (3.9—7.7 mg/kg), we simulated the temperature dependent
release of Hg during wildfires. More than 91% of the Hg was
released at ~340 °C, which corresponds to the predominant
grassland-fire conditions. Despite the installation of efficient flue-
gas cleaning technologies in the Tsumeb Cu smelter, the Hg leg-
acy pool in the smelter surroundings will contribute to the Hg
emissions until its complete burn-out during wildfires. Using the
Hg spatial distribution data in the area (184 km?), the estimates
indicate that ~300 kg Hg can be remobilized by wildfire. Field
measurements of the Hg fluxes (Eckley et al., 2016) and the appli-
cation of Hg isotopic techniques (Wiederhold et al., 2013) would be
useful tools for better understanding the individual processes
linked to the wildfires and their role in Hg cycling near the active
smelters in the semi-arid regions.
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ARTICLE INFO ABSTRACT

Keywords: The surroundings of mines and smelters may be exposed to wildfires, especially in semi-arid areas. The

Wi_ldﬁre temperature-dependent releases of metal(loid)s (As, Cd, Cu, Pb, Zn) from biomass-rich savanna soils collected

;‘;‘1 oid) near a Cu smelter in Namibia have been studied under simulated wildfire conditions. Laboratory single-step
etal(loid)s

combustion experiments (250-850 °C) and experiments with a continuous temperature increase (25-750 °C)
were coupled with mineralogical investigations of the soils, ashes, and aerosols. Metals (Cd, Cu, Pb, Zn) were
released at >550-600 °C, mostly at the highest temperatures, where complex aerosol particles, predominantly
composed of slag-like aggregates, formed. In contrast, As exhibited several emission peaks at ~275 °C,
~370-410 °C, and ~580 °C, reflecting its complex speciation in the solid phase and indicating its remobilization,
even during wildfires with moderate soil heating. At <500 °C, As was successively released via the trans-
formation of As-bearing hydrous ferric oxides, arsenolite (AsyO3) grains attached to the organic matter frag-
ments, metal arsenates, and/or As-bearing apatite, followed by the thermal decomposition of enargite (CuzAsS4)
at >500 °C. The results indicate that the active and abandoned mining and smelting sites, especially those highly
enriched in As, should be protected against wildfires, which can be responsible for substantial As re-emissions.

Remobilization
Smelter pollution

1. Introduction

Wildfire activity has increased in numerous places on Earth partially
as a result of climate change among other factors (Westerling et al.,
2006; Gross et al., 2020; Kganyago and Shikwambana, 2020; Weber and
Yadav, 2020; Witze, 2020). Wildfires cause atmospheric pollution,
contribute to the long-range transport of aerosols (Creamean et al.,
2016) and have direct effects on human health (Weinhold, 2011), soil
properties (Campos et al., 2016; Pereira et al., 2019), land erosion and
the subsequent contamination of watersheds (Bladon et al., 2014; Cer-
rato et al., 2016; Abraham et al., 2017; Rahman et al., 2018). Since the
last decade, the environmental effects of wildfires have attracted the
attention of many scientists and resulted in the publication of focused
special issues of scientific journals (Munoz-Rojas and Pereira, 2020 and
references therein) and books (Pereira et al., 2019).

Compared to the above-mentioned environmental impacts, the
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processes related to wildfire-driven emissions of trace elements have
been studied less, although Nriagu (1989) estimated that the global
emissions of metal(loid) contaminants from wildfires and biomass
burning average 1900 t Pb, 7600 t Zn, 3800 t Cu, 190 t As and 110 t Cd
per year. Laboratory and field experiments demonstrated that Hg is
especially easily mobilized even by moderate fires, when the soil and
biomass are heated to temperatures around 350 °C (Wiedinmeyer and
Friedli, 2007; Friedli et al., 2009; Campos et al., 2015; Abraham et al.,
2018a; Howard at al., 2019; Tuhy et al., 2020a). Aerosols from biomass
burning have been found to contain many trace metallic elements,
including Cu, Zn, Pb, and Cd, as demonstrated by studies from the Af-
rican savanna (Gaudichet et al., 1995), Australia (Isley and Taylor,
2020), the USA (Jahn et al., 2021) and Asia (Kayee et al., 2020), where
wildfires are quite frequent. Many studies confirmed that the emitted
metals could be transported hundreds of kilometers from the fire (Young
and Jan 1977; Creamean et al., 2016).
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Fig. 1. Laboratory wildfire simulation experimental setups. a) Single-step combustion setup consisting of a temperature regulated resistance furnace and an air
supply, with a PTFE filter assembly at the outlet, and a glass pipette for bubbling the outlet gas into the vial containing 5% (v/v) HNOs; b) Setup with a continuous
temperature increase and online detection consisting of the same regulated furnace connected directly to the ICP-OES operating under an Ar flow.

Table 1

Chemical and mineralogical compositions of the biomass-rich topsoils and industrial waste samples.
Bulk chemistry As cd Cu Fe Pb Zn Corg Cinorg Stot

mgkg ! %

Experimental topsoil samples”
A 2070 +42.9 74.7 +£2.81 7090 + 184 34,400 + 166 4820 +99.5 3480 + 82.6 14.9+£0.04 2.67 +0.02 0.55+0.01
AM 1870 + 54 55.0+1.68 5610 +133 30,200 + 542 3340 +82.9 2530 +£72.1 20.7 £0.10 1.97 £0.02 0.61 £0.01
G 1180 +44.2 55.1+211 4920 + 180 27,300 +£1120 3450 + 132 2450 + 86 12.7£0.16 2.49+0.11 0.26 +0.01
Industrial waste samples
Mine tailing dust” 3190 126 6530 5063 5810 5320 1.27 6.54 0.10
Smelter slag dust” 3800 50 6680 250,000 22,300 48,500 0.07 <0.01 0.53
Smelter flue dust® 533,000 715 10,700 20,200 34,100 14,100 4.15 <0.01 3.00

Additional phases detected by SEM/EPMA

Mineralogy Phase composition (XRD)
Experimental topsoil samples”

A Qtz, Ms, Kfs, Cal, Dol, Mag
AM Qtz, Ms, Kfs, Cal, Dol, Mag
G Qtz, Ms, Kfs, Cal, Dol, Mag

Industrial waste samples
Mine tailing dust®
Smelter slag dust®’
Smelter flue dust®

Dol, Ms, Qtz, Cal
Gl, Spl, Ol, Cpx, Qtz
Asl, Cla, Gp, Qtz, Cv, Gn

Gl, HFO, sulfides/sulfosalts, carbonates, arsenates, Ap
HFO, Ap, Rt, Gl, carbonates, sulfides/sulfosalts, arsenates, vanadates
Gl, HFO, sulfides/sulfosalts, carbonates, arsenates, Ap

Con, Duf, Gn, Sm, Wil, Cu sulfides
Cu sulfides
Ang, Sp, various arsenates

Abbreviations: Ang — anglesite (PbSO4), Ap — apatite [Cas(PO4)3(OH,F,CD)], Asl - arsenolite (As,03), Cal — calcite (CaCO3), Cla — claudetite (As;O3), Con — conichalcite
[CaCu(AsO4)(OH)], Cpx - clinopyroxene, of hedenbergite composition (CaFeSi»Og), Cv — covellite (CuS), Dol — dolomite [CaMg(CO3),], Duf — duftite [PbCu(AsO4)
(OH)], Gl - slag glass, Gn — galena (PbS), Gp — gypsum (CaSO4-2H,0), HFO - hydrous ferric oxides, Kfs — K-feldspar (KAISizOg), Mag — magnetite (Fe3O4), Ms —
muscovite [KAly(SizAl)O;0(OH,F),], Ol - olivine, mainly of fayalite (Fe;SiO4) composition, Qtz —quartz (SiO,), Rt — rutile (TiO), Sm — smithsonite (ZnCOj3), Sp —

sphalerite (ZnS), Spl — spinel [(Fe>",Mg,Zn)(Fe>",AL,Cr);041, Wi — willemite (Zn,SiO4).
# Collected under the acacia trees (A), acacia and marula trees (AM) and in a grassland (G); mean + standard deviation.

b Data from Tuhy et al. (2020b).

¢ Data from Ettler et al. (2019).

d Data from Jarosikova et al. (2017).
¢ Data from Jarosikova et al. (2018).

Soils contaminated by human activities appear to contribute to trace
metal remobilization by wildfires. For example, Pb isotopic in-
vestigations of the ash from wildfires in the USA and Australia showed
that the ash contained industrial Pb from gasoline combustion (Odigie
and Flegal, 2011, 2014; Kristensen and Taylor, 2014; Wu et al., 2017).
Other studies from Australia compared the Pb isotopic compositions of
aerosols before, during, and after the wildfire periods; the authors found
that the interpretation of the Pb isotopic patterns is not straightforward,
but the contribution of remobilized anthropogenic Pb seems to occur
(Kristensen et al., 2017; Isley and Taylor, 2020).

There is a particularly high risk of contaminant remobilization back
into the atmosphere in highly polluted semi-arid areas in the vicinity of
abandoned or active mines and smelters (Abraham et al., 2018a,b).
Particulates emitted by mining and smelting industries or windblown

from waste disposal sites have very complex chemical and mineralogical
compositions; they adhere to the surfaces of vegetation, are deposited
onto the soil surface as leaf litter, and are incorporated into the topsoil
organic matter (Kribek et al., 2016; Ettler et al., 2016; Tuhy et al.,
2020Db), where they become vulnerable to transformations during the
wildfire-induced heating. It is important to stress that wildfires under-
neath the tree canopies cause greater soil heating due to the wood fuel
presence (Pereira et al., 2019). Several studies from Cu mining areas in
Zambia hypothesized that this phenomenon could be responsible for the
greater re-emission of metals from contaminated wooded savanna than
from grassland sites (Mihaljevic et al., 2011; Ettler et al., 2014).
However, the mechanisms and processes controlling the remobili-
zation of metal(loid) contaminants from the burned soil and biomass
remain poorly understood. To help to fill this knowledge gap, this
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Fig. 2. FEG-SEM micrographs in back-scattered electrons (BSE) of the metal(loid)-bearing particles adhering to the surfaces of the biomass fragments from the
topsoils (a-d) and in the heavy mineral fraction of the topsoils. a) Plant fragment covered with the windblown dust particles; b) Geogenic (quartz, kaolinite) and
smelter-derived particles (As-slag, arsenolite) attached to the vegetation surface; c) Smelter-emitted spherical Cu metal particle; d) Fragment of grass with attached
arsenolite and metal-bearing slag particles; e) Euhedral pyrite and carbonate grains associated with various slag particles, f) Pyrite grain with a weathering rim
composed of Fe (oxyhydr)oxide, olivine from slag, glassy slag fragments and carbonates; g) Slag particle, carbonate grain and weathered spherical particle composed
of primary Cu sulfide and a Pb, Cu, As, Zn, S-rich rim; h) Slag fragments with chalcopyrite inclusion and a complex particle composed of cerussite, smithsonite and
quartz; i) Carbonate, Fe oxides, quartz and apatite surrounding a slag particle composed of fayalite crystals, spinels and intermetallic droplets embedded in a metal-
rich glassy matrix; j) Geogenic aggregate of duftite and conichalcite intergrown with quartz, muscovite and an unspecified TiO, mineral; Abbreviations: Ap - apatite
[Cas(PO4)3(F,Cl,0H)], Asl — arsenolite (As,0O3), Cb — carbonate (variable composition), Ccp — chalcopyrite (CuFeS,), Cer — cerussite (PbCO3), Con — conichalcite
[CaCu(AsO4)(OH)], Duf — duftite [PbCu(AsO4)(OH)], Gn - galena (PbS), Ilm - ilmenite (FeTiO3), Kao — kaolinite (AlSi»Os(OH)4]1, Ms — muscovite [KAl»(AlSiz010)

(OH).], Ol - olivine [(Mg,Fe)2(Si04)], Py — pyrite (FeS,), Qtz — quartz (SiO,), Smt — smithsonite (ZnCOs), Spl - spinel (variable composition).

paper’s main objective is to investigate the release of metal(loid)s from
highly polluted biomass-rich savanna topsoils collected near mines and
smelters located in semi-arid Namibia under simulated wildfire condi-
tions. Many previous laboratory wildfire-simulation studies focusing on
soil heating have been conducted in muffle furnaces (e.g., Johnston
etal., 2019), but this technique has many limitations, such as the lack of
oxygen circulation and the impossibility of aerosol sampling (Pereira
et al., 2019 and references therein). For this reason, we used a novel
setup of laboratory burning experiments and combined them with
comprehensive chemical and multi-method mineralogical investigations
of the initial materials, ashes, and aerosols. This approach enabled one
to estimate the fluxes of the metals (Cd, Cu, Pb, Zn) and the metalloid
(As), which were the main potentially toxic elements in the studied
topsoils, and to describe the related mineralogical transformations over
a broad temperature range corresponding to conditions extending from
low to high-intensity wildfires (250-850 °C).

2. Materials and methods
2.1. Field sampling and experimental samples preparation

The experimental biomass-rich topsoil samples were collected in
July 2013 immediately adjacent to the Tsumeb Cu smelter and waste
disposal area (Namibia; 19°15'S, 17°42'E) on the lee side of prevailing
winds (Figure S1 in the Supplementary Material). Our previous in-
vestigations reported high levels of contaminants bound in the upper-
most soil horizons (Mihaljevic et al., 2015; Ettler et al., 2016; Kribek
et al., 2016). It is known that wildfires mainly affect the uppermost
centimeters in the soil profile (Badia et al., 2017; Girona-Garcia et al.,
2018). Therefore, to perform the wildfire-simulating experiments, only
the upper topsoils (litter/grass fragments included; 0-1 cm depth) were
collected. The samples were representative of the topsoils developed
under the most common vegetation cover in the area surrounding the
smelter complex: Acacia sp. [Al, Acacia sp. and marula (Sclerocarya
birrea) [AM], and grass (Aristida stipitata) [G]. The vegetation cover has
an influence on the organic matter content in the topsoil and litter.
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Fig. 3. Amounts of the metal(loid)s released from the heated experimental
topsoils (in pg; initial sample mass: 0.2 g) as a function of the temperature as
obtained by the single-step combustion setup. The trend lines were drawn to
guide the eyes. No release corresponds to zero baselines, which represent the
amount of element in an unburned sample (the black line on the right side of
each graph shows the maximum standard deviations calculated from the sample
digestions replicates). Positive values correspond to a release, and negative
values and their standard deviations correspond to an accumulation of a given
element. The experimental topsoil samples were collected under the acacia
E’ees (A), acacia and marula trees (AM) and in a grassland (G).

Under the shrubs and trees, the topsoils contain wood debris, which, as a
fuel, can generate different conditions when affected by wildfires
compared to the biomass fragments in grassland plots (Pereira et al.,
2019).

The topsoil samples were firstly disaggregated in a cutting machine
(Fritsch Pulverisette 14, Germany) and sieved to <2 mm (Retsch, Ger-
many). The heavy mineral fractions were separated using a heavy liquid
(1,1,2,2-tetrabromethane), centrifuged (Janetzki S70D, Germany) for
30 min at 1800 rpm, and prepared as polished sections for the electron
microscope observations of the metalloid-hosting phases. In addition,
specimens of the vegetation fragments (wood, leaves, twigs) collected
from each sample were investigated under an optical microscope, then
attached to a carbon tape, carbon-coated, and prepared for electron
microscopy. To obtain the experimental topsoil samples for the bulk
chemical composition determinations and wildfire-simulating experi-
ments, the <2 mm-sieved topsoil aliquots were milled in an agate mill
(Fritsch Pulverisette, Germany) to ensure homogeneity.

Moreover, three industrial waste dust samples originating from the
mining and smelting circuit in the Tsumeb smelter area were also
collected to obtain representative examples of dust materials, which can
be windblown from the smelter and waste disposal sites and can adhere
to vegetation surfaces and be deposited into the soils: mine tailing dust,
granulated slag dust, flue dust from air-pollution-control systems in the
smelter (Ettler et al., 2009; Jarosikova et al., 2017, 2018; Ettler et al.,
2019).

2.2. Soil chemical analyses

To obtain the bulk concentrations of the metal(loid)s in the experi-
mental topsoils, the samples were acid-digested in a closed system
without preliminary ashing to eliminate the investigated elements’ po-
tential losses. The sample aliquots (0.2 g) were placed into polytetra-
fluoroethylene (PTFE) digestion vessels (Savillex®, USA), and 8 mL of
HNO3 (65%), 30 pL of Hz04 (30%), and 30 pL of HF (40%) were added.
Afterward, the digestion vessels were closed and tempered on a hot plate
at 300 °C for 8 h. Both the liquid and solid residuals were carefully
transferred to a centrifuge vessel using deionized water (DIW; MilliQ,
Millipore, USA). This solution was centrifuged (Hettich UNIVERSAL
320 R, Germany) for 5 min at 4000 rpm. The obtained liquids were
transferred into 50 mL volumetric flasks and diluted accordingly (sub-
sample #1). The residual solids were transferred into PTFE digestion
vessels (Savillex, USA) using DIW, which was then slowly evaporated. In
the next step, 10 mL of HF (40%) and 0.5 mL HCIO4 (70%) were added to
the residue in the open PTFE vessel, and the mixture was heated to
150 °C and slowly evaporated to near dryness. Subsequently, the sam-
ples were dissolved in concentrated HNO3 and diluted to 50 mL (5%
HNO3) (subsample #2). The obtained digests were analyzed by a com-
bination of inductively coupled plasma optical emission spectrometry
(ICP-OES, Agilent 5110 SVDV, USA) and inductively coupled plasma
mass spectrometry (ICP-MS, ThermoScientific iCAP™, Germany). The
total metal(loid)s concentrations in the original samples were calculated
by combining the values found in subsamples #1 and #2. The accuracy
of the digestion and analytical procedures (QC/QA) was checked by a
combination of the NIST 1515 (Apple Leaves), NIST 1573a (Tomato
Leaves), Metranal3™ (Strawberry Leaves), NIST 2711a (Montana Soil
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Table 2

Key metal(loid)-hosting phases in the experimental topsoils (adapted from Tuhy
et al., 2020b). Note: It was not possible to quantify the Cd deportment in the
individual samples, but according to the EPMA analyses, the Cd was mainly
bound in arsenates, sulfides, slag glass and carbonates. For the phase composi-
tions and abbreviations, see Fig. 1 and Table 1.

Element Sample Phase
As A apatite, slag glass, arsenates
AM slag glass, HFO, duftite
G apatite, arsenates, duftite
Cu A sulfides, azurite/malachite, slag glass
AM azurite/malachite, sulfides, mottramite
G sulfides, sulfosalts, azurite/malachite
Pb A slag glass, HFO, cerussite
AM cerussite, mottramite, slag glass
G slag glass, HFO, sulfides
Zn A slag glass, HFO, smithsonite
AM HFO, slag glass, calcite, dolomite
G slag glass, HFO, smithsonite

2), CCU-1e (Copper Concentrate) and CZN-4 (Zinc Concentrate) certi-
fied reference materials and was found to be satisfactory (Table S1). The
organic carbon (Corg), inorganic carbon (Ginorg), and total sulfur (Sior)
were determined using a combination of the ELTRA CS 530 and CS 500
TIC analyzers (ELTRA, Germany) (the QC/QA results are available in
Tuhy et al., 2020a).

2.3. Mineralogical analyses

The X-ray diffraction analysis (XRD) of the solid samples (topsoils,
site-specific industrial waste samples) was performed by a PANalytical
X'Pert Pro diffractometer (PANalytical, the Netherlands) equipped with
an X’ Celerator detector operating in the Bragg-Brentano geometry using
CukK, radiation (0.15418 nm) at 40 kV and 30 mA over a range 2-80°
2theta (step 0.02°, counting time 150 s per step). The diffractograms
were analyzed in the X Pert HighScore Plus 3.0 software coupled with
the Crystallography Open Database (COD). The biomass and soil heavy
mineral fractions were investigated under an optical microscope (Leica
DM LP, Germany) and an electron probe microanalyzer (EPMA; JEOL
JXA-8530F, Japan) equipped with a field emission gun electron source
(FEG), detectors for the scanning electron microscopy (SEM) imaging,
energy dispersion spectrometry (EDS; JEOL JED-2300F, Japan) and five
wave dispersion spectrometers (WDS) for the qualitative and quantita-
tive analyses. Details about the EPMA analytical conditions, standards,
and detection limits are given elsewhere (Tuhy et al., 2020b).

2.4. Laboratory wildfire simulations

Many laboratory experiments investigating the thermal stability of
soils to simulate wildfire conditions have been conducted in simple
muffle furnaces (e.g., Johnston et al., 2016; Johnston et al., 2018;
Johnston et al., 2019). However, such a device does not provide suffi-
cient oxygen circulation, which is typical for real wildfires (Pereira
et al.,, 2019). Therefore, we introduced novel experimental setups to
better simulate the potential wildfire effects on the topsoils under lab-
oratory conditions. We used a single-step combustion experiment to
measure emissions at fixed temperatures (250-850 °C) covering a range
of potential soil heating levels during wildfires, and a continuous tem-
perature increase experiment to characterize constituents according to
their thermal stability. We focused only on As, Cd, Cu, Pb, and Zn, which
were the main contaminants released by the mines and smelters in the
studied area (processing of Cu-Pb ores with substantial amounts of As,
Cd and Zn), and which were found in the studied topsoils in the highest
concentrations.

2.4.1. Single-step combustion setup
The apparatus used for the single-step combustion is shown in
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Fig. 1a. The device was designed to simulate wildfire conditions for a
range of potential soil temperatures by the precise temperature setting,
continuous delivery of fresh air coupled with both a smoke outcome and
the possibility of sampling the ash and aerosols. During the burning
procedure, a mass of 0.2 g of the homogenized topsoil sample was placed
in a corundum boat and heated for 25 min in a pre-heated resistance
furnace (Clasic CZ, Czech Republic) equipped with a quartz tube. A
CLARE 4.0 programmable regulator (Clasic CZ, Czech Republic) con-
nected to a K-type (NiCr-Ni) thermocouple controlled the furnace’s
temperature. The burning experiments were conducted under synthetic
air in order to closely simulate wildfire conditions and to ensure the
repeatability of the experiment; the air supply (ca. 50 mL min~!) was
controlled by an analog gas flow meter (IN-ECO, Slovakia) with an
adjustable flow. For the selected runs, a PTFE filter assembly (porosity
1-2 pm, diameter 47 mm; both produced by Savillex®, USA) was placed
at the outlet of the burning chamber (Fig. 1a) to trap the aerosol parti-
cles for the additional mineralogical investigations. The final part of the
setup consisted of a glass pipette for bubbling the outlet gas in the
trapping solution (5% HNOs) (Fig. 1a). The experimental sample com-
bustions were performed at the following temperatures to cover a
temperature range occurring during wildfires: 250, 350, 450, 550, 650,
750, and 850 °C (Ryan, 2002; Pereira et al., 2019). Including the setup
adjustment and validation, a total of 110 burning experiments were
performed. All the experiments were used for the mass loss determina-
tion and homogeneity testing, and 42 of them (2 replicates per each
temperature step for each of the 3 experimental topsoils) were used for
the contaminant release determinations. The obtained ashes (digested
and analyzed using the same procedure as the original soils, see above),
trapping solutions, and solutions obtained by washing the setup com-
ponents (quartz tube and glass pipette; heated concentrated HNO3) were
all analyzed. For the metal(loid)s mass balance calculations, the chem-
ical compositions of the original soil and the obtained ash were used.
Moreover, mineralogical methods were used to investigate the ashes
(XRD, FEG-SEM) and the aerosol particles trapped by the filtering unit
(FEG-SEM).

2.4.2. Setup with continuous temperature increase and online ICP-OES
detection

An experimental setup with a continuous temperature increase and
direct detection (called “thermo-desorption™) has often been used to
understand the thermal stability of volatile elements such as Hg (Tuhy
et al., 2020a). We assume it can also be used as a proxy method for
speciation purposes for other elements affected by burning.

The apparatus consisted of the combustion unit similar to the setup
specified in section 2.4.1 (without the filter assembly) directly con-
nected to the quartz injector of the ICP-OES plasma torch (at a distance
of 5.5 cm). An Iris Intrepid II XSP ICP-OES instrument (Thermo-
Scientific, USA) operating in the axial plasma mode was used as a de-
tector (Fig. 1b). The sample was gradually heated from 25 °C up to
750 °C for 14 min 30 s, applying a linear slope of 50 °C min~'. The
combustion products were directly introduced into the ICP-OES plasma
employing an Ar stream (50 mL min '), and the selected elements of
interest (As, Pb, Zn, S) were continuously and simultaneously detected
(at the analytical lines of 189.0 nm, 220.3 nm, 213.8 nm, and 182.0 nm,
respectively). In the used temperature range, it was impossible to
observe the Cu (324.7 nm) and Cd (226.5 nm) signals. In the case of Cu,
the released amount of this poorly volatile element was probably too
low, while the most sensitive wavelength of Cd (228.8 nm) was unusable
due to the heavy interference with the highly abundant As. This
experiment has been performed for topsoils under each of the three
common vegetation types, and, due to comparison purposes, for the site-
specific industrial waste dust samples in order to depict the role of solid
speciation of the metal(loid)s on their temperature-induced release.
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Fig. 4. Relative release of the selected metal(loid)s and sulfur as obtained by the wildfire-simulating setup with a continuous temperature increase and online
measurement. a) Temperature-dependent release from the experimental topsoils collected under the acacia trees (A), acacia and marula trees (AM) and in a grassland
(G); b) Temperature-dependent release from heated industrial waste samples (slag, flue dust, tailing).

3. Results

3.1. Chemical and mineralogical compositions of soils and industrial
waste samples

The experimental soils exhibited similarly high concentrations of
metal(loid)s with the highest values in sample A (up to 2070 mg Askg !,
7090 mg Cu kg ~!, 4820 mg Pb kg ™!, 3480 mg Zn kg 1) (Table 1). The Cd
concentrations were significantly lower compared to the other con-
taminants (55-75 mg kg~1). The bulk mineralogy (XRD) of the three
experimental topsoil samples was similar, with a dominant content of
quartz, muscovite, K-feldspar, carbonates (calcite, dolomite), and
magnetite. The samples differed in the proportion of minor metal(loid)-
hosting phases detected by the SEM and EPMA (Tuhy et al., 2020b)

(Table 1). The vegetation fragments (leaves, twigs) found in the topsoils
were covered with fragments of geogenic phases (quartz, clay minerals,
carbonates) as well as particles of anthropogenic origin (windblown slag
fragments, smelter emissions-derived arsenolite [AsyO3] and rounded
particulates of sulfides/metallic phases) (Fig. 2a—d). A large proportion
of the phases originating from the mine tailings, slag disposal sites, and
smelter emissions were also found in the heavy mineral fractions sepa-
rated from the experimental topsoils (Fig. 2e-j) (also see the data in
Tuhy et al., 2020b).

The industrial waste samples, representing dominant local sources of
soil pollution, were also rich in metal(loid) contaminants. The smelter
flue dust showed much higher concentrations of As (533,000 mg kg’l),
Cd (715 mg kg 1), Cu (10,700 mg kg~ 1), and Pb (34,100 mg kg ') when
compared with the mine tailing and slag dusts. The latter had similar
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trations in the original topsoil samples.

concentration levels of As (3190-3800 mg kg’l) and Cu (6530-6680
mg kg™1), but higher Pb and Zn concentrations were found for the
smelter slag dust (22,300 and 48,500 mg kg, respectively) (Table 1).
The mineralogical composition of these waste materials is rather com-
plex as revealed by previous studies (Table 1) (Ettler et al., 2009;
Jarosikova et al., 2017, 2018; Ettler et al., 2019).

3.2. Temperature-dependent soil transformation and metal(loid) release

The single-step combustion experiment indicated that the topsoil
weight loss increased with the temperature (up to 34.3-52.9% at 850 °C)
and correlated with the Corg content in the samples (AM>A>G)
(Figure S2). Small standard deviations indicated an excellent experi-
mental reproducibility considering highly heterogeneous compositions
and the comparatively low amount of the experimental samples (0.2 g)
used in the combustion experiments (Figure S2). No significant changes
in the bulk mineralogical compositions (XRD) were observed as a
function of temperature, except for the ash residue obtained at 850 °C,
where dolomite and partly calcite disappear and transform to por-
tlandite (CaO) (major reflections at the d values of 0.490 and 0.262 nm),
and hematite (Fe;O3) starts to be detected (major reflections at the
d values of 0.269 and 0.252 nm) (Figure S3). The trends in the metal
(loid) releases (Fig. 3) from the burned experimental samples were, thus,
related to the mineralogical transformations and thermal stabilities of
the minor phases (Tables 1 and 2).

A substantial release of metal(loid)s was observed at >550 °C, but
the absolute values varied between the individual samples, likely due to
the differences in their solid speciation (Fig. 3, Table 2). Samples A and
AM, collected under the trees, exhibited small or no releases of metals at
<550 °C (i.e., the amounts released were mostly within the standard
deviation of the bulk concentration in the original sample). However,
compared to the metals, the temperature-dependent release was
different for As, which, in the case of samples AM and G, was substan-
tially released even in the lowest temperature range 250-550 °C (Fig. 3).

Part of the released metal(loid)s may be trapped by the experimental
setup components (tars deposited into the quartz tube, filtering unit,
glass pipette, and particulates trapped on the filters). The amount of
trapped As increased as a function of temperature and attained
12.1-29.4% of the total released As at 850 °C (Figure S4). In contrast,
the metals were less trapped, and their capture increased only at
>750 °C (Figure S4). The SEM observations of the aerosols collected on
the filters at 850 °C indicated that the metal(loid)-bearing spherical slag
particles, residual ore mineral grains, and complex aggregates composed
of submicrometric grains of glassy slag particles enriched in metal(loid)s
were emitted during the combustion at high temperature (Figure S5).

During the burning experiments with the online detection, the metals
(Pb, Zn) also exhibited a significant increase in emissions from the
experimental soils at temperatures higher than 600-650 °C (Fig. 4a). A
similar increase was observed for Pb and Zn from the heated slag dust
(Fig. 4b), which corroborates to the emissions of the Pb-Zn slag-like
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aerosols captured on the filters (Figure S5). Despite the relatively low
quality of the signal, other peaks of the Zn release were reported for the
combusted slag and flue dust (Fig. 4b) at 550-600 °C, probably corre-
sponding to the thermal transformation of ZnS, which was also observed
in the industrial waste samples as an important Zn-bearing solid
(Table 1).

The releases of As and S as a function of temperature were signifi-
cantly more complicated for the experimental soils (Fig. 4b). Three
significant releases of As from the experimental samples occurred with
peaks at ~275 °C (sample AM only), ~370-410 °C, and ~580 °C (all the
samples). The As emissions, at similar temperatures (250, 380-450 and
650 °C), were observed for the heated mine tailing dust, where As was
mainly found in the secondary Fe oxides, metal arsenates [duftite, PbCu
(AsO4)(OH) and conichalcite, CaCu(AsO4)(OH)] and sulfides/sulfosalts
(e.g., enargite, Cu3AsSy) (see the mineralogical compositions in Table 1).

Fig. 5 shows a comparison of the total and released concentrations of
metal(loid)s in the experimental samples for the combustion experi-
ments conducted at 850 °C, representing a “worst-case scenario”,
potentially occurring in the contaminated wooded savanna. The
contaminant emissions were calculated as a percentage of the totals,
corresponding to 5-14% As, 2-12% Cu, 3-17% Pb, 2-20% Zn and
27-79% Cd (note that for Cd, the total concentrations are significantly
lower compared to the other metal(loid)s) (Fig. 5).

4. Discussion

4.1. Potential metal(loid) remobilization from the topsoil by heating
during wildfires

Metals (Cd, Cu, Pb, Zn) remain in the ash of the heated topsoils and
are released only at high temperatures. This may be partly related to the
thermal degradation of carbonates, being important hosts of Cd, Cu, Pb,
and Zn in the experimental soils (Tables 1 and 2; Tuhy et al., 2020b).
However, at high temperatures, metals are also emitted in a particulate
form only as demonstrated by the presence of the metal-bearing aerosols
trapped by filtering the smoke at 850 °C (Figure S5). Jahn et al. (2021)
observed that similarly complex aerosols <1 pm in size, corresponding
to the fine ash particles ejected by the combustion process during the
biomass burning, were substantially enriched in Zn (>0.5 at.%).

The temperature-dependent As release from the topsoils obtained by
the continuous temperature increase experiment reflects its complex
speciation in the solid phase. The first peak at 250 °C could be related to
the thermal degradation of the As-bearing hydrous ferric oxides (HFO),
which, for the experimental sample AM (and mine tailing), are dominant
As carriers (Tuhy et al., 2020b) (Table 2). Johnston et al. (2016, 2018,
2019) studied the release of As from various As-bearing Fe phases
(schwertmannite, ferrihydrite, goethite) under simulated fire conditions
in a temperature range of 200-800 °C and found that, apart from the
phase transformations, the biomass burning produces the reducing gases
responsible for the reduction of As(V) to As(III), which is then easily
volatilized. For instance, during the combustion of organic-rich soils
containing As-bearing schwertmannite, even short-term heating (5-10
min) at > 300 °C can lead to a substantial As reduction (Johnston et al.,
2018) and similar results were observed for As-bearing ferrihydrite and
goethite, although re-oxidation to As(V) can occur for more extended
combustion periods (>60 min) (Johnston et al., 2019).

The multiple peaks of As emissions in the temperature range of
370-410 °C observed for the experimental soil samples likely corre-
spond to the complex decomposition of various species (Fig. 4a). A
distinct peak at 350 °C is consistent with an arsenolite (AsO3) thermal
transformation, the dominant As-bearing phase in the smelter flue dust
(Fig. 4b) (Jarosikova et al., 2018). The thermogravimetric analysis
(TGA) indicated that arsenolite is completely volatilized at 350 °C
(Kercher and Nagle, 2001). The pyrolysis experiments with AsyO3
adsorbed on the activated carbon showed that the major As volatiliza-
tion occurs between 300 and 500 °C (Cuypers et al., 2009). Tiny
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arsenolite crystals found on the biomass fragments (Fig. 2b,d) can be
volatilized during the soil organic matter pyrolysis. Moreover, the large
peak of S emissions observed at 390 °C (Fig. 4a) may also correspond to
the organic matter’s thermal degradation. This S emissions agree with
the experimental data of Tiedemann (1987), who combusted forest fo-
liage and litter at 375-575 °C for 5 min, and found that S losses ranged
from 24 to 79%. The As release from the soils and mine tailing samples
in this temperature range can also be related to the thermal degradation
of metal arsenates, which are among the key hosts of As (e.g., duftite,
conichalcite) (Fig. 4a and b; Tables 1 and 2). However, the thermal
stabilities of many specific arsenate minerals are unknown. Whereas
arsenates of the vivianite group [(Mg,Co,Ni)3(AsO4)2-8H20] decompose
at 750-800 °C (Frost et al., 2003), investigation of some fumarolic ar-
senates indicates that their thermal stability goes to much lower tem-
peratures (>450 °C) (Pekov et al., 2018). Combustion experiments with
chromated copper arsenate (CCA)-treated wood waste demonstrated
that the reductive pyrolysis is responsible for the transformation of As
(V) species into AsyO3, which sublimates from the matrix at tempera-
tures around 400-500 °C (Kakitani et al., 2004; Cuypers and Helsen,
2011). Incineration of Pteris vittata, an As-hyperaccumulator, indicated
that 24% of the total arsenic was emitted at 800 °C, of which 62.5% of
the released As was volatilized at <400 °C; this process was also
attributed to the As(V) reduction to As(III) (Yan et al., 2008). Additional
experiments with As-rich P. vittata also reported a substantial increase in
an As release between 400 and 600 °C during pyrolysis and gasification
(Duan et al., 2017). We hypothesize that similar processes can be
responsible for the thermal decomposition of the arsenate phases in the
given temperature range (350-450 °C), but further experimentation is
needed to verify this. Apatite is another key host of As in the heavy
mineral fraction of the experimental soils (samples A and G; Tables 1 and
2) (Tuhy et al., 2020b); the As emissions in the given temperature range
may be partly related to the apatite thermal decomposition. Two to four
stages of mass loss have been observed for hydroxyapatite in the
low-temperature region, up to 500 °C (Tonsuaadu et al., 2012), but
detailed investigations of the As release from the apatite structures have
never been conducted.

Our combustion experiments with the experimental soils demon-
strated a sharp As emission peak centered around 580 °C, which cor-
roborates with a peak in the S release (~600 °C) (Fig. 4a). Similar peaks
at 650 °C (As) and 600-700 °C (S) can be noticed for the industrial waste
samples (Fig. 4b). We assume that this release is closely related to the
thermal instability of enargite and/or sulfides, which are quite abundant
in the experimental soils and technological samples (Tables 1 and 2)
(Ettler et al., 2009; Ettler et al., 2014; Jarosikova et al., 2017, 2018;
Tuhy et al., 2020b). The experimental studies indicate that enargite, in
the absence of oxygen, starts to decompose at ~550 °C and it fully
transforms to CuyS and As vapors between 500 and 700 °C (Safarzadeh
and Miller, 2016).

4.2. Environmental implications

Similar to the wildfire-driven remobilization of Pb in urban or
industrialized areas, where contamination is mostly attributed to legacy
leaded petrol combustion (Odigie et al., 2011, 2014; Kristensen and
Taylor, 2012; Kristensen et al., 2014; Wu et al., 2017), contamination
hotspots near metal mines and smelters in areas exposed to frequent
wildfires (e.g., Australia, the Americas, Siberia, southern Africa) may be
a significant source of metal(loid)s remobilization (Mihaljevic et al.,
2011; Ettler et al., 2014; Abraham et al., 2018b; Tuhy et al., 2020a). The
consequences of wildfire effects on the soils and the living vegetation in
areas polluted by mining and smelting are dependent on many param-
eters: the total concentrations and solid speciation of contaminants, the
particle sizes, the character of the fuel and its content, and the fire in-
tensity and severity.

The high absolute numbers of the potential remobilizations observed
in our experiments are closely related to high total concentrations of the
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individual metal(loid) (Fig. 5). The situation might be different in more
distant areas, although the “halo” of the topsoil and vegetation
contamination around the Tsumeb smelter is quite extensive (Kiibek
etal., 2016). According to the modeling of the dust fallout (Kribek et al.,
2016), the contaminants were transported to the NW to a distance of
>10 km from the smelter stack, mostly reflecting the prevailing wind
direction (Figure S1). The average area of the contamination hotspot
around the Tsumeb smelter was calculated from the spatial distribution
maps (Kribek et al., 2016; Tuhy et al., 2020a) and corresponded to ca.
10 km?. This hotspot area seems to be quite small, but due to its local
importance, it but must be definitely protected against wildfires to avoid
the potential re-emissions of the contaminants.

We recognize the many limitations of our wildfire simulations. Our
data indicate that such contaminated topsoils exhibit a high complexity
in the metal(loid)s solid speciation and thermally induced trans-
formations. The thermal stabilities and related element emissions,
especially under wildfire-simulated conditions, have not been deter-
mined for many of the metal(loid)-hosting minerals and phases. As a
result, to better interpret the temperature-dependent release patterns,
similar experiments should be performed on these compounds and/or
their mixtures with lab-prepared soil analogs or uncontaminated soils,
inspired by previous studies on the thermal alteration of As-bearing Fe
oxides (Johnston et al., 2016, 2018, 2019). Further experimentation is
needed to understand the nature of aerosols and gaseous emissions from
these combusted topsoils to quantify the wildfire-induced fluxes of the
individual elements better and to improve the mass-balance calcula-
tions. This study raises many other questions, such as (i) if (and how)
such lab-scale burning experiments can be extrapolated to real-scale
conditions given the spatial variability in the vegetation cover and the
soil composition (e.g., complexity in the partitioning of the contami-
nants) and (i) how to design the in situ burning experiments to over-
come all the mentioned difficulties.

5. Conclusions

Biomass-rich topsoils polluted by the nearby Cu smelter located in
semi-arid Namibia were investigated by a series of laboratory combus-
tion experiments to simulate the metal(loid)s behavior during wildfires.
We have introduced a novel experimental setup, which (i) includes a
continuous airflow more closely simulating the natural wildfire regime
than in conventional muffle furnace experiments and (ii) enables aerosol
sampling.

The metal(loid)s’ temperature-dependent releases were controlled
by their speciation in the solid phase. Metals (Cd, Cu, Pb, Zn) were only
released at relatively high temperatures (>550-600 °C), and, at 850 °C,
detected in the form of metal-bearing aerosols. As a result, these metals
are mainly concentrated in the ash during low-intensity wildfires, but
can be subsequently mobilized into other environmental compartments
(e.g., surface water) or transported by wind. In contrast, upon heating,
As exhibited several emission peaks (~275 °C, ~370-410 °C, and
~580 °C) due to the successive releases from various As-bearing phases
(e.g., hydrous ferric oxides, arsenolite, metal arsenates, sulfosalts).
Despite the spatial limitation of the presented study, our results clearly
indicate that mining and smelting sites in semi-arid areas, especially
those highly enriched in As, need protection against wildfires to avoid
the potential re-emissions of inorganic contaminants.
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Figure AIV-1. Abandoned and active mining/smelting sites, where experimental
biomass/grass samples were collected. K — slag dumps with grass cover (Kabwe,
Zambia); LG — recently burned surroundings of the Luanshya smelter (Zambian
Copperbelt); SP — area downwind the smelter in Selebi-Phikwe (Botswana); T —
grassland plots downwind the Tsumeb smelter (Namibia).
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Figure AIV-2. Micrographs of particles adhering to the grass surface obtained by
FEG-SEM. a) Surface of a grass fragment from Kabwe highly enriched in
anthropogenic and geogenic particles; b) Pb-rich slag particles associated to newly
formed submicrometric anglesite aggregates (Ang; PbSOs), ¢) Pseudomorphoses
of anglesite after galena (PbS); d) Elongated Pb-slag particles; e,f) Grass
fragments from Tsumeb containing both geogenic particles (Qtz — quartz, Si0O,),
metal(loid)-bearing slags and arsenolite (Asl; As>0O3); g,h) Plants fragments from
Luanshya with a spherical Cu-rich slag particle in association with biotite [Bt,
K(Mg,Fe?");[(OH,F)2(Al,Fe*")Si3010]] and a grain of chalcopyrite (CuFeS,); i)
Heterogeneous spherical slag particle from Selebi-Phikwe enriched in Fe and Cu
attached to grass surface.
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Figure AIV-3. Weight losses of biomass samples after a wildfire-simulating
experiment as obtained at temperatures of 250 °C, 550 °C, and 850 °C. Error bars
correspond to standard deviations obtained from replicated experiment (n = 3).
Abbreviations: T — Tsumeb; K — Kabwe; SP — Selebi-Phikwe; LG — Luanshya.



250°C  550°C 850 °C

250 °C 7 EYR2.5/3 250°C  550°C  850°C

550 °C | aGl= .

850°C | aalA |

7.5YR 4/2

5YR 5/1

10YR 6/1

250°C 550°C  850°C

250°C 550°C  850°C
‘ 7.5YR 3/3

250 °C B&AGRE

5YR 6/2

550 °C PBLGEE

850 °C ELGEL

5YR 5/1

wn

Figure AIV-4. Photographs of the ashes obtained during the biomass-burning
experiment at individual temperatures (250 °C, 550 °C and 850 °C). The colors
were determined according to the Munsell color system (Munsell Soil Color
Chart). Abbreviations: T — Tsumeb; K — Kabwe; SP — Selebi-Phikwe; LG —
Luanshya.



[EFS9T  60°0FCY 0 €SFSOT  09F0€8T  OITFO8IT  LVFLIS  9'¢FCS8 8I'0F8I'E  TSFO'6C 058 dS
CFPIT TO0FLI'0O  T'TFO0C  0€F0LSI [F0991 rsor STIFELS  €00FIET  TSFO6C 0SS dS
9P+09¢  100FP0°0 I9°1¥96°C  691F9FS 6LTIFOSS  OFFeEVl  O'SFIVI POOFSLO  €0FE0C 0s¢ dS
0TFOYCT  9¢0FCeEy  TITFLYL 8FS9€  008F00crT  0SFO0L 9FLST  9'IFL0I  E€IFVV9 058 D1
0TF0e61  0TOF88T  8'EF6'98 6EFIvE  00CF00SY1 ISFLLS LFPEl  6L0FLTY L' TIFVCh 0SS D1
[F€1C  00°0F€C0  9S°0F9L'8  90FCYC 0TF09YT  9'¢F6'St 8F0F6E£6 000FLY'O0  SEFIOC 0s¢ D1
0LF08YC  0S'0F0St+ 0SIFO0IC LF901 [9F81¢ 8F981  0'CFO'6L 00°¢F00°S O IF0'6¢ 058 A
0SF0S0C  0S0F0S' €  09F091IC  SEFS'LY CF681 PF09T  T0FOYL  SOF0S'S O TIF09I 0SS A
CIFL6T 7€0> eIFP6C  S0FSO0I 0'IF0°€EC STFSO0T 0S0F0S'T 000F00°T 00+F00°6 0s¢ A
0T1F029¢ CFPST  O8IFOISE  SOFS0CT  09VFOCIL €0FSTC8  LOFLYC 8OTCFLOS [F001¢C 058 D
0€F0LSE 6FCEl  0CF08Cy  CTOFOVI 0€F0E8S 9 TF8'SS  SOFBSI  OEFrSy  0CFOv6l 0SS D
9°0F0091 9°¢F0'0L  OIF0ECT VYT OFLO'L 0SFOIYC ¥0FETCE 6807898 S 1F0°ST €I1F868 0S¢ D
[Do]
uz qs qad IN nj D oD PO SV | samesadund L, usy
LVFL'LT L1T'0> S8 IFSTL  THIFSSS 88IFLLY  91F6¥I TOIFBIE 60°0F89°0 00°6> dS
gIF0'eL  €00FFI'0  ¥'0FOCI I'eFCeL  CTITFO9Y L¥PCl  TIFLTL T0°0FLEO 00°6> D1
LF00E€  TO0FEYO PFO1E  8'OFL'LT ETFSYC 80F96¢ CO0FCCTC 000FL90 00°6> A
0rF06¢1 9°¢F0'CE  OPCFOLLT  00°0F00Y 0¥+0L0C SOFEYL 000F00F  ¥'IF0'11 8FSTL D
uz qs ad IN nj 1D oD PO sV drdureg

eAysuenT — DT OMYIYJ-1G[S — dS 9mqedy] — I {qawns ], — [, :SUONRIAAIQQY JuowLIddxo Sunenuis-aIgpim )
Sunmp paure)qo sayse pue sodwes ssewrolq [eIudwLIddx? TeursLIo ur s(proy)elow Jo (8)/3ur) suorenuaduod (0], ‘I-AIV dqeL



Tuhy, M., Ettler, V., 2020. Pfirodni pozary a remobilizace kovii. Vesmir
99: 458-460.

Reprinted with permission from Vesmir



geochemie —

Prirodni

pozary

a remobilizace kovu

Pozornost verejnosti v roce 2019 upoutaly rozsahlé prirodni
pozary Amazonie, Portugalska a ruské Sibire. Pozary v Australii se

nekontrolované

ly jesté pocatkem roku 2020 na rozloze vétsi nez

110 000 km2, Vyzadaly si nejen lidské obéti a Skody na majetku, ale
také ovlivnily ekosystémy na dosud nevidanych plochach. Pozary

se Sifi i do ¢lovékem kontaminovanych oblasti. Nedochazi tak
k vyznamnym emisim kovt a dalSich polutantti do atmosféry?

text MAREK TUHY, VOJTECH ETTLER

ZE SEDIMENTARNIHO zéznamu je patr-
né, Ze pozary jsou na nasi planeté pfiroze-
nym jevem jiz 400 milion let. Jejich ¢etnost
se imérné zvysovala s rostoucim zastou-
penim kysliku v atmosféfe [1]. V nékterych
oblastech jsou pfirozené pozary nezbytné
pro spravné fungovani ekosystému. Napii-
klad australské blahovi¢nikové (Eucalyptus)
porosty jsou z hlediska reprodukce na poza-
rech pfimo zavislé. Dokonce saim blahovic-
nik z povrchu svych listi uvoliiuje tékavé
hoflaviny, a tim sam vybizi k zahofeni, kte-
ré ma za nasledek nejen rozpukani semen

a snazsi kli¢ivost, ale i vyhofeni podrostu
azvyseni konkurenceschopnosti mladych
blahovi¢nikt. Ohotely kmen je poté schopen

znovu obrist vyhonky a porost se timto
procesem obnovuje.

Nejinak je tomu i v africkych savanach.
Existence savany je pfimo zavisld na epizo-
dickém hofeni. Savana nikdy tplné nezaros-
te dfevinami, protoZe ty po pozaru regene-
ruji pomaleji nez trava. Cim vice je v savané
travin, tim je vyssi Cetnost pozart a savana
si tak pfirozené udrzuje svij charakter [2].

Mezi pozitivni efekty pozaru patii redukce
piebyteéné biomasy, pfirozené udrzovani
biodiverzity a vznik popela, ktery pusobi jako
pudni hnojivo (to je ostatné jednim z divoda
fizeného vypalovani porostl v nejriznéjsich
koutech svéta). Kromé zjevnych benefiti
maji pozary i sva uskali, jako napfiklad emise

1. OKOLI METALURGICKYCH PROVOZU na lokalité Mount Isa v Australii se
zietelnou koufovou vleckou z komina médéné huté (Google Maps, 23. 1. 2020).
Izolinie vymezuji mista o stejné roéni depozici olova (500 a 200 mg/m2/rok) [5].
Na snimku jsou Zluté vynesena ohniska pozari ze dne 20. 1. 2020 (Fire Watch
Landgate [6]).
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sklenikovych plynii a ¢astic do atmosféry,
zvySeni nachylnosti pudy k erozi, prohiati
svrchnich padnich horizontt a s tim souvi-
sejici vliv na pudni biotu [3].

Prestoze vime, Ze Clovék ma na svédomi
vétsi ¢ast emisi kovu do atmosféry, piirodni



2. POZARY V SUBSAHARSKE AFRICE: A. pfirodni pozar v blizkosti dolu na
zlato a p¥ilehlych odkalist u Johannesburgu (JAR); B. hofici travni porost v tézbou
kontaminované oblasti Tsumeb (Namibie); C. kouf z rozsahlého pozaru savany

v oblasti Tsumebu; D. spalenisté v narodnim parku Pilanesberg (JAR).

zdroje maji také nezanedbatelny vyznam.
Jednim z nich jsou i pfirozené pozary,
u nichz prvni vypocty ukazaly, Ze se podileji
na témért 17 % z celkovych emisi olova i zin-
ku z ptirodnich zdroji [4]. K mnohem vy-
znamnéjsi remobilizaci kovt a polokovi do
atmosféry véak muze dochazet pfi pozarech
v oblastech znec¢isténych ¢innosti ¢lovéka.
Rozsahlé pozary v Australii se po¢atkem
letosniho roku nevyhnuly ani takovym
mistim. Ohniska pozart byla zaznamenana
iv bezprostfedni blizkosti hutniho provozu
u hornického mésta Mount Isa v severoza-
padnim Queenslandu, kde se kvuli vysoké
depozici antropogennich ¢astic ve svrch-
nich pudach vyskytuji koncentrace kovii
a polokovu v fadu tisictt mg/kg (obr. 1).

K hofeni dochézi také v téZebnich oblas-
tech subsaharské Afriky (obr. 2). Dtlezi-
tym faktorem ovliviiujicim reemise kovi
a polokovti ze svrchniho pudniho horizontu
je teplota, ktera urcuje intenzitu pozaru. Ne-
pfimym indikatorem intenzity pozaru je pak

barva vzniklého popela. Pozary travin jsou
velmi rychlé, mistnimi obyvateli dokonce
nazyvané ,running fires“, vykazuji relativné
nizké teploty hofeni (cca 350 °C) a vznika pii
nich popel zpravidla tmavé Sedé az cerné
barvy. Naopak v mistech s dostatkem paliva
(opadanka, dfeviny) mohou teploty pfesa-
hovat 11000 °C. Jiz pti teplotach nad 550 °C
vzniké popel svétly [7] - na obr. 2D pozo-
rujeme zfetelné rozdily v barvé popela pod
akaciemi a na vypalené travnaté plose.
Emise z téZebnich a hutnich provozu a vé-
trna eroze jsou pfimo zodpovédné za trans-
port ¢astic s obsahem kontaminantu. Rost-
liny je vychytéavaji z atmosféry (obr. 3A-C)
a prostfednictvim opadu, piipadné piimou
depozici do pudy se tyto ¢astice dostavaji do
svrchniho pudniho horizontu (obr. 3D, E),
kde se kontaminanty koncentruji. Praveé tato
pripovrchova vrstva o mocnosti do 1 cm je
pfi pozaru zahfivana na nejvyssi teplotu.
Faktort ovliviiujicich nachylnost jednot-
livych prvka k remobilizaci pfi pozaru je
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=
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vsak vice. Kromé teploty je klicova zejmé-
na forma vazby prvku v pdé a biomase.
Napiiklad rtut v blizkosti hutnich provozi
je do pud a biomasy deponovana jako plynna
Hgo, piipadné ve formé sulfidu, vaZe se na
organickou hmotu nebo je pfitomna ve
formé nanocastic a je pfi pozaru uvolnitelna
jiz pfi nizkych teplotach (cca. 350 °C). Béhem
pozaru travnaté savany se tak veskera rtut
uvolni do atmosféry, kde ma dlouhou dobu
setrvani, a stane se tak soucasti globalniho
cyklu. Naptiklad pfi vyhofeni tizemi o rozlo-
ze 184 km2 v okoli médéné huti v semiaridni
Namibii by doslo k uvolnéni pfiblizné 300 kg
rtuti. [8]

Jiné kontaminanty (olovo, méd, zinek,
kadmium, arzen) se uvoliuji vyrazné méné
a mira jejich remobilizace zavisi na vazbé
v hoflavém substratu. Napiiklad mikrocas-
tice arzenolitu (As,0,), emitované hutnim
provozem a zachycené na povrchu vegetace
(obr. 3B), jsou nestabilni jiz pii nizkotep-
lotnim hofeni. NaSe experimenty uka-
zuji, Ze pokud bychom v okoli takové huti
predpokladali pozar s teplotami do 850 °C,
do atmosféry by se z kontaminovaného
hoflavého materidlu uvolnilo az 17 % z celko-
vého mnozstvi téchto prvka. To pfedstavuje
stovky miligramu kazdého z kontaminantt
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3. MIKRO-
FOTOGRAFIE

Z RADKOVACIHO
ELEKTRONOVEHO
MIKROSKOPU:
A-C. castice
pochazejici

z odkalist dalnich
odpadu a hutnich
provozli a zachycené
na povrchu
vegetace; D. rudni
a E. struskové
castice separované
z kontaminovanych
svrchnich padnich
horizontd;

F-H. aerosolové
céastice emitované
pfi laboratornich
simulacich pozari
kontaminované
biomasy svrchniho
ptidniho horizontu.
Chemické vzorce
minerald &i fazi

s obsahem kovui

a polokovli: arsenolit
(As;03), enargit
(CuzAsS,), galenit
(PbS).

povrch vegetace

é

lem

tice v puad

céas

Fi

tice v kou

cas

na jeden kilogram spéalené svrchni pudni
VIStvy.

Potencialné toxické prvky mohou byt
v koufi unaseny ve formé malych ¢astic
(obr. 3F-H). Podle odhadii Svétové meteoro-
logické organizace migroval dym z nedav-
nych australskych pozaru pfes ocean az do
Chile a na Antarktidu. Timto zptisobem se
tak signal ptivodné lokalniho antropogen-
niho znecisténi §ifi na znacné vzdalenosti.
Zbytek kontaminantt koncentrovany v po-
pelui tak predstavuje lokdlni environmen-
talni z4téz. V prubéhu pozaru muze dojit
k mineralogickym transformacim, a tim ke
zméné formy vazby kontaminantu a zvySeni
jejich vyluhovatelnosti. Popel jako jemno-
zrnny materiél s velkym mérnym povrchem
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sféricka
struskova

karbonatovy

struska

také muze byt snadno unasen vétrem i vo-
dou a 8ifit se tak do okolniho prostiedi.

Zda se, Ze Cetnost i intenzita pfirodnich
pozart jsou v poslednich letech na vzestu-
pu. Lze o¢ekavat, Ze se soucasné pozary
velice brzy dostanou do hledacku geoche-
miki i dalsich environmentélnich badate-
1u. cilem takovych vyzkumu by mély byt
kromé jiného zejména piesnéjsi popis tokt
jednotlivych prvk a uréeni vlivu pozart na
globalni cykly polutanti. e

Podékovini: Studie byla podporena projektem
GA UK 1598218 a Centrem pro dynamiku geosféry
(UNCE/SCI/006) pti Univerzité Karlové. Expe-
rimenty probihaly ve spoluprici s J. Rohovcem

a 8. Matoushovou z Geologického uistavu AV CR.

kovova
meéd’

struskové
castice

agregat
olova
a zinku
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